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Resumen 

El cambio climático asociado al calentamiento global representa hoy en día uno de los 

mayores desafíos medioambientales a nivel mundial. El calentamiento global se ha 

atribuido inequívocamente a la cada vez más alta concentración atmosférica de gases 

de efecto invernadero (GEIs), que ha ido incrementándose ya desde la época 

preindustrial hasta nuestros días. Se estima que la situación se agrave en el presente 

siglo en base al aumento de la población mundial previsto y, por tanto, de la actividad 

industrial y de gestión de residuos asociada. Por ello, es necesario no sólo un mayor 

grado de concienciación medioambiental por parte de la población, sino también el 

desarrollo de nuevos avances tecnológicos que prevengan y reduzcan activamente 

dichas emisiones, para cumplir con una legislación cada vez más estricta y dirigida a 

limitar el aumento de la temperatura del planeta a 2 ºC por encima de los niveles 

registrados en la época preindustrial. 

Dentro del inventario mundial de GEIs, el metano (CH4) es considerado un agente 

climático de acción a corto plazo con una alta prevalencia en la atmósfera, siendo su 

vida útil de 12.4 años. Las emisiones de este GEI son las segundas más abundantes 

después de las del CO2 a nivel mundial. El CH4 se produce de forma natural por 

descomposición anaerobia de materia orgánica, aunque más de la mitad de sus 

emisiones son antropogénicas, y se originan generalmente en instalaciones de 

tratamiento de residuos, ganaderas y de minería del carbón. Tecnologías de final de 

proceso tanto físico-químicas como biológicas se encuentran disponibles 

comercialmente para el tratamiento de emisiones de CH4, estando determinada la 

selección de la tecnología más apropiada para el tratamiento por la concentración y el 

flujo de la emisión de CH4 a tratar.  
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Las biotecnologías de tratamiento del CH4, basadas en la actividad biocatalítica de las 

bacterias oxidantes del CH4, se han posicionado en las últimas décadas como una 

alternativa viable a las tecnologías físico-químicas, dado que son respetuosas con el 

medio ambiente, rentables y tienen potencial para crear valor añadido a través de la 

eliminación del CH4 mediante la producción de bioproductos (p. e. polihidroxialcanoatos, 

PHAs) o para favorecer otros procesos de tratamiento de la contaminación. Sin 

embargo, estas biotecnologías aún presentan ciertas limitaciones operacionales que 

limitan su implementación a gran escala. Por ello, se hace necesario ahondar en su 

investigación (tanto a nivel micro- como macroscópico) y superar las actuales 

limitaciones de las biotecnologías de tratamiento de CH4 con el fin de potenciar el 

escalado a nivel industrial de procesos biológicos de eliminación de CH4 mediante un 

concepto de biorrefinería. 

De este modo, en esta tesis se exploraron las biotecnologías de eliminación de CH4 con 

el objeto de i) mejorar el rendimiento del proceso a largo plazo, ii) determinar el efecto 

de múltiples parámetros ambientales y operacionales sobre la estructura y las 

características de las comunidades metanotróficas y iii) crear valor añadido a partir de 

la degradación de CH4 con miras al desarrollo de una bioeconomía sostenible. 

La biofiltración es una de las biotecnologías más aplicadas para el tratamiento de CH4 

a nivel mundial. Sin embargo, los tiempos de residencia del gas (GRTs) requeridos para 

garantizar eficacias de eliminación de contaminantes con baja solubilidad en agua como 

el CH4 son a día de hoy altos, incrementando así significativamente los costes de 

inversión. En este sentido, el uso de biopelículas fúngicas ha sido propuesto 

recientemente como alternativa al uso de biopelículas bacterianas como una vía más 

eficiente para el tratamiento de contaminantes hidrofóbicos, aunque su capacidad para 

degradar CH4 como única fuente de carbono y energía no ha sido aún comprobada 

experimentalmente. En el primer estudio, se investigó la capacidad y el papel de los 
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hongos en la eliminación de CH4 en experimentos en botellas y en un biofiltro empacado 

con compost y tratando en continuo emisiones de CH4 diluidas. La cepa fúngica 

Graphium sp. fue capaz de degradar co-metabólicamente CH4 cuando se añadió 

metanol al cultivo como agente de poder reductor. El biofiltro mixto fúngico-bacteriano 

empleado durante el estudio alcanzó eficacias de eliminación altas y estables (hasta del 

90 %) con caídas de presión mínimas, aplicando una frecuencia óptima de irrigación y 

a un GRT de 20 minutos, que es significativamente más bajo que los empleados en 

trabajos previos de eliminación de CH4 en biofiltros bacterianos. 

Otra limitación operacional encontrada frecuentemente durante la biofiltración de gases 

es el excesivo crecimiento de biomasa en el lecho. Éste puede llegar a limitar el 

rendimiento de biodegradación del contaminante y aumentar la caída de presión en el 

sistema, como resultado de los fenómenos de canalización preferencial y colmatación, 

respectivamente. La estrategia basada en alternar fases de alimentación-hambruna fue 

propuesta en el segundo trabajo de la presente tesis como estrategia de bajo coste para 

el control de biomasa, permitiendo así solventar la limitación anteriormente citada en 

una operación a largo plazo. Así, el rendimiento de dos biofiltros alternos bajo esta 

estrategia operacional fue evaluado comparativamente con un biofiltro control sometido 

a alimentación continua, y utilizándose CH4 como contaminante gaseoso modelo a 

concentraciones diluidas. La estrategia operacional aquí evaluada permitió alcanzar 

capacidades de eliminación significativamente mayores en los biofiltros alternos que las 

registradas en el biofiltro control, especialmente durante las primeras etapas de 

operación. Los biofiltros sometidos a periodos alternos de alimentación-hambruna 

sufrieron caídas de presión inferiores como consecuencia de las menores 

concentraciones de biomasa presentes en estos lechos, lo que supondría en última 

instancia un aumento de la vida útil del material de relleno y una reducción de los costes 

de operación del proceso de biofiltración a escala industrial. Además, se evaluó la 

robustez de las comunidades microbianas enriquecidas frente al aumento de los 
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periodos de hambruna (3:3 días  5:5 días), la reducción de la frecuencia de irrigación 

o la privación de aire durante la operación bajo esta estrategia. Los resultados obtenidos 

mostraron claramente que la actividad máxima de eliminación de CH4 fue alcanzada 

progresivamente en periodos de tiempo cada vez menores (de 72 a 1.5 h). Las 

comunidades metanotróficas involucradas en el proceso se vieron significativamente 

afectadas por el procedimiento operacional desarrollado, presentando las comunidades 

de las unidades alternas una mayor diversidad y un predominio de metanótrofos tipo I, 

con mayor afinidad por el CH4. 

El enriquecimiento de comunidades metanotróficas con alta afinidad y altas tasas 

específicas de biodegradación de CH4 durante estos procesos biológicos de tratamiento 

es deseable para garantizar cortos periodos de arranque y un rendimiento global 

efectivo. En este sentido, en esta tesis se evaluó la influencia de la concentración de 

CH4 sobre los parámetros cinéticos y la estructura de la población durante un proceso 

de enriquecimiento a largo plazo en reactores de tanque agitado. Además, los diferentes 

cultivos mixtos fueron sometidos durante el experimento a limitaciones secuenciales de 

nitrógeno con el fin de evaluar su capacidad para sintetizar PHAs. La concentración de 

CH4 influyó significativamente en la estructura de la población y el tipo de metanótrofos 

enriquecidos, que predominantemente fueron de tipo I. Las tasas de biodegradación 

específica de CH4 más altas fueron registradas en las primeras etapas del 

enriquecimiento para los consorcios expuestos a concentraciones de CH4 media y alta 

(2 and 20 g m-3, respectivamente), mientras que las mayores afinidades por CH4 fueron 

obtenidas para los consorcios a baja y alta concentración de CH4 (0.2 y 20 g m-3, 

respectivamente). Las máximas acumulaciones de PHAs (13 %) obtenidas en continuo 

fueron alcanzadas por el consorcio enriquecido a la concentración media de CH4, y 

fueron atribuidas a la presencia de metanótrofos tipo II pertenecientes al género 

Methylocystis. 
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El biogás procedente de la digestión anaerobia de lodos en plantas de tratamiento de 

agua residual (EDARs) ha sido propuesto recientemente como una materia prima 

renovable para la acumulación metanotrófica de PHAs, con potencial para reducir los 

costes de producción de biopolímero y sustentar una bioeconomía basada en la 

mitigación de GEIs. En este aspecto, el cuarto capítulo de la presente tesis se centró en 

investigar la viabilidad del biogás mediante ensayos en botellas, con o sin H2S, para el 

crecimiento y la acumulación de PHAs en la cepa Methylocystis hirsuta, un metanótrofo 

tipo II. El efecto de la adición individual de ácidos grasos volátiles (AGVs), fácilmente 

disponibles durante el proceso de digestión anaerobia vía hidrólisis, fue también 

evaluado en términos de crecimiento y generación de PHAs de diferente composición. 

El experimento llevado a cabo reveló que ambos tipos de biogás, con y sin H2S, eran 

fuentes de CH4 aptas tanto para sustentar el crecimiento de la cepa bajo condiciones 

sin limitación de nutrientes, como para acumular PHAs en la forma de poli-3-

hidroxibutirato (PHB) hasta valores del 45 % bajo condiciones de limitación de nitrógeno. 

La cepa además mostró capacidad para crecer en ácido acético, propiónico, butírico y 

valérico hasta concentraciones en torno a los 200 mg L-1, con o sin biogás. El uso 

combinado de biogás como sustrato principal y AGVs como cosustratos (representando 

un 10 % de carbono extra respecto al aportado por el CH4 del biogás) bajo condiciones 

de limitación de nitrógeno condujo a incrementos del 10-30 % del rendimiento máximo 

y del contenido de PHA sobre los valores basales obtenidos sólo con biogás. 

Finalmente, la adición de ácido valérico en estos ensayos promovió la obtención de 

fracciones de hidroxivalerato en el biopolímero sintetizado hasta del 25 %, lo que 

conlleva la obtención de un bioplástico con propiedades físico-químicas 

significativamente mejoradas. Los prometedores resultados aquí obtenidos representan 

un paso más al frente en el desarrollo de una nueva generación de biorrefinerías 

basadas en procesos de digestión anaerobia, pudiendo ser este estudio considerado 

como una prueba de concepto de una tecnología a implementar en reactores en 

continuo. 
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Finalmente, se investigó el potencial del biogás como sustrato viable para la creación 

de valor añadido mediante la combinación de la oxidación anaerobia de CH4 con un 

proceso de desnitrificación (DAMO). Con este fin, se seleccionó un biofiltro percolador 

como mejor configuración de biorreactor para retener eficazmente la biomasa en el seno 

del lecho y asegurar un contacto efectivo entre el biogás y la biopelícula. Las emisiones 

de óxido nitroso correspondientes a una desnitrificación incompleta del nitrato se 

relacionaron con la concentración de nitrato aplicada en el sistema y se minimizaron sin 

comprometer la actividad de la comunidad DAMO, que representó en torno a un 60 % 

de la población tras sólo 4.5 meses de enriquecimiento. La adición de H2S como co-

donador de electrones para la desnitrificación en la corriente de biogás alimentada al 

biofiltro percolador condujo a la formación de un consorcio microbiano mixto formado 

por la ya existente comunidad DAMO (13 %) y las bacterias reductoras de nitrato y 

oxidantes de sulfhídrico (NR-SOB) recientemente enriquecidas. El co-enriquecimiento 

con este último grupo de bacterias permitió un aumento significativo de las tasas de 

reducción de nitrato sin comprometer la biodegradación de CH4 y una desnitrificación 

completa, lo cual se confirmó posteriormente mediante análisis de qPCR de los genes 

de desnitrificación narG, nirK y nosZ. Estos hallazgos podrían incentivar el escalado a 

nivel industrial de biofiltros percoladores con comunidades mixtas DAMO/NR-SOB como 

plataforma para la eliminación de N a bajo coste en EDARs. 
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Abstract 

Climate change mediated by global warming represents nowadays one of the greatest 

environmental challenges all over the world. Global warming has been unequivocally 

attributed to the gradual increase in the atmospheric concentration of heat-trapping 

greenhouse gases (GHGs) from the preindustrial era to date, and is expected to increase 

in the current century based on the forthcoming scenario of increasing human population 

and, therefore, industrial and waste management activities. Thus, this scenario demands 

not only the assumption of a higher degree of environmental responsibility in our daily 

life, but also the implementation of new technological approaches in order to prevent or 

actively reduce GHGs emissions and comply with the currently enforced regulations 

devoted to limit the increase of temperature of the planet to 2 ºC above preindustrial 

levels.  

Methane (CH4) is considered a near-term climate forcer with a high prevalence in the 

atmosphere (lifespan of 12.4 years). The emissions of this GHG are the second most 

abundant after CO2 on a worlwide basis. CH4 is naturally produced by anaerobic 

decomposition of organic matter, although more than half of its emissions are 

anthropogenic. Indeed, anthropogenic CH4 emissions originate from waste 

management, livestock farming or coal mining facilities. Both physical/chemical and 

biological technologies are commercially available end-of-the-pipe systems for the 

treatment of CH4 emissions. The selection of the most appropriate technology for CH4 

abatement is often function of the concentration and the flowrate of the CH4 emission.  

Biotechnologies for CH4 abatement, which are mainly based on the biocatalytic activity 

of methane-oxidizing bacteria (MOB), have emerged in the past decades as a viable 

alternative to physical/chemical technologies due to their environmentally-friendly 

nature, cost-efectiveness and potential to create additional value out of CH4 mitigation 
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through the production of high-added value bioproducts (e. g. polyhydroxyalkanoates, 

PHAs) or to support to other pollution treatment processes. However, these technologies 

still present severe operational limitations that hinder their implementation at full-scale. 

Hence, further research (both at micro- and  macroscopic  levels) is required to overcome 

the current constraints of CH4 abatement biotechnologies in order to boost their 

widespread implementation for CH4 mitigation and the development of CH4-based 

biorefineries. 

In the current thesis, CH4 abatement biotechnologies were investigated in order to i) 

improve their long-term process performance, ii) elucidate the effects of multiple 

environmental and operational parameters on methanotrophic communities structure 

and characteristics and iii) create added value out of CH4 mitigation towards the creation 

of a sustainable bioeconomy. 

Biofilters are so far the most applied biotechnology for the abatement of CH4 worldwide. 

However, high empty bed residence times (EBRTs) are to date required to ensure 

moderate-high removal efficiencies (REs) of pollutants with a low aqueous solubility such 

as CH4, which significantly increases the footprint of the process. In this context, fungal 

biofilms have been claimed to be more efficient coping with hydrophobic pollutants 

compared to bacterial biofilms, though their capability to degrade CH4 as the sole carbon 

and energy source remains unclear. In the first study, the capability and role of fungi on 

CH4 abatement were investigated batchwise and in a compost biofilter treating diluted 

CH4 emissions, respectively. The fungal strain Graphium sp. proved to be able to co-

metabolically degrade CH4 when methanol was added as a reductive power source. The 

mixed fungal-bacterial biofilter exhibited stable and high CH4 REs (90 %) with negligible 

pressure drops under an optimized irrigation frecuency at an EBRT of 20 min, which is 

by far lower than the EBRT previously used in CH4 abatement bacterial biofilters. 
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Another operational limitation typically encountered during gas biofiltration is biomass 

overgrowth within the packed bed, which usually ends up in a reduced pollutant 

biodegradation performance and a higher pressure drop as a result of channelling and 

clogging phenomena, respectively. Alternate feast-famine strategies were proposed in 

the second work of this thesis as a low-cost biomass control strategy to overcome this 

limitation under long-term operation. Thus, the performance of two alternate biofilters 

under this operational strategy was comparatively evaluated against a standard biofilter 

under continuous operation using CH4 as a model gas pollutant at diluted concentrations. 

The operational strategy here evaluated supported significantly higher elimination 

capacities (ECs) than those recorded in the standard biofilter, especially during the early 

stages of operation. Feast-famine biofilters exhibited lower pressure drops as a result of 

the lower biomass concentrations within the units, which might ultimately increase the 

packing material lifespan and reduce the operating costs during full-scale biofiltration. In 

addition, the robustness of the microbial community enriched during feast-famine 

operation was challenged with increasing feast-famine periods (3:3 days  5:5 days), 

the reduction of the irrigation frecuency or the deprivation of air supply. The results 

clearly showed that the maximum CH4 abatement activity was progressively achieved at 

shorter periods of time (from 72 to 1.5 h). The methanotrophic communities involved in 

the process were significantly affected by the operational strategy here implemented, 

and resulted in more diversed type I-dominated communities with higher affinities for 

CH4.  

The enrichment of specific MOB communities with a high affinity for CH4 and high specific 

CH4 biodegration rates during CH4 abatement is desirable to guarantee a reduced start-

up period in biotechnologies and an effective overall performance. In this context, the 

influence of CH4 concentration during long-term culture enrichment in stirred tank 

reactors on the biodegradation kinetics and population structure was studied. At the end 

of the experiment, the culture enrichments were also subjected to sequential nitrogen 
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limitations in order to assess their potential for PHAs synthesis. CH4 concentration 

greatly influenced population structure and the type of methanotrophic bacteria enriched, 

which were predominantly type I methanotrophs. High specific biodegradation rates were 

recorded in the early stages of enrichment in the consortia exposed to moderate-high 

CH4 concentrations (2 and 20 g m-3, respectively), whereas the highest affinity for CH4 

was exhibited by the consortia enriched at low and high CH4 concentrations (0.2 and 20 

g m-3, respectively). The highest PHA accumulation (~13 %) obtained under continuous 

operation was observed in the consortium enriched at moderate CH4 concentrations, and 

was attributed to the presence of type II methanotrophs belonging to the genus 

Methylocystis. 

Biogas from anaerobic sludge digestion at wastewater treatment plants (WWTPs) has 

been recently proposed as a renewable feedstock for methanotrophic PHA 

accumulation, with potential to reduce biopolymer production costs and sustain a new 

GHG-based bioeconomy. In this sense, the fourth chapter of this thesis was devoted to 

investigate in batch experiments the feasibility of biogas, with and without H2S, to support 

the growth and PHA accumulation in Methylocystis hirsuta, a type II methanotroph. The 

effect of the individual addition of volatile fatty acids (VFAs), readily available on-site 

during anaerobic sludge digestion via hydrolysis, was also assessed in terms of 

methanotrophic growth and synthesis of tailor-made PHAs. The experiments here 

conducted revealed that both types of biogas (with and without biogas) are feasible CH4 

substrates to sustain M. hirsuta growth under nutrient-sufficient conditions and the 

accumulation of PHAs in the form of poly-3-hydroxybutyrate (PHB) up to 45 % under 

nitrogen-limited conditions. The strain was also able to grow on acetic, butyric, propionic 

and valeric acids up to concentrations of 200 mg L-1, with and without biogas. The use 

of biogas as the main substrate, and individual VFAs as cosubstrates (10 % extra C 

regarding the CH4 input), under nitrogen-limited conditions led to an increase in the 

maximum PHA yields and contents by 10-30 % over the basal values obtained only with 
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biogas. Finally, valeric acid supplementation supported a hydroxyvalerate fraction of up 

to 25 % within the biopolymer, which can significantly enhance the physical/chemical 

properties of the biocomposite produced. The promising results here obtained represent 

a step further in the development of a new generation of anaerobic digestion biorefineries 

and can be considered as a solid proof of concept study of a technology to be 

implemented under continuous operation. 

Finally, the potential of biogas from anaerobic sludge digestion at WWTPs as a feasible 

substrate for the creation of additional value out of CH4 mitigation when combined with 

denitrifying anaerobic methane oxidation (DAMO) was investigated. For this purpose, a 

biotrickling filter was selected as bioreactor configuration to both effectively retain the 

biomass and promote an effective gas-biofilm contact. Nitrous oxide emissions from 

incomplete nitrate denitrification were correlated with the concentration of nitrate applied 

to the system and were minimized without compromising the activity of the DAMO 

community, which accounted for up to 60 % of the population after only 4.5 months of 

enrichment. The presence of H2S in the biogas fed to the biotrickling filter, which 

represented a co-electron donor for denitrification, resulted in a combined microbial 

consortium composed by the DAMO community (13 %) and the newly enriched nitrate-

reducing and sulphide-oxidising bacteria (NR-SOB). The co-enrichment of NR-SOB 

significantly enhanced nitrate reduction without compromising CH4 biodegradation and 

led to a complete denitrification, which was further supported by qPCR analysis targeting 

narG, nirK and nosZ denitrifying genes. These findings could trigger the full-scale 

implementation of DAMO/ NR-SOB-based biotrickling filters as a novel low-cost nitrogen 

removal platform in WWTPs.
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1.1 Key figures and implications of GHG emissions on climate change 

Over the past two centuries, the combustion of fossil fuels such as coal, natural gas and 

oil, deforestation, land-use changes and other anthropogenic activities have supported 

a significant increase in the atmospheric concentration of heat-trapping greenhouse 

gases (GHGs) such as carbon dioxide (CO2), methane (CH4) and nitrous oxide (N2O) 

(Fig. 1.1A).1 These gases absorb part of the energy irradiated from the Earth’s surface 

and return it to the planet to maintain Earth’s average temperature around 16 ºC. The 

emissions of these GHGs represent nowadays approximately 98 % of the total GHG 

inventory worldwide, and their share is expected to increase in this twenty-first century 

based on their industrial and organic-based nature and the forthcoming scenario of 

increasing human population.2 In this context, the total anthropogenic GHGs emissions 

increased at 2.2 % year-1 in the period 2000-2010 compared to the rates recorded in the 

period 1970-2000 (1.3 % year-1). Thus, despite the increasing number of climate change 

mitigation policies implemented worldwide, the total GHG emissions peaked at 49 

GtCO2-eq year-1 in 2010 (Fig. 1.1B).1 

 

Fig. 1.1 Time course of A) the atmospheric CO2 (green), CH4 (orange) and N2O (red) 
concentrations the past 250 years, and B) total annual anthropogenic emissions of the main 
GHGs in the period 1970-2010. Source: Intergovernmental Panel on Climate Change.1 

As a result of this increase in GHG emissions, the average temperature of the Earth has 

gradually increased at rates never reported in the past 50 years. Indeed, the average 
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global temperature across land and ocean surface areas for 2016 was 0.94º C above 

the twentieth century average.3 GHG’s emissions are promoting a disruption in the 

Earth’s energy budget, which has resulted in recent changes in the rainfall patterns, snow 

and ice cover area or in the level and acidification of oceans.1,4 For instance, satellite 

inspections have recently revealed that the Greenland and West Antarctic ice covers are 

shedding about 125 billion tons of ice year-1 (equivalent to 0.35 mm year-1), which will 

directly mediate a rise of the sea level between 0.27 and 0.6 m by the end of 2099 as 

warming sea water expands.1 More importantly, global warming is boosting the migration 

of hundreds of both marine and land-based plants and animals to cope with the extreme 

temperatures encountered in the past decades in many parts of the globe.4 

 

1.2 CH4 emissions – nature and future trends 

CH4 is the second most prevalent GHG within the global GHG inventory. This GHG 

contributes to approximately 14 % of the worldwide annual emissions (on a 100-year 

horizon) and its atmospheric concentration has increased by ~160% in the past 250 

years.1,4 CH4 possesses a global warming potential (GWP) 25 times higher than that of 

CO2 (on a 100-year horizon) due to its high chemical stability, which results in a lifespan 

in the atmosphere of 12.4 years.4 However, the analysis of current GHG emissions (1-

year pulse emission) shows that near-term climate forcers, such as CH4, can exhibit 

contributions in terms of GWP or global temperature change potential (GTP) comparable 

to that of CO2 for short time horizons, their impacts becoming progressively lower for 

longer time horizons (Fig. 1.2A).5 This fact is attributed to the higher values of GWP for 

CH4 estimated on 10- and 20-year horizons, which account for 90 and 72, respectively 

(Fig. 1.2B).6 
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Fig. 1.2 A) Present-day global anthropogenic emissions weighted by the GWP and the GTP for 
the given time horizons and considering year 2008 emissions as the single-year pulse (Source: 
Intergovernmental Panel on Climate Change5), and B) GWP estimations for CH4 (pulse emission) 
at different time horizons (adapted from Dessus et al.6). 

In nature, most CH4 fluxes to the atmosphere originate from the anaerobic decomposition 

of organic matter in ecosystems such as wetlands or oceans, though more than 60% of 

the CH4 emissions worldwide are anthropogenic.2 Anthropogenic CH4 emissions by 2015 

accounted for 464 and 650 Mt CO2-eq in the EU-28 and US, respectively, with livestock 

farming (45 %), anaerobic waste treatment (18 %), coal mining (6 %), natural gas 

operation (5 %) and wastewater treatment and discharge (4 %) as the main 

contributors.2,4 The concentration of CH4 in these emissions greatly varies from 0-0.2 g 

m-3 (compost piles, animal farming) to 20-100 g m-3 (old landfills) or even up to 250-450 

g m-3 (biogas  from wastewater treatment plants, WWTPs). Diluted CH4 emissions (< 30 

% (v/v) CH4 content), which are not suitable for energy recovery or incineration, are 

commonly released to the atmosphere without prior treatment.7,8 In this context, more 

than 55 % of the anthropogenic CH4 emissions possess concentrations below the lower 

explosive limit of CH4-air mixtures (5% v/v).9 In addition, despite the potential for heat 

and electricity generation of the biogas (40-70 % (v/v) CH4) produced from anaerobic 
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sludge digestion at WWTPs, the share of biogas used for this purpose has been 

estimated to be less than 1 % in the U.S., which is typically burned or vented to the 

atmosphere without any treatment.10,11 This fact has been attributed to i) the presence of 

undesirable compounds (e.g., siloxanes, H2S, halocarbons) within biogas, ii) the high 

investment costs needed for energy recovery on-site or iii) the high costs associated to 

biomethane production (1.08 € m-3 in the EU market compared to 0.30-0.67 € m-3 for 

natural gas).11-13 

Climate change represents nowadays one of the greatest environmental concerns all 

over the world, and therefore governments are gradually implementing policies in order 

to limit the impacts of their GHG emissions. In this context, in view of the foreseeable 

increase of the global average temperature from 1.4 to 5.8 ºC by 2100, most members 

of the United Nations have commited to reduce their GHG emissions by at least 18 % 

below 1990 levels in the eight-year period from 2013 to 2020.14 Thus, adaptation policies 

have been implemented across all levels of European governance, with some adaptation 

planning integrated into coastal and water management, into environmental protection 

and land planning and into disaster risk management. Likewise, governments of US and 

Canada are engaging in incremental adaptation assessment and planning (particularly 

at a municipal level), together with some proactive adaptation devoted to protect longer-

term investments in energy and public infrastructure.1 In this context, an active 

abatement of GHG emissions is mandatory and expected to become a general trend 

worldwide in the next decades in order to comply with the Paris Climate Agreement. 

 

1.3 End-of-the-pipe technologies for CH4 mitigation 

 End-of-the-pipe technologies for waste gas treatment are often based on the initial 

pollutant mass transfer from the target gas emission to a solid or a liquid phase – via 
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adsorption or absorption, respectively – and a further chemical/biological oxidation.15 In 

the particular case of technologies such as incineration or ozonation, the gas pollutants 

are directly oxidized in the gas phase. Confination and gas extraction allow an effective 

end-of-the-pipe treatment of GHGs in animal farms, industry and waste management 

facilities. Technologies devoted to CH4 mitigation are commonly classified into two main 

categories, physical/chemical and biological technologies, depending on the mechanism 

underlying CH4 destruction.16 The most representative physical/chemical and biological 

CH4 abatement technologies are presented in the following sections. 

1.3.1 Physical/chemical technologies 

Physical/chemical technologies such as incineration, catalytic oxidation, condensation or 

activated carbon adsorption have been extensively applied in the past century for the 

abatement of industrial waste gases (e. g. volatile organic compounds, VOCs) or biogas 

upgrading. In the particular case of CH4 abatement, thermal and in a lesser extent 

catalytic oxidation, have been the most applied technologies. 

1.3.1.1 Thermal oxidation (fume incineration) 

Thermal oxidation, also known as incineration, is based on the complete oxidation of the 

gas pollutants at high temperatures in the presence of air/O2, with CO2 and H2O as the 

main byproducts from pollutant oxidation. Incineration is a common technology for the 

control of CH4 emissions derived from landfills and WWTPs. The 3 T’s of combustion – 

time, temperature and turbulence – must be properly optimized to achieve an effective 

emission control. The appropriate selection of the incinerator configuration, which is 

strongly influenced by the emission flowrate and the targeted CH4 concentration, allows 

CH4 removal efficiencies (REs) ≥ 96.0 %.17 In this sense, three main configurations of 

incinerators can be distinguished: 
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 Direct fired thermal oxidizers (flares/burners). Flares are devised as the most 

simple incinerator configuration and can be used either as emergency control systems 

or as the main CH4 abatement unit. Direct fired thermal oxidizers are currently used in 

the petroleum, petrochemical and other industries that require the treatment of waste 

gases containing high pollutant concentrations on both a continuous or intermittent basis. 

In these systems, the waste gas is often premixed with air in a controlled venturi prior to 

the burner to ensure a more uniform combustion, a higher temperature and a potentially 

more complete combustion. Flares are typically divided into open and enclosed flares 

based on the absence or presence of an insulated enclosure for the flame, respectively, 

which surrounds a series of one or more clusters of gas burners (the array of gas inlet 

jets located just above the base of the flare) (Fig. 1.3A).18 Open flares operate at smaller 

flow rates, temperatures and CH4 concentrations – 10-2500 m3 h-1, 350-950 ºC and >20 

% (v/v), respectively – though they exhibit lower combustion efficiencies, a lack of 

performance monitoring and higher emissions of VOCs/particles.19 According to the US 

Environmental Protection Agency (US-EPA), flares must be enclosed and operated at a 

minimum temperature of 1000 ºC and 0.3 s of gas retention time to ensure an effective 

CH4 destruction.20 Conventional flares not meeting these flaring criteria, which typically 

occurs during the treatment of emissions with CH4 concentrations below 30 % v/v, can 

be modified (e. g. at burner level) or supplemented with an additional fuel supply to treat 

CH4-laden emissions at flow rates of 40-2500+ m3 h-1 and CH4 contents from 10 to 50 % 

(v/v).19 

 Recuperative thermal oxidizers. These incinerators are forced draft systems 

currently used in many industrial processes including natural gas processing, chemical 

manufacturing, animal feed production and oil-gas refining. Briefly, the polluted air 

stream is drawn into the system fan and discharged into the inlet of the recuperative 

thermal oxidizer, where it is typically preheated in the tube side of a shell-and-tube style 

heat exchanger. The CH4-laden air (preferentially with CH4 concentrations below 30% 
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v/v) then passes through the burner, which supports the exothermic reaction. Typical 

temperatures, residence times and flow rates range from 900 to 1200 ºC, from 0.5 to 2 

s and from 100 to 50000 m3 h-1, respectively (Fig. 1.3B). Finally, the hot purified air 

circulates again through the shell side of the heat exchanger, where the energy released 

by the reaction is used to preheat the incoming air. This configuration ensures up to 50-

70 % heat recovery efficiencies and minimizes the overall fuel consumption of the 

recuperative thermal oxidizer.17 

 Regenerative thermal oxidizers (RTO). RTO are based on the same principle as 

recuperative thermal oxidizers and can be used to treat CH4 concentrations ranging from 

0.2 to 27 % at high flow rates (up to 250000 m3 h-1) in off-gases from coal mines and 

spray painting in the automotive industry.19,21 The operation of a RTO requires the initial 

preheating of the heat exchanger to the desired temperature (900-1200 ºC). The heat 

exchanger (consisting of two ceramic porous heat transfer beds) operates in a flow-

reversal mode to transfer the heat of combustion of CH4 to the incoming air via a solid 

heat storage medium (Fig. 1.3C). The use of diverter valves in RTO allows the flow 

direction switch, thus keeping the reactor core at ignition temperatures and enabling 

autothermal operation even when working with cold lean feeds (energy saving 

efficiencies around 95 %), which significantly lower the operating costs of this 

technology.21,22 Despite the high CH4 REs achieved by both recuperative and 

regenerative thermal oxidizers, the high investment and operating costs, together with 

the increased likelihood of explosion at operation temperatures in the region of 1000 ºC 

(above the CH4 auto-ignition temperature of 617 ºC), still hinder their widespread 

implementation at full-scale.23 
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Fig. 1.3 Physical/chemical technologies reported to date for CH4 mitigation (adapted from 
Anguil17). A) Enclosed direct fired thermal oxidizer, B) recuperative thermal oxidizer, C) 
regenerative thermal oxidizer (RTO), D) recuperative catalytic oxidizer (CATOX) and E) 
regenerative catalytic oxidizer (CTO). 

1.3.1.2 Catalytic oxidation 

Catalytic oxidation represents an alternative to conventional incinerators to abate CH4 at 

concentrations of 0.1-30 %, whose effectiveness has been proven in the abatement of 

malodorous emissions from WWTPs and biogas production plants at flow rates ranging 

from 10 to 5000 m3 h-1.24 Both recuperative (CATOX) and regenerative catalytic oxidizers 

(RCO) are commercially available at industrial scale, and differ from their thermal 

counterparts in the use of a layer of catalyst to conduct CH4 oxidation (Fig. 1.3D, E). 

State-of-the-art active catalytic formulations for an efficient CH4 abatement include 

Pd/PdPt/PdO. Unfortunately, the presence of sulfur compounds or particles in the off-

gas, or the formation of water vapor along the process, may reduce the performance of 

the combustion reactions due to inhibition or adsorption of these compounds to the active 

sites of the catalyst, respectively.23,24 The catalyst operation temperature is usually set 



Chapter 1 

31 
 

at 350-750 ºC for CH4 combustion, which supports REs > 99.0 % and fuel savings of up 

to 40-60 % compared to their thermal counterparts.17,23,24 

1.3.2 Biological technologies 

Biotechnologies for CH4 abatement are based on the enzymatic oxidation of this GHG 

catalysed by the methane monooxygenase (MMO) enzyme present in all methane-

oxidizing bacteria (MOB). This oxidation occurs at ambient temperature and pressure, 

does not require an external supply of chemicals (apart from water and nutrients) and 

takes place in the aqueous phase (or inside the biofilm) following CH4 mass transport 

from the gas emission (Fig. 1.4A).25 The absence of extreme operating conditions and 

hazardous chemicals constitutes an additional advantage from a safety viewpoint for on‐

site staff and operators. The use of biological methods for CH4 abatement has gradually 

increased based on their proven high robustness and efficiency (especially in a wide 

range of flowrates and at CH4 concentrations below its lower explosive limit of 5 %), and 

on their lower operating costs when compared to their physical/chemical counterparts 

(lower energy requirements and no chemicals requirements). In addition, CH4 abatement 

biotechniques typically show lower environmental impacts as a result of their lower CO2 

footprint and generation of innocuous or less-contaminating degradation products (CO2, 

H2O and new biomass).15,16 Biotechnologies require: i) the presence of an aqueous 

phase to support the metabolic reactions underlying CH4 biodegradation and ii) the 

availability of macronutrients (N, P, K, S) and micronutrients (usually heavy metals such 

as Cu, Fe, Zn or Mn needed for the synthesis and functioning of enzymes) to support 

microbial activity.26 In the particular case of CH4 abatement biotechnologies, their cost-

efficient application is often constrained by the poor mass transport of this GHG from the 

gas emission to the aqueous phase due to its low aqueous solubility (dimensionless 

Henry’s law constant, H = CG/CL, of 29.1 at 25º C and 1 atm). This low H results in low 

concentration gradients, and thus, in a reduced CH4 biodegradation performance (Fig. 

1.4B).8,27 Therefore, the development of innovative compact bioreactor configurations 
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with a high mass transfer potential at reduced energy requirements constitutes a key 

research niche to boost the widespread implementation of GHG abatement 

biotechnologies. On the other hand, biotechnologies can create additional value out of 

CH4 mitigation when coupled to the production of high-added value bioproducts from 

CH4 bioconversion or when combined with other pollution treatment processes on-site 

that can eventually use CH4 as a substrate. This will promote the development of a 

sustainable GHG bioeconomy and indirectly mitigate climate change.28 In the following 

sections, the available bioreactor configurations for CH4 abatement along with the 

microbiology underlying CH4 biodegradation are discussed in detailed in order to provide 

a comprehensive background to understand Chapters 3 to 7. 

 

Fig. 1.4 A) Schematic of CH4 mass transport and biodegradation mechanisms in bioreactors 
(adapted from Estrada et al.16), and B) CH4 concentration profile representing the mass transfer 
processes occurring within an off-gas treatment biofilm bioreactor. CG = Bulk concentration of CH4 
in the gas phase, CG* = Gas phase concentration of CH4 at the gas–liquid interphase, CL* = Liquid 
phase concentration of CH4 in equilibrium with the gas phase, CL = Bulk concentration of CH4 in 
the liquid phase, CL,B* = Liquid phase concentration of CH4 at the liquid–biofilm interphase, CB* = 
Biofilm concentration of CH4 in equilibrium with the liquid phase (adapted from Estrada et al.27). 
aO2: only required in aerobic methane abatement technologies. 

1.3.2.1 Bioreactors for biological CH4 oxidation 

Biotechnologies for CH4 mitigation have been implemented in the past 20 years either 

as actively vented bioreactors, where the CH4-laden emission (containing O2) is supplied 
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by forced ventilation in an upflow or downflow mode, or as passively vented bioreactors, 

where the CH4-laden emission flows upwards from the bottom of the system whereas 

atmospheric O2 diffuses from the top.8,29 CH4 abatement bioreactors are also classified 

into packed bed systems (biofilters, biotrickling filters or horizontal flow biofilm reactors) 

and suspended growth systems (stirred tank bioreactors, airlift bioreactors, bubble 

column bioreactors, membrane biofilm reactors and Taylor flow bioreactors) as a function 

of the presence or absence of a support media for biomass attachment, respectively.28 

A detailed description of the functioning, and typical design and operational parameters 

of the aforementioned bioreactors, is provided below:  

 Biofilters (BFs). Methanotrophs-based BFs are likely the most widespread 

bioreactor configuration employed worldwide (both at laboratory and field scale) for the 

treatment of CH4 emissions from landfills, coal mines or livestock farms.30 The off-gas 

emission in these laminar contactors gets humidified before passing through a packed 

bed supporting the biofilm responsible of pollutant biodegradation, while a nutrient 

aqueous solution or water is irrigated intermittently (the latter if nutrients are uptaken 

from the support) (Fig. 1.5A). Two types of BFs are distinguished – actively and passively 

vented – depending on whether the flow of the CH4 laden emission occurs forcibly or 

naturally upwards, respectively.29 The intensive research conducted in the field of 

biofiltration and material science in the past years has resulted in important advances in 

packing material. Packing material is a key design parameter determining both water 

activity (and therefore microbial activity) and the specific surface available for biofilm 

formation and gas-biofilm mass transfer.8,28 Thus, inorganic and organic beds from 

simple materials such as compost, gravel, coal, stone, clay or pine bark to more 

sophisticated structured packings such as autoclaved aerated concrete, polymeric rings 

and foams have been used (readers are referred to Table 2 in López et al.8 for further 

details).32,33 BFs are designed with empty bed residence times (EBRTs) sufficiently high 

to support an effective CH4 mass transfer from the gas phase to the biofilm. BFs exhibit 
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large gas-biofilm interfacial areas, a rapid start-up and low operating costs (annual cost 

of ~2 € m-3 h-1). On the contrary, they present a limited height in order to maintain low 

pressures drops (<10 cm H2O) and a large footprint due to the high EBRTs needed for 

an efficient CH4 removal (20-70 min and 1-14 h for removal efficiencies of 60-90 % in 

actively and passively vented BFs, respectively).8,34-36 In this regard, the use of fungi in 

biofiltration, either standalone or in combination with bacteria, has been proposed as a 

microbiological platform to achieve higher removal efficiencies at lower EBRTs than 

those supported by bacterial BFs due to the larger surface areas and lower H of these 

microbes.37 However, and to the best of our knowledge, the potential of fungi for CH4 

oxidation remains still unclear and no systematic studies have investigated the 

performance of CH4 bacterial-fungal BFs. Another potential drawback that must be 

addressed during CH4 biofiltration is biomass overgrowth, which can compromise the 

abatement performance and increase the pressure drop in biofilters under long-term 

operation, thus leading to higher operating costs.38 In this context, several low-cost 

biomass control strategies such as protozoa and mite predation, continuous ozone 

addition, step feed biofiltration or famine periods have been recently proposed. Among 

them, feast-famine strategies can reduce the overall biomass accumulated per volume 

unit of the biofilter without significant down-time during implementation, complex reactor 

designs or additional operating costs.39-42 Nonetheless, this innovative strategy has not 

been hitherto systematically evaluated under long-term operation for any gas pollutant, 

which hinders its applicability at full-scale biofiltration. 

 Biotrickling filters (BTFs). BTFs are also laminar contactors where the polluted 

gas emission passes through a biofilm immobilised onto a packed bed continuously 

irrigated with an aqueous nutrient solution at rates typically ranging from 5 to 30 L m-3
bed 

min-1 (Fig. 1.5B). The CH4 initially absorbed in the trickling aqueous solution is 

subsequently degraded in the fixed biofilm using the nutrients contained in the trickling 

solution to support biomass growth. The investment costs of this bioreactor configuration 
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(10-41 € m-3 h-1) are scale-dependent and can be up to 2-times higher than those of BFs. 

In contrast, the operating costs of BTFs are lower (annual costs of 1.2 € m-3 h-1) than 

those of BFs as a result of their lower pressure drops.36 This biotechnology supports a 

more efficient control of pH, temperature, water activity and nutrient supply compared to 

BFs. However, the presence of a continuous water layer over the biofilm entails a limited 

abatement performance for hydrophobic gas pollutants such as CH4 due to their poor 

gas-liquid mass transport, thus resulting in REs ≤ 30 % at EBRT of 4-5 min.8,27 In this 

context, recent studies have been focused on the addition of a non-aqueous phase 

(NAP) such as Brij 35 or silicone oil with a high affinity for CH4 to boost CH4 absorption, 

and subsequently, achieve higher CH4 removals.43-45 

 Horizontal flow biofilm reactors (HFBRs). This novel trickled technology 

comprises a stack of multiple horizontal plastic sheets, positioned vertically one above 

the other, with integrated frustums to sustain biofilm growth (Fig. 1.5C). Compared to 

other packed bed technologies, this configuration enables easier access to the different 

reactor parts, hence allowing for i) the examination of the pollutant biodegradation profile 

and microbial structure, and ii) biomass harvesting during the co-production of high 

added-value products. Both the liquid and gas phases flow horizontally across the sheets 

before moving to the sheet below, which ensures a good contact with the biofilm attached 

to the sheets and alleviates conventional biofiltration’ drawbacks such as clogging, 

channelling or compaction.46 Average CH4 REs of 50 % at EBRTs of 45-50 min and 

negligible pressure drops (<10 mm H2O) have been recorded in this bioreactor 

configuration under long-term operation (>1 year).46,47 The addition of one or two NAPs 

to the tricking aqueous phase can also significantly enhance CH4 REs in HFBRs up to 

65-78 % at the aforementioned EBRTs.47 
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Fig. 1.5 Packed bed biotechnologies available to date for CH4 mitigation (adapted from Muñoz et 
al.34 and Kenelly et al.47). A) Biofilter (BF), B) Biotrickling filter (BTF) and C) horizontal flow biofilm 
reactor (HFBR). 

 Stirred tank bioreactors (STRs). STRs are turbulent contactors where the 

continuous agitation, often mechanical, ensures perfect mixing and biomass suspension 

(Fig. 1.6A). The energy input for mixing is used to break down the bubbles of the polluted 

gas emission supplied at the bottom of the reactor (which increases the gas-liquid 

interfacial area) and to reduce the liquid film (thus increasing the overall volumetric mass 

transfer coefficient of the pollutant from the gas to the liquid phase).48 Hence, REs of 50-

60 % have been achieved in STRs devoted to CH4 abatement at relatively low EBRTs 

(4-10 min).44,49 The addition of a NAP in this type of bioreactor has been also recently 

assessed with enhanced CH4 REs of up to 70 % at an EBRT of 4.8 min. However, despite 

the promising results obtained in STRs, their higher power consumption (by 1-2 orders 

of magnitude) compared to packed bed systems has resulted in the preferential 

implementation of BFs or BTFs in full-scale applications.48,50 

 Bubble column bioreactors (BCB) and airlift reactors (ALR). These suspended 

growth configurations differ from the STRs on the fact that no mechanical agitation is 

provided. Thus, adecuate mixing and effective pollutant mass transfer to the 

microorganisms is typically achieved either using micropore diffusers in BCBs, or 



Chapter 1 

37 
 

installing a concentric draft-tube (riser) to create a density gradient within the culture 

broth in order to enhance the turbulence in ALRs (Fig. 1.6B, C).8 Similarly to the STRs, 

these suspended growth bioreactors are ideal for both biomass harvesting during the co-

production of bioproducts from CH4 and community structure monitoring. In addition, their 

lower power requirements, as a result of the lack of mechanical agitation, guarantee a 

higher cost-efectiveness of BCBs and ALRs compared to STRs. However, either the 

addition of NAPs or the implementation of gas-recycling strategies is hitherto mandatory 

to boost CH4 biodegradation over the basal REs of 20-30 % typically recorded in ALRs 

and BCBs.51,52 

 Membrane biofilm reactors (MBfRs). MBfRs are based on the passive or active 

diffusion of the gas pollutant across the pores of a membrane into the liquid-biofilm 

located on the other side, which is driven by a concentration or a pressure gradient (Fig. 

1.6D). This bioreactor configuration can overcome the CH4 mass transfer limitations 

aforementioned due to the high permeability and affinity of some membrane materials 

for hydrophobic pollutants such as CH4. Thus, both the membrane material and 

membrane configuration must be properly selected to ensure an optimum pollutant 

abatement performance.53 The few studies reported on CH4 abatement with MBfRs have 

employed micro- (polyvinylidene difluoride, 0.40 µm pore size) and ultrafiltration (Zenon 

and acrylonitrile, < 0.1 µm pore size) hollow fiber membranes, the later supporting the 

highest gas-liquid interfacial areas for mass transfer. However, little attention was paid 

to the CH4 REs in these studies, which were focused on the use of CH4 as electron donor 

for denitrification, either coupling aerobic methane oxidation to denitrification or 

denitrifying anoxic methane oxidation (DAMO) to anammox.54-57 In this context, MBfRs 

represent a promising technology to support the growth of DAMO microorganisms due 

to their higher capacity for biomass retention (see section 1.3.2.4 for further discussion 

on this issue). However, it must be stressed that their high construction costs and the 
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lack of pilot-scale studies demonstrating their long-term operational stability still limit the 

widespread implementation of MBfRs for gas treatment applications.53 

 

Fig. 1.6 Suspended growth bioreactors reported to date for CH4 mitigation (adapted from Muñoz 
et al.34, Cai et al.57 and Rocha-Rios et al.58). A) Stirred tank bioreactor (STR), B) airlift bioreactor 
(ALR), C) bubble column bioreactor (BCB) with internal gas recycling, D) membrane biofilm 
reactor (MBfR) and E) Taylor flow bioreactor (TFB). 

  Taylor flow bioreactors (TFBs). These innovative bioreactors are composed of 

parallel straight microcapillaries (Ø of 1-5 mm) separated by a thin wall (Fig. 1.6E). The 

preferred flow pattern, the so-called segmented or Taylor flow, is a bubble train of 

alternate liquid slugs and small gas bubbles, with both gas and liquid flowing upwards or 

downwards. Taylor flow in capillaries enables CH4 mass transfer coefficients equivalent 

to those in STRs at around one order of magnitude lower power consumptions.48 In this 
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regard, the only work published to date on CH4 abatement capillary bioreactors reported 

50 % higher CH4 removals at significant lower reactor sizes and pressure drops 

compared to STRs supplemented with a NAP.50,58 However, since monolith multichannel 

bioreactors with Taylor flow have not been yet designed and validated at lab-scale, this 

CH4 abatement biotechnology remains in an embryonic stage and still requires further 

research. 

1.3.2.2 Aerobic methanotrophy: Taxonomy, metabolic pathways and ecophysiology 

Aerobic methanotrophs are methylotrophic microorganisms with the ability to oxidize CH4 

in the presence of O2 and use it as their main carbon and energy source. Despite most 

aerobic methanotrophs are bacteria, several yeasts, fungi and green microalgae have 

been also tentatively identified as methane oxidizers.59-63 MOB are widely distributed in 

environments such as wetlands, peat bogs, forests, rice paddies, groundwater, landfill 

cover soils, sewage sludge or marine sediments, preferentially in the interface between 

aerobic and anaerobic zones with significant CH4 fluxes.63,64 Traditionally, MOB have 

been classified into three different groups according to their physiological and 

morphological characteristics: type I, type II and type X (also known as Ib) 

methanotrophs. Type I includes MOB that i) present intracytoplasmatic membranes as 

bundles of vesicular discs, ii) use the ribulose monophosphate (RuMP) pathway for 

carbon assimilation and iii) contain phospholipid fatty acids of 14 and 16 carbons length. 

Type II MOB are characterized by i) an intracytoplasmatic membrane aligned along the 

peripheral part of the cell, ii) the use of the serine pathway for carbon assimilation and 

iii) phospholipid fatty acids of 18 carbons length. On the other hand, type X share 

characteristics of both type I and II, including the RuMP pathway to assimilate 

formaldehyde and the synthesis of the enzyme ribulose biphosphate carboxylase from 

the serine pathway to fix CO2.8,65 The current classification of known aerobic MOB based 

on 16S rRNA encloses a wide phylogenetic distribution within two different phyla: 

Proteobacteria (subdivisions α- and γ-Proteobacteria) and Verrucomicrobia.  The most 
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representative genera within the α-Proteobacteria phylum are Methylocystis, 

Methylosinus (clustered within Methylocystaceae family), Methylocella and 

Methylocapsa (clustered within Beijerinckiaceae). Methanotrophs within γ-

Proteobacteria (e. g. Methylomonas, Methylobacter, Methylosarcina or Methylococcus 

genera) belong to the Methylococcaceae family. Finally, methanotrophs from 

Verrucomicrobia phylum are essentially affiliated within the Methylacidiphilacecae family, 

and more specifically to the Methylacidiphilum and Methylacidimicrobium genera.63,65 

Based on their different ecophysiology and taxonomical affiliation, MOB from 

Verrucromicrobia have been recently referred as type III methanotrophs.66 Furthermore, 

the phylogenetic relationships between methanotrophs are usually examined as a 

function of the enzyme MMO, which catalyses the conversion of methane to methanol. 

Thus, the particulate methane monooxygenase (pMMO) is found in most MOB and is 

located in the cytoplasmatic membrane, while the soluble methane monooxygenase 

(sMMO) is present in the cytoplasm and can be expressed either as the sole form of 

MMO or together with pMMO. The enzyme sMMO has been traditionally associated with 

type II methanotrophs, though few genera of type I methanotrophs with the capability to 

synthesize sMMO have been recently identified.65-67 

Methane biodegradation comprises a multistage process with methanol, formaldehyde 

and formic acid as sequential metabolic intermediates, finally ending up with the 

production of CO2 (Fig. 1.7).8 Part of the carbon contained in the formaldehyde may be 

either converted to formic acid or incorporated as bacterial cell material through the 

RuMP (type I/X methanotrophs) or the serine pathways (type II methanotrophs).63 The 

stoichiometric equations summarizing the oxygen and nitrogen demands of both the 

RuMP and serine pathways are shown in Equations 1 and 2, respectively, where 

C4H8O2N represents microbial biomass:68 

CH4 + 1.50O2 + 0.12NH4
+ → 0.12(C4H8O2N) + 0.53CO2 + 1.71H2O + 0.12H+      (Eq. 1) 



Chapter 1 

41 
 

CH4 + 1.57O2 + 0.10NH4
+ → 0.10(C4H8O2N) + 0.59CO2 + 1.75H2O + 0.10H+      (Eq. 2) 

Type I methanotrophs exhibit a higher CH4 conversion efficiency and require only 1 ATP 

molecule to form 3 formaldehyde molecules during CH4 oxidation. In contrast, type II 

methanotrophs are superior in terms of CH4 storage as phospholipid fatty acids and 

polyhydroxyalkanoates (PHAs), though they require 3 ATP and 2 NADH molecules to fix 

2 formaldehyde and one CO2 molecules.69 Consequently, type I methanotrophs tend to 

outcompete their type II counterparts, unless cultivation conditions provides a 

competitive advantage for the later. A 100 % conversion of CH4 to microbial biomass is 

not possible since assimilatory pathways result in a net production of at least 12 % CO2 

according to previous studies.70 

Both Monod and Michaelis-Menten models are often used to describe microbial CH4 

oxidation. However, the different experimental setups and models used for the estimation 

of the kinetic parameters usually hinder the direct comparison of the data available in 

literature (readers are referred to Table 1 in López et al.8 for further details). Among the 

kinetic parameters, the Monod constant (KS) characterizes the affinity of microorganisms 

for the substrates, and in the particular case of CH4,  KS typically ranges from 1 × 10-6 to 

4.7 × 10-4 M. pMMO-bearing bacteria have been reported to exhibit a higher affinity for 

CH4 (lower KS values) than those bearing sMMO.71 Moreover, the maximum specific 

biodegradation rates (qmax) for CH4 typically range from 4.16 × 10-5 to 1.3 × 10-4 gCH4 gX
-

1
 h-1. In this context, microorganisms with a high qmax and a high affinity for CH4 (low KS) 

are desirable to guarantee an efficient biocatalytic activity and to reduce the start-up 

period of bioreactors devoted to CH4 mitigation. However, it must be stressed that most 

CH4 biodegradation kinetic studies reported to date were carried out at high biomass 

concentrations, which did not ensure the absence of mass transport limitations and, 

therefore, the validity of the kinetic parameters obtained.8  
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The rates of CH4 oxidation, and thus methanotrophic growth, greatly depend on 

cultivation parameters such as O2 and CH4 concentrations, temperature, pH, the 

concentration and type of nitrogen source and copper levels. According to the above 

stoichiometry, molar O2:CH4 ratios should be maintained ≥ 1.5:1 to ensure a proper CH4 

oxidation.70 In this context, low O2:CH4 ratios stimulate the growth of type II 

methanotrophs, while high O2:CH4 ratios promote the growth of type I methanotrophs.72 

These findings support the hypothesis that the enzyme sMMO (predominantly found in 

type II methanotrophs) is often expressed at high CH4 concentrations and pMMO at low 

CH4 concentrations.73 Methanotrophs typically exhibit maximum oxidation rates under 

mesophilic conditions (25-30 ºC), though thermotolerant and thermophilic 

Methylotermus, Methylocaldum, Methylococcus or several Verrucomicrobia strains have 

been isolated from active silts, hot springs and aquifers and volcanic soils, with and 

optimal growth in the range of 42-65 ºC.65,74-78 Similarly, psychrophilic strains of 

Methylobacter, Methylosphaera, and Methylomonas have been isolated from tundra 

soils, Antarctic meromictic lakes, and deep igneous groundwater, exhibiting an optimal 

growth range of 3.5-15 °C.77,78 On the other hand, most methanotrophs preferentially 

grow and oxidize CH4 at pHs of 7-7.6, though type II seem to be more tolerant than type 

I methanotrophs to low pHs (4-5).79 In this sense, acidophilic species from the 

Methylocella and Methylocapsa genera, and more especially from the Verrucomicrobia 

phylum, have been found in acidic environments optimally growing under pH values 

lower than 2.5.78 In contrast, the CH4 biodegradation ability of the halophilic 

Methylomicrobium alcaliphilum strain 20Z is enhanced at pH as high as 9.0.80 Despite 

type II methanotrophs are able to fix N2 at low O2 levels, nitrate and ammonium are the 

preferred N sources over nitrite for both type I and II methanotrophs.81 Type I 

methanotrophs are dominant in environments with low CH4 concentrations and high 

inorganic nitrogen levels, whereas type II methanotroph predominate under high CH4/N 

conditions and outcompete type I under nutrient (e. g. N) limitations.71,79 Microbial 

stimulation or inhibition mediated by inorganic nitrogen sources such as ammonium or 
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nitrate greatly depend on the nitrogen concentration, the pH and the type of 

methanotroph. Hence, optimal growth and CH4 oxidation rates were recorded at 

ammonium concentrations of 12–61 mM for some methanotrophic communities, while 

other studies revealed that NH4
+ concentrations of 4–10 mM could already reduce CH4 

oxidation by 30 %.74 Some in-situ investigations suggested that high ammonium 

concentrations could inhibit CH4 oxidation either by toxicity or enzymatic competition, 

although such detrimental effects could be also due to a nitrite accumulation from 

ammonium oxidation.71 Among micronutrients, copper positively regulates the activity of 

the enzymes pMMO and sMMO, and controls the expression of their genes. However, 

copper concentration in the cultivation broth must be adjusted in order to maintain copper 

homeostasis and prevent metal toxicity. Most methanotrophs grow optimally at copper 

concentrations lower than 4.3 mM, though previous enzymatic assays have 

demonstrated that sMMO in type II methanotrophs is properly synthesized at low Cu2+ 

concentrations (below 0.8 mM).74,82,83 In contrast, the expression of the pmoA gene 

(encoding a subunit of pMMO) occurred at significant levels regardless of the Cu2+ 

concentration, the transcript numbers increasing concomitantly with copper 

concentrations.84 Finally, some aerobic methanotrophs under copper-limiting scenarios 

can excrete a molecule called methanobactin, which is able to bind copper from the 

extracellular medium and actively transport it into the cell to maintain copper 

homeostasis.85 

1.3.2.3 CH4-driven PHA production as a case-scenario of GHG-based biorefineries  

PHAs such as poly-3-hydroxybutyrate (PHB) or poly-3-hydroxyvalerate (PHV) are linear 

polyesters completely synthesized by microorganisms intracellularly under nutrient-

limiting conditions (usually N, P or Mg). These high-added value products have recently 

gained commercial interest worldwide due to their biodegradable nature and the 

forthcoming shortage of the fossil fuels used to produce conventional plastics such as 

polyethylene and polypropylene. PHAs are easily moldable and soft (high tensile 
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strength – 40 MPa), sticky, easy to blend with other polymers, highly elastic (Young’s 

Modulus – 3500 MPa) and heat tolerant (crystalline melting point at 175 ºC), which 

makes them suitable substitutes of petroleum-based polymers.86 Their market price 

currently ranges from 4-20 € kgPHA
-1, which depends on the type of biopolymer, carbon 

source, microbial strain and product purity.28 Despite the price of PHAs has significantly 

decreased in the past years, their competitiveness is still hindered by the costs 

associated to their downstream processing and, in a major extent, to the cost associated 

to the acquisition of the raw materials used, which accounts for 30-40% of the total 

costs.87 In this regard, CH4 has recently emerged as a promising feedstock for PHA 

accumulation that might i) significantly decrease PHA production costs and ii) be a 

realistic approach for carbon sequestration and GHGs emission reduction.68 

Type II methanotrophs (such as Methylocystis, Methylosinus and Methylocella genera) 

have shown to be the only methanotrophs with the metabolic capability to produce PHAs 

through the serine pathway, where acetyl-CoA is converted into the corresponding 

hydroxyacyl (HA) coenzyme A thioester, which is finally transformed into the HA 

monomer.82 When CH4 is used as the sole C and energy source, PHB of high molecular 

weight is the sole PHA synthesized within the first 48-72 h after culture exposure to 

nutrient-limiting conditions (Fig. 1.7).88,89 The overall equation for PHB accumulation in 

methanotrophs using the serine pathway is given below: 

8CH4 + 12O2 + FP → C4H6O2 + 4CO2 + 12ATP + FPH2      (Eq. 3) 

where FP is the oxidised succinate dehydrogenase (involved in the tricarboxylic acid 

cycle, TCA), FPH2 the reduced succinate dehydrogenase and C4H6O2 the empirical 

formula of the PHA monomer. According to Eq. 3, the theoretical yield for bioconversion 

of CH4 into PHA (YPHA) can be estimated to 67 %. However, the fact that part of the CH4 

and O2 consumed has to be converted to CO2 to generate NADP+ for the acetoacetyl-

CoA reductase in the PHB biosynthetic pathway,  results in a  decrease of the theoretical 
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YPHA to 54 %.90 The adjustment of the experimental YPHA values to the theoretical ones 

depends not only on the purity and the type of the strain, but also on the cultivation 

conditions. Previous studies with mixed bacterial cultures typically reported lower PHA 

accumulations (up to 35-45 % wt) than those obtained with pures strains.91,92 Several 

nutrient limitations have been assessed to promote PHB production, N-limitation often 

resulting in the highest PHA contents (up to 50 % wt).88,91 Rostkowski et al.93 

demonstrated that the oxygen concentration and the nitrogen source employed for 

methanotrophic growth influence PHB synthesis, nitrogen gas mediating a PHA content 

of 45 % and ammonium of 50-60 % in Methylosinus trichosporium OB3b and 

Methylocystis parvus OBBP, respectively, at oxygen partial pressures of 0.10-0.30 atm. 

Furthermore, previous studies also optimized macro- and micronutrient concentrations 

in the culture broth to maximize PHB accumulation in M. parvus OBBP, copper and 

calcium representing the most critical elements to be adjusted.89 It must be highlighted 

that most works on PHA production by obligate methanotrophs have been carried out 

batchwise, which challenges its implementation in bioreactors under continuous 

operation. In addition, mosts studies were conducted using pure CH4 (readers are 

referred to Table 3 in Cantera et al.28 for detailed information on previous works), the 

feasibility of biogas as a viable feedstock requiring further experimental assessment. 

Recent studies have evaluated the production of new PHAs – PHV and copolymers such 

as poly(3-hydroxybutyrate-co-3-hydroxyvalerate) (PHBV) or poly(3-hydroxybutyrate-co-

4-hydroxybutyrate) (P3HB4HB)) – through the addition of ω-hydroxyalkanoates, organic 

acids or alcohols as co-substrates for methanotrophs.94-96 This innovative approach 

might enhance not only the PHA yields and contents, but also the mechanical properties 

of the tailor-made biocomposite compared to PHB. However, future research should 

focus on the evaluation of the influence of new cosubstrates on methanotrophic growth 

and PHA production, aiming at cointegrating this innovative approach within a biorefinery 

concept.  
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Figure 1.7 PHB production pathway in obligate type II methanotrophs. Dotted arrows indicate the 
existence of not-mentioned intermediates (adapted from Pieja et al.97). 

1.3.2.4 Denitrifying anaerobic CH4 oxidation: A promising microbial nitrogen removal 

process in WWTPs 

Approximately 300 Tg of CH4 are produced annually through methanogenesis, of which 

90% is anoxically oxidized by specialized groups of microorganisms before diffusion into 

oxic environments.98 Anaerobic oxidation of methane (AOM) was first discovered in the 

1970s in marine sediments, where the process occurred coupled to sulfate reduction (S-

DAMO, sulfate-dependent anaerobic methane oxidation) (Fig. 1.8A).99 However, the 

archaea and bacteria responsible of this process were actually identified 20 years 

later.100 In the past decade, new AOM processes coupled to nitrate, nitrite (N-DAMO, 

nitrate- and nitrite-dependent anaerobic methane oxidation), manganese and iron (M-

DAMO, metal ion (Mn4+ and Fe3+)-dependent anaerobic methane oxidation) reduction 

were discovered (Fig. 1.8B, C).101,102 
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Fig. 1.8 AOM processes described to date as a function of the electron acceptors (adapted from 
Cui et al.103). A) Sulfate-dependent anaerobic methane oxidation (S-DAMO), B) nitrate- and 
nitrite-dependent anaerobic methane oxidation (N-DAMO) and C) metal ion (Mn4+ and Fe3+)-
dependent anaerobic methane oxidation (M-DAMO). ANME = anaerobic methanotrophic 
archaea; SRB = sulfate-reducing bacteria; M. oxyfera = Candidatus ‘Methylomirabilis oxyfera’; M. 
nitroreducens = Candidatus ‘Methanoperedens nitroreducens’; MBGD = marine benthic group D. 

Among AOM processes, N-DAMO (namely for clarity purposes DAMO, denitrifying 

anaerobic methane oxidation) represents an important link between the nitrogen and the 

carbon cycles, and might be of interest in WWTPs for a combined global warming 

mitigation and N removal through denitrification (since it would avoid the use of 

expensive electron donors such as acetate, methanol, ethanol, etc).104 The 

microorganisms reported to date as the main responsible of DAMO have been identified 

within the archaeal lineage ANME-2d (Candidatus ‘Methanoperedens nitroreducens’) 

and the bacterial phylum NC10 (Candidatus ‘Methylomirabilis oxyfera’) in both natural 

habitats and engineered systems. Both DAMO microorganisms are often found together 

in microbial clusters. Indeed, while the archaeal partner reduces nitrate to nitrite using 

electrons derived from CH4, the bacterial partner reduces nitrite to NO and further to N2 

and O2 via the inter-aerobic denitrification pathway (Fig. 1.8B).105,106 This O2 is mainly 

used for aerobic CH4 oxidation, while the remaining is consumed by terminal respiratory 
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oxidases.107 Equations 4 and 5 show the overall reactions of the DAMO process with 

nitrate or nitrite as the electron acceptor, respectively:108 

CH4 + 4NO3
- → CO2 + 4NO2

- + 2H2O (∆Gº = –503 kJ mol-1 CH4)     (Eq. 4) 

3CH4 + 8NO2
- + 8H+ → 3CO2 + 4N2 + 10H2O (∆Gº = –928 kJ mol-1 CH4)    (Eq. 5) 

The control of the cultivation conditions such as substrate concentrations and 

environmental parameters is crucial in order to ensure a proper DAMO performance. In 

this context, despite M. oxyfera can be acclimated at 20º C, the maximum DAMO activity 

was recorded at 25-30 ºC.109 Previous studies also confirmed that nitrite might result in 

a toxic effect at loadings higher than 1.4 mmol N-NO2
- L-1 d-1, though the effect of nitrate 

concentration/loading was not investigated.110 Similarly, O2 headspace concentrations 

over 2 % (v/v) (corresponding to aqueous concentrations of 0.8 mgO2 L-1) induced a ~3-

fold decrease in CH4 and nitrite consumption rates by M. oxyfera due to oxidative 

stress.111 However, it must be highlighted that DAMO studies reported to date are 

restricted to the use of pure CH4 as electron donor. Since the biogas produced from 

sludge digestion in WWTPs also contains CO2 and H2S, the impact of these components 

on DAMO performance remains unclear. At this point it must be stressed that DAMO 

microbes have been successfully enriched in bioreactors fed with effluent discharged 

from WWTPs, which indicates that DAMO could be applied in wastewater treatment.56,112 

However, the slow growth rate of these microorganisms often jeopardise the 

implementation of DAMO at full-scale. Thus, DAMO strictly demands i) reactor 

configurations with an effective biomass retention and ii) an efficient gas-liquid mass 

transfer of CH4 to trigger biofilm formation (12-24 months to ensure > 50 % DAMO in the 

whole community) and enhanced bioreaction rates.113 In this context, recent studies have 

proposed the co-cultivation of DAMO and anammox microbial communities in MBfRs in 

order to achieve higher N removals and an effective CH4 mitigation, though the time 

required to enrich these consortia (12-15 months) still hinders its implementation at full-
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scale.57,114 Further research should then be focused on the implementation of high-mass 

transfer bioreactors and on exploring alternative microbial partners to increase both CH4 

and N removals. 
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Justification of the thesis 

The severe environmental impacts governing climate change have been unequivocally 

attributed to the increasing concentration of GHGs in the atmosphere. Since most 

ecosystems and forms of life in Earth are threatened in the forthcoming scenario of 

increasing GHGs (e. g. CH4) emissions, there is an urgent need to develop sustainable 

technologies for the active abatement of CH4 emissions. In this regard, biotechnologies 

can become, if properly tailored, a promising alternative to physical/chemical 

technologies for a cost-effective and environmentally friendly CH4 mitigation. However, 

several limitations must be still addressed in order to ensure a cost-effective 

implementation of these technologies at full-scale. Moreover, further research is still 

required to optimize the creation of additional value out of biological CH4 mitigation and 

convert CH4 abatement biotechnologies into a key platform for the development of a 

sustainable bioeconomy. 

Main objectives 

The overall objective of this thesis was to overcome some of the current limitations of 

CH4 abatement biotechnologies restricting their widespread implementation beyond lab-

scale applications, to add new insights on the microbiology underlying CH4 

biodegradation and to create additional value out of CH4 mitigation within a biorefinery 

concept. More particularly, the specific objectives addressed to achieve this overall goal 

are: 

i. Elucidation of the fungal ability to biodegrade CH4 and evaluation of the role of 

fungi in a mixed bacterial-fungal biofilter treating diluted CH4 emissions in order 

to improve the mass transfer (and thus, the abatement performance) of this GHG 

at reduced empty bed residence times (EBRTs). 
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ii. Evaluation of feast-famine strategies as a novel operational approach to minimize 

biomass overgrowth and therefore, to reduce the pressure drops and improve the 

lifespan of the packing material used during the biofiltration of diluted CH4 

emissions. Evaluation of the influence of these strategies on the methanotrophic 

community structure through metagenomics. 

iii. Assessment of the influence of CH4 concentration during culture enrichment on 

the methanotrophic population structure, CH4 biodegradation kinetics and 

polyhydroxyalkanoate (PHA) accumulation. This knowledge will help identifying 

inocula with adequate biodegradation features to facilitate the start-up of CH4 

abatement biotechnologies and ensure a proper abatement performance in the 

long-term bioreactor operation with a concomitant production of high-added value 

products. 

iv. Assessment of the feasibility of biogas (with and without H2S) as a substrate to 

grow type II methanotrophs and accumulate PHAs under nitrogen-limited 

conditions. Evaluation of the feasibility of volatile fatty acids (VFAs) as carbon 

and energy source to support the growth of type II methanotrophs and to produce 

tailor-made PHAs with and without biogas. 

v. Evaluation of the potential of denitrifying anaerobic methane oxidation (DAMO) 

in a biotrickling filter using nitrate as a nitrogen source and electron acceptor, and 

CH4 from biogas as the unique electron donor, with a special focus on minimizing 

nitrous oxide emissions. Assessment of the influence of H2S (typically present in 

biogas) on the DAMO community and the overall denitrification performance. 

Development of the thesis 

In the current thesis, CH4 abatement biotechnologies were investigated from a macro- 

and microscopic point of view. More specifically: 
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In order to fullfill the first two objectives aforementioned and overcome the mass transfer 

limitation and biomass overgrowth issue, the potential of fungi and feast-famine regimes 

during CH4 biofiltration was evaluated in Chapters 3 and 4, respectively. Then, the 

characteristics of the microbial communities involved in CH4 biodegradation were 

investigated during culture enrichment under different CH4 concentrations in accordance 

to the third specific objective (Chapter 5). The creation of additional value out of CH4 

mitigation was further evaluated using biogas as a readily available and low-cost 

substrate, according to the fourth and five objectives. For this purpose, the growth and 

PHA accumulation potential of a type II methanotroph using biogas and/or VFAs as 

carbon and energy sources was addressed in Chapter 6. Finally, the potential of DAMO 

as a cost-effective platform for nitrogen removal using biogas (with and without H2S) as 

an electron donor in a biotrickling filter configuration was investigated in Chapter 7
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• Graphium sp. was able to sustain CH4

oxidation when methanol was sup-

plemented.
• Fungal-bacterial biofilter showed REs

∼90% at an EBRT of 20 min.
• Indigenous fungal community played

a key role in process performance.
• Frequent irrigation prevented

metabolite accumulation and sup-

ported steady removal.
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a b s t r a c t

Despite several fungal strains have been retrieved from methane-containing environments, the actual

capacity and role of fungi on methane abatement is still unclear. The batch biodegradation tests here

performed demonstrated the capacity of Graphium sp. to co-metabolically biodegrade methane and

methanol. Moreover, the performance and microbiology of a fungal-bacterial compost biofilter treating

methane at concentrations of ∼2% was evaluated at empty bed residence times of 40 and 20 min un-

der different irrigation rates. The daily addition of 200 mL of mineral medium resulted in elimination

capacities of 36.6 ± 0.7 g m−3 h−1 and removal efficiencies of ≈90% at the lowest residence time. The

indigenous fungal community of the compost was predominant in the final microbial population and

outcompeted the inoculated Graphium sp. during biofilter operation.

© 2015 Elsevier Ltd. All rights reserved.

1. Introduction

Methane (CH4), with a global warming potential 25 times

higher than that of CO2 is the second most important greenhouse

gas (GHG), accounting nowadays for nearly 20% of the greenhouse

∗ Corresponding author.

E-mail address: raquel.lebrero@iq.uva.es (R. Lebrero).

impact in a 100 years horizon. The atmospheric concentration of

CH4 has increased by a factor of 2.5 over the past millennium,

thus seriously compromising the maintenance of the average earth

temperature in this 21st century (IPCC, 2013; EPA, 2013). CH4

is currently emitted by natural and anthropogenic sources at an

average rate of 600 Tg yr−1, 55% of the anthropogenic emissions

presenting CH4 gas concentrations below 3% v/v (Avalos Ramírez

et al., 2012).

http://dx.doi.org/10.1016/j.chemosphere.2015.08.017
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In order to limit the adverse effects of CH4 on climate change,

these emissions must be prevented or properly treated using cost-

effective end-of-the-pipe technologies. Despite CH4 emissions not

suitable for energy recovery (i.e. CH4 gas concentrations below 30–

40% v/v) can be mitigated by flaring, minimal flow rates of 15–

30 m3 h−1 and CH4 concentrations preferably above 20–30% v/v

are required to ensure its cost-effectiveness (Nikiema and Heitz,

2009). However, significantly lower CH4 concentrations can be

found in fugitive emissions from landfills (0–20%), ventilated coal

mines (0.1–1%), or covered liquid manure storage tanks (0–3%)

among others (Estrada et al., 2014). In this context, biological tech-

nologies represent a potential alternative approach for mitigat-

ing these low CH4-loaded emissions. These biotechnologies en-

tail lower operating costs and environmental impacts compared to

their physical-chemical counterparts, biofiltration offering the sim-

plest implementation and operation (Estrada et al., 2012).

Methanotrophs-based biofilters have been extensively applied

during the past two decades to reduce CH4 emissions from land-

fills, livestock farms or even coal mines (Girard et al., 2011;

Haubrichs and Widmann, 2006). However, the low aqueous solu-

bility of CH4 (dimensionless Henry’s law constant, H = Cgas/Cwater,

of 29.4 at 1 atm and 25 °C) limits its cost-effective biological abate-

ment (López et al., 2013). Therefore, there is an urgent need to in-

vestigate alternative approaches to increase the mass transfer of

CH4 from the gas phase to the methanotrophic communities re-

sponsible for its bioconversion to CO2, H2O and new biomass. In

this context, fungal biofilters exhibit a better performance than

their bacterial counterparts during the abatement of hydrophobic

gas pollutants due to the presence of cell surface-associated hy-

drophobins (which lower the overall H of the process) and to the

aerial hyphae associated to the mycelial growth of fungi (which

supports a larger surface area available for gas pollutant mass

transfer) (Kennes and Veiga, 2004; Vergara-Fernández et al., 2008).

Unfortunately, despite the potential of fungal biofiltration for the

abatement of poorly water soluble gas pollutants, few studies have

systematically investigated the performance of fungal-based biofil-

ters for CH4 abatement (either standalone or in consortium with

bacteria), and to the best of our knowledge, the potential of fungi

for CH4 oxidation remains still unclear (Girard et al., 2012; Zajic

et al., 1969).

This study aimed at evaluating the performance of fungal-

bacterial biofiltration for the abatement of CH4 at low concen-

trations. The influence of the biofilter irrigation rate on the CH4

abatement performance was assessed. The structure and composi-

tion of the bacterial and fungal communities was also investigated.

Finally, the ability of a pure strain of the fungus Graphium sp. to

biodegrade CH4 was evaluated.

2. Materials and methods

2.1. Chemicals and inocula preparation

The modified Bruner mineral salt medium (MSM) used for

biofilter irrigation and microbial cultivation was composed of

(g L−1): Na2HPO4·12H2O (6.15), KH2PO4 (1.52), NaNO3 (2.44),

MgSO4·7H2O (0.8), CaCl2·2H2O (0.2) and 40 mL L−1 of a trace el-

ements solution prepared according to Lebrero et al. (2012). Addi-

tionally, 2.4 mL L−1 of a 1 g Cu2+ L−1 stock solution were added to

the MSM to achieve an initial Cu2+ concentration of ∼40 μM. The

MSM was also supplemented with the antibiotic chloramphenicol

(Sigma–Aldrich, USA) at 0.02 g L−1 to promote fungal growth over

possible competing bacterial strains, and its final pH was adjusted

to 4.

The biofilter was inoculated with 200 mL of a pure strain of

Graphium sp. NRRL 3915 (ATCC 58400, USA) cultivated for 5 days

under sterile conditions according to the ATCC 58400 guidelines

in potato starch broth in an orbital agitator (MaxQ4000, Thermo

Scientific, USA) at 150 rpm and 25 °C.

All chemicals for MSM preparation were purchased from

Panreac® (Barcelona, Spain), potato starch was supplied by

Fluka (Fluka Analytical 70139-500 G, Switzerland) and methane

(>99.95%) was supplied by Abello-Linde (Spain).

2.2. Biofilter set-up and operation

The biofilter consisted of a jacketed PVC column with 1 m

height and 0.08 m of inner diameter (Fig. 1). The BF was filled

with 4 L of compost (Compos Sana® Universal, Spain) to a final

height of 0.8 m. The packing material, characterized according to

standard methods (TMECC, 2002), exhibited a pH of 5.25 and a

moisture content of 13.9%. A CH4 gas stream, accurately regulated

with a mass flow controller (Aalborg, USA), was mixed with pre-

humidified air (sparged through a 8.5 L water column) and fed to

the BF in an up-flow configuration (gas rotameter, Aalborg, USA).

This operation resulted in a CH4 concentration of 13.6 ± 0.8 g m−3

(≈2% v/v CH4). The temperature of the CH4 laden air stream was

maintained at 25 ± 1 °C and the humidity averaged 82 ± 1%.

The BF was operated for 2 days under abiotic conditions (prior

to compost packing) in order to rule out the occurrence of non-

biological CH4 removal derived from photolysis or CH4 adsorption

in the pipeline or the reactor material. Then, the BF was inocu-

lated with Graphium sp. and operated for 17 days at an inlet load

(IL) of 20.0 ± 0.8 g m−3 h−1 (empty bed residence time, EBRT, of

40 min). Despite the IL was increased to 41.1 ± 1.3 g m−3 h−1

(EBRT = 20 min) from days 17–25, the initial IL value was re-

stored due to an unexpected inhibition of the microbial com-

munity. Finally, the IL was again increased and maintained at

40.8 ± 0.7 g m−3 h−1 from day 54 onward. The irrigation frequency

was adjusted throughout the experimentation: 200 mL of MSM ev-

ery three days from days 7–33, 200 mL every two days from day

33–67, and 200 mL daily irrigated from day 67–97. A perforated

plate was placed at the top of the bed in order to ensure uniform

wetting of the packing material and to avoid the occurrence of dry

zones.

2.3. Batch CH4 degradation tests

Batch biodegradation tests were performed in order to as-

sess the ability of Graphium sp. to degrade CH4. A pure strain

of Graphium sp. NRRL 3915 (ATCC 58400, USA) was cultivated on

agar plates for 6 days until clear mycelial growth was observed.

Agar plates consisted of potato starch agar gel (Sigma–Aldrich,

USA) with 1 mL L−1 of lactic acid to suppress bacterial growth

by medium acidification. A portion of fungal mycelium was re-

suspended under sterile conditions in duplicate 125 mL serological

bottles containing 30 mL of sterile MSM. The bottles were sealed

with rubber butyl stoppers and aluminium caps, and CH4 was sup-

plied to the air headspace in order to achieve a final concentra-

tion of ∼20% v/v. The bottles were incubated in an orbital shaker

at 150 rpm and 25 °C for 33 days. By day 8, 1 mL of a 24 g L−1

potato starch solution was injected into the bottles. By days 25 and

29, 4 and 8 μL of methanol, respectively, were added into the bot-

tles to achieve aqueous concentrations of 100 and 200 mg L−1, re-

spectively. The headspace concentration of CH4, O2 and CO2 were

periodically determined by GC-TCD.

2.4. Analytical procedures

CH4, O2 and CO2 gas concentrations were determined in

a Bruker 430 GC-TCD (Palo Alto, USA) equipped with a CP-

Molsieve 5A (15 m × 0.53 μm × 15 μm) and a CP-PoraBOND Q
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Fig. 1. Schematic of the experimental set-up.

(25 m × 0.53 μm × 10 μm) columns. The oven, injector and de-

tector temperatures were maintained at 45 °C, 150 °C and 200 °C,

respectively. Helium was used as the carrier gas at 13.7 mL min−1.

Samples for the determination of total organic carbon (TOC) and

total nitrogen (TN) concentrations were filtered through 0.7 μm

glass fiber filters (Merck Millipore, USA) prior to analysis in a TOC-

VCSH analyzer (Shimadzu, Japan) coupled with a chemilumines-

cence detection TN module (TNM-1) (Shimadzu, Japan). The tem-

perature and humidity of the CH4-laden air flow were measured

using a Testo 605-H1 detector (Testo AG, Germany). Pressure drop

was monitored by means of a differential pressure meter using wa-

ter as the manometric fluid. The pH of the leachate collected be-

fore each new irrigation was measured with a pH meter Basic 20

(Crison, Spain).

2.5. Microbiological procedures

The structure and composition of the bacterial and fungal com-

munities in the BF were evaluated in samples of the initial com-

post used as BF packing material (1), and samples of compost (2)

and leachate (3) at the end of the experiment. Genomic DNA was

extracted using the protocol described in the Fast® DNA Spin Kit

for Soil handbook (MP Biomedicals, LLC), adjusting the time of

binding of DNA to the silica matrix to 1 h. The V6–V8 regions of

the bacterial 16S rRNA genes were amplified by Polymerase Chain

Reaction (PCR) using the universal bacterial primers 968-F-GC and

1401-R (Sigma–Aldrich, St. Louis, MO, USA) (Nübel et al., 1996). The

V4–V5 regions of the universal fungal 18S rRNA genes were am-

plified by PCR using the primers nu-SSU-0817F and nu-SSU-1196R

(Borneman and Hartin, 2000). The PCR mixture contained 2 μL of

each bacterial or fungal primer (10 ng μL−1 each primer), 25 μL

of BIOMIX ready-to-use 2 × reaction mix (Bioline, UK), PCR re-

action buffer and deoxynucleotide triphosphates (dNTPs), 2 μL of

the extracted DNA and Milli-Q water up to 50 μL. PCR was per-

formed in a iCycler Thermal Cycler (Bio-Rad Laboratories, Hercules,

CA) with the following thermo-cycling program for bacterial am-

plification: 2 min of pre-denaturation at 95 °C, 35 cycles of denat-

uration at 95 °C for 30 s, annealing at 56 °C for 45 s, and elon-

gation at 72 °C for 1 min, with a final elongation at 72 °C for

5 min. The thermo-cycling program for fungal amplification was

characterized by 5 min of pre-denaturation at 94 °C, 35 cycles of

denaturation at 94 °C for 45 s, annealing at 50 °C for 45 s, and

elongation at 72 °C for 1 min, with a final elongation at 72 °C for

5 min.

DGGE analyses of the bacterial and fungal amplicons were per-

formed on 8% (w/v) polyacrylamide gels with urea/formamide de-

naturing gradients of 45–65% and 23–45%, respectively (Borneman

and Hartin, 2000; Roest et al., 2005). Electrophoresis was per-

formed with a D-Code Universal Mutation Detection System (Bio-

Rad Laboratories, Hercules, CA) in 0.5 × Tris-acetate-EDTA (TAE)

buffer at 60 °C and 85 V for 16 h (bacterial DNA electrophore-

sis) or 70 V for 18 h (fungal DNA electrophoresis). The gels were

stained with GelRed Nucleic Acid Gel (1:10000 dilution) (Biotium

Inc, Hayward, CA) for 1.5 h. Individual bands were excised from

the DGGE gel with a sterile blade, resuspended in 50 μL of ul-

trapure water, and maintained at 60 °C for 1 h to allow DNA ex-

traction from the gel. A volume of 5 μL of the supernatant was

used for reamplification with the original primer sets. Before se-

quencing, PCR products were purified using the GenElute PCR DNA

Purification Kit (Sigma–Aldrich, St. Louis, MO, USA). The taxonomic

position of the bacterial sequenced DGGE bands was obtained us-

ing the RDP classifier tool (50% confidence level) (Wang et al.,

2007). The closest matches to each band for both bacteria and

fungi were obtained using the Standard Nucleotide BLAST search

tool at the NCBI (National Centre for Biotechnology Information)

(McGinnis and Madden, 2004). The nucleotide sequences were de-

posited in GenBank database under accession numbers KM886276

- KM886289 for bacteria and KM886290 - KM886306 for fungi. The

DGGE patterns obtained were compared using the GelCompar IITM
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software (Applied Maths BVBA, Sint-Martens-Latem, Belgium). The

gels were normalized by using internal standards within the DGGE

gels. After image normalization, bands were defined for each sam-

ple using the bands search algorithm within the program. The soft-

ware carried out a density profile analysis for each lane, detected

the bands and calculated their relative contribution to the total

band intensity in the lane, thus allowing the estimation of the rel-

ative abundances. Similarity indexes within the bacterial popula-

tions were calculated from the densitometric curves of the scanned

DGGE profiles by using the Pearson product–moment correlation

coefficient (Häne et al., 1993), and were subsequently used to gen-

erate the dendrogram by using UPGMA clustering with error re-

sampling (500 resampling experiments). Peak heights in the den-

sitometric curves were also used to determine the diversity in-

dexes based on the Shannon–Wiener diversity index, calculated as

follows (Eq. (1)):

H = −
∑

[Pi ln(Pi)] (1)

where P i is the importance probability of the bands in a lane (P

i = n i/n, n i is the height of an individual peak and n is the sum

of all peak heights in the densitometric curves).

3. Results

3.1. Biofilter operation

The BF did not show any significant CH4 removal until the

start up of irrigation by day 8, its CH4 abatement perfor-

mance rapidly increasing afterwards and stabilizing at an EC of

19.5 ± 0.9 g m−3 h−1 (corresponding to a removal efficiency,

RE, of ∼100%) from day 11–17 (Fig. 2A). Similarly, CO2 produc-

tion (PCO2) increased with system irrigation and stabilized at

29.8 ± 1.7 g m−3 h−1 (corresponding to a CH4 mineralization

of 55.6 ± 4.7%) (Fig. 2B). At this point, it is important to no-

tice that compost biodegradation could have slightly contributed

to CO2 production despite a highly stabilized compost was used

as packing bed material. Thus the mineralization ratios here pre-

sented might be slightly overestimated. The increase in IL by a

factor of 2 at day 18 resulted in an immediate increase of the

EC to 44.6 g m−3 h−1. However, this initial EC peak was fol-

lowed by a gradual deterioration of the biofilter performance in

terms of both CH4 abatement and CO2 production, which en-

tailed the restoration of the initial IL by day 26. Whereas this

decrease in IL prevented from a further deterioration of the EC,

neither CH4 abatement nor CO2 production stabilized, and fluc-

tuated from 6.7 to 17.0 g CH4 m−3 h−1 and from 19.9 to 28.0 g

CO2 m−3 h−1, respectively, within the following 7 days. During

this period, the highest ECs were always recorded after biofilter

irrigation. The irrigation frequency was thus increased to 200 mL

of MSM every 2 days (100 mL day−1) from day 33, which re-

sulted in the stabilization of CH4 abatement by day 46 at REs of

96.6 ± 1.7% and ECs of 19.3 ± 0.4 g m−3 h−1. A steady PCO2 of

41.6 ± 1.3 g m−3 h−1 was also recorded, corresponding to a CH4

mineralization of 78.3 ± 1.4%.

The IL was increased again to ∼41 g m−3 h−1 by day 53, and

a concomitant increase in the EC to 38.5 g m−3 h−1 was recorded.

The EC during this operational stage fluctuated between 27.3 and

38.5 g m−3 h−1, the highest bed humidity corresponding to the

highest ECs. A daily irrigation of the packed bed was thus im-

plemented by day 67, resulting in the stabilization of the EC at

36.6 ± 0.7 g m−3 h−1 (REs = 88.8 ± 1.4%) between days 78 and

87 of operation. PCO2 also increased as a result of the higher IL,

stabilizing after the implementation of the new irrigation rate at

82.2 ± 2.9 g m−3 h−1 (corresponding to a CH4 mineralization of

81.7 ± 4.1%).

In order to assess the occurrence of CH4 mass transfer limi-

tation in the system, a 3 times step increase in the IL was in-

duced by day 88 (by increasing CH4 concentration from 13.5 up

to 40.5 g m−3) for 2.5 h (Fig. 3). Methane and CO2 concentrations

were continuously monitored. The increase in IL resulted in an in-

crease in the EC and CO2 production by a factor of 2.3 and 1.6,

respectively.

A low pressure drop was recorded in the BF regardless

of the irrigation rate, with average and maximum values of

1.8 ± 1.0 Pa m−1 and 4.4 Pa m−1, respectively. Finally, the pH of

the collected leachate during the first and second irrigation strate-

gies remained at 6.0 ± 0.3, while the intensification of the irriga-

tion rate during the last operational period resulted in a progres-

sive increase and stabilization of the pH at 7.1 ± 0.2.

Fig. 2. (A) Time course of the inlet CH4 load (continuous line) and EC (◦, contin-

uous line). (B) Time course of the inlet (�) and outlet (�) CH4 concentration, CO2

production (●) and removal efficiency (continuous line). Vertical lines represent the

shifts in the irrigation frequency.
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Table 1

RDP classification of the bacterial DGGE bands sequenced and corresponding matches (BLASTN) using the NCBI database with indication of the similarity percentages and

sources of origin. The presence/absence of each band in each sample tested is also shown.

Taxonomic placement (50%

confidence level)

Band n° A B C Closest relatives in blast name (accession

number)

Similarity

(%)

Source of origin

Phylum Proteobacteria

Class Gammaproteobacteria

Order Methylococcales

Family Methylococcaceae

B1 X Methylomicrobium agile (NR_116197) 94 Culture collection

B2 X X Uncultured bacterium (KF957454) 92 Activated sludge from WWTP, soil from a

landfill cover and sludge from an aerobic

lagoon stabilizing the effluents from an

anaerobic digester

B3 X X Methylomicrobium album (NR_116196) 98 Culture collection

Uncultured bacterium (AB504639) 96 Methane oxidizing DHS reactor

B4 X X Uncultured bacterium (KF957454) 98 Activated sludge from WWTP, soil from a

landfill cover and sludge from an aerobic

lagoon stabilizing the effluents from an

anaerobic digester

Methylomicrobium agile (X72767) 97 Culture collection

Genus Methylomicrobium

B5 X Methylomicrobium agile (NR_116197) 99 Culture collection

Methylomicrobium album (NR_116196) 99 Culture collection

B6 X X X Uncultured bacterium (KF957454) 100 Activated sludge from WWTP, soil from a

landfill cover and sludge from an aerobic

lagoon stabilizing the effluents from an

anaerobic digester

Methylomicrobium agile (NR_116197) 100 Culture collection

Methylomicrobium album (NR_116196) 100 Culture collection

Genus Methylosarcina

B7 X X Uncultured bacterium (KF957454) 93 Activated sludge from WWTP, soil from a

landfill cover and sludge from an aerobic

lagoon stabilizing the effluents from an

anaerobic digestor

Order Xanthomonadales

Family Xanthomonadaceae

Genus Silanimonas

B8 X Uncultured bacterium (GQ480152) 92 Activated sludge from waste water

treatment plant

Genus Dokdonella

B9 X X X Uncultured gamma proteobacterium

(HM238179)

99 Biofilter treating waste gas

Dokdonella soli (NR_044554) 99 Soil

Uncultured bacterium (JQ914121) 99 Biotrickling filters (BTFs) treating

butanone, toluene, alpha-pinene and

hexane

Uncultured bacterium (JQ038783) 99 Biotrickling filter (BTF) treating low

concentrations of methyl mercaptan,

toluene, alpha-pinene and hexane

Genus Rhodanobacter

B10 X X Uncultured gamma proteobacterium

(JQ919699)

98 Gasoline-polluted soil

Rhodanobacter soli (NR_116741) 98 Soil from ginseng field

Rhodanobacter caeni (NR_108570) 97 Culture collection

Class Alphaproteobacteria

Order Rhizobiales

B11 X X X Uncultured Mesorhizobium sp. (HM492840) 94 Bioreactor simulating a low temperature

oil reservoir

Family Methylocystaceae

Genus Methylosinus B12 X X Methylosinus trichosporium (AJ868424) 99 Soil

Methylosinus trichosporium (KC353469) 99 Methane-rich landfill sediment

Order Caulobacterales

Family Caulobacteraceae

Genus Asticcacaulis

B13 X X X Uncultured Asticcacaulis sp. (JN590648) 94 Cluster roots

Phylum Actinobacteria

Class Actinobacteria

Subclass Actinobacteridae

Order Actinomycetales

Suborder Micrococcineae

Family Microbacteriaceae

B14 X X Labedella gwakjiensis (KF040994) 99 Culture collection

Microbacteriaceae (AF409008) 99

Uncultured Microbacteriaceae (AM934973) 98 Pilot-scale bioremediation process of a

hydrocarbon-contaminated soil
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Fig. 3. Time course of the IL (continuous line), EC (◦, dashed line), and CO2 produc-

tion (●, dotted line) during the mass transfer limitation test.

3.2. Internal structure and molecular composition of the microbial

communities

The bacterial Shannon–Wiener diversity index, with typical val-

ues ranging from 1.5 to 3.5 (low and high species evenness and

richness, respectively) (McDonald, 2003), was high in both the

initial compost (3.2) and final packing material (3.5) communi-

ties, whereas the leachate community showed the lowest diver-

sity (2.9). Similarity indexes of 34 and 28% were obtained between

the initial compost and the final packing and leachate samples, re-

spectively. An 84% similarity was obtained between the commu-

nities of both end-of-operation samples. From the bacterial DGGE

gel, 14 bands were sequenced (Fig. 4A). Two different phyla were

retrieved according to the RDP classifier tool (bootstrap value of

50%): Proteobacteria (13 bands) and Actinobacteria (1 band). The

closest matches for each band are shown in Table 1, along with

its similarity percentages and sources of origin.

The Shannon–Wiener diversity indexes calculated for the fun-

gal communities were considerably lower compared to those of

bacteria, ranging from 1.9 for the leachate to 2.2 and 2.3 for the

final packing material and initial compost, respectively. The com-

munities present in the leachate and final packing material showed

a high similarity (83%), whereas Pearson similarity values as low

Fig. 4. Bacterial (A) and fungal (B) DGGE patterns of the initial compost (1), leachate (2) and final packing material (3) in the BF. The numbers correspond to the 14 bacterial

and 17 fungal bands sequenced.
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Table 2

Classification of the fungal DGGE bands sequenced and corresponding matches (BLASTN) using the NCBI database with indication of the similarity percentages and sources

of origin. The presence/absence of each band in each sample tested is also shown.

Phylum Band n° A B C Closest relatives in blast name (accession number) Similarity

(%)

Source of origin

Phylum Ascomycota 1 x Unultured Leotiomycetes (JQ320934) 100 Soil

Teberdinia hygrophila (JQ780655) 99 Peat

Graphium sp. (HQ595739) 99

2 x Uncultured Leotiomycetes (JQ320934) 100 Peanut soil

Phialocephala sp. (EU155146) 99

Graphium rubrum (AB007660) 99

Graphium silanum (AB007661) 99

3 x Collophora rubra (GQ154627) 99

Graphium sp. (HQ595739) 99

4 x x Uncultured Sordariomycetes (JQ321200) 99 Peanut soil

Hypoxylon haematostroma (AF346543) 99 Soil

Uncultured fungus (GU201204) 98 Test site free air carbon exchange

enrichment elevated CO2 ring 2

5 x x Penicillium oxalicum (KF152942) 99 Soil

Penicillium chrysogenum (JF718786) 99 Heavy metal contaminated soil

Eupenicillium javanicum (JN546126) 99 Oxygen minimum zone, Arabian Sea

6 x x Thysanophora penicillioides (AF454064) 99

Penicillium spinulosum (FJ717700) 99

Penicillium sp. (KF741226) 99 Marine sediment

7 x Penicillium oxalicum (KF152942) 99 Soil

Penicillium sp. (KF769006) 99

Uncultured fungus (AB468631) 99 Methane cold seep sediment

8 x x Penicillium sp. (HM773238) 100

Penicillium oxalicum (KF152942) 99 Soil

Phylum Basidiomycota 9 x Uncultured fungus (AB534336) 97 Soil

Mrakiella aquatica (AB032621) 97

Uncultured Auriculariaceae (EF023155) 97 Trembling aspen rhizosphere under ambient

CO2 conditions

Trichosporon pullulans (AB001766) 97

10 x Mrakia frígida (KC991038) 93

Uncultured fungus (AB534336) 93 Soil

11 x x x Uncultured fungus (AB534491) 99 Paddy field soil

Uncultured Tremellaceae (EF023503) 99 Trembling aspen rhizosphere under ambient

CO2 conditions

Uncultured Basidiomycota (JQ627512) 99 Microbial biofilm on mineral composite

substrate

Uncultured Tremellomycetes (FM178256) 99 Malthouse waste water

12 x Uncultured fungus (EU726037) 98 Laboratory litter decomposition microcosom

Uncultured fungus (EU726037) 97 Activated sludge from municipal wastewater

treatment plant

Uncultured fungus (EU708416) 97 Subsurface soil contaminated with

lightweight fuel and lubrication oil

Uncultured fungus (JN638383) 97 Activated sludge from high-sulfur antibiotic

waste water

Unidentified fungi 13 x x Uncultured fungus (EU910609) 92 Sediment sample

14 x x Uncultured fungus (EU053242) 99 Rhizosphere of plants on mine tailings

Uncultured Chytridiomycota (GQ995262) 93 Soil

15 x x x Uncultured fungus (EU053242) 99 Rhizosphere of plants on mine tailings

16 x x Uncultured fungus (EU053242) 99 Rhizosphere of plants on mine tailings

Uncultured Chytridiomycota (GQ995261) 92 Soil

17 x x x Uncultured fungus (EU053242) 98 Rhizosphere of plants on mine tailings

as 31% between the initial compost and the leachate and 34% be-

tween the initial compost and the packing material were obtained.

Among the 17 bands sequenced from the fungal DGGE gel (Fig. 4B),

8 bands were assigned to the Ascomycota phylum, 4 bands to the

Basidiomycota phylum and 5 bands corresponded to unidentified

fungi. The closest matches for each band are shown in Table 2,

along with its similarity percentages and sources of origin.

3.3. Batch CH4 degradation tests

No CH4 degradation was observed during the first 8 days of ex-

perimentation, when CH4 headspace concentrations remained con-

stant at 136 ± 5 and 147 ± 6 g CH4 m−3 in bottles 1 and 2, re-

spectively (Fig. 5). The addition of potato starch to promote fungal

growth resulted in an increase in the CO2 headspace concentration

concomitantly with a decrease in the O2 headspace concentration,

whereas no significant CH4 uptake was recorded (CH4 concentra-

tions of 133 ± 4 and 147 ± 4 g CH4 m−3 in bottles 1 and 2). The

first addition of methanol promoted CH4 oxidation to steady val-

ues of 115 ± 2 and 129 ± 2 g m−3 in bottles 1 and 2, respectively,

concomitantly with an increase in CO2 and a decrease in O2 con-

centrations. By day 29, the additional supplementation of methanol

significantly boosted CH4 degradation by Graphium sp. to final con-

centrations of 30 ± 3 g m−3 in bottle 1 and 29 ± 4 g m−3 in bottle

2.

4. Discussion

Bacterial BFs for CH4 abatement usually face mass transfer lim-

itations as a result of the poor water solubility of this green-

house gas pollutant. Hydrophilic storage compounds such as exo-

polysaccharides are produced by methanotrophs, which accumula-

tion in the biofilm can slightly decrease CH4 and O2 transfer from
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Fig. 5. Time course of CH4 (�), CO2 (�) and O2 (●) average concentrations and

their corresponding standard deviation in the batch tests in bottles 1 and 2. Vertical

lines represent the supplementation of a potato starch solution (dotted line), 4 μL

of methanol (dotted-dashed line) and 8 μL of methanol (dashed line).

the air emission and therefore deteriorate BF performance (Avalos-

Ramírez et al., 2012). On the other hand, fungal BFs have been

widely employed for the abatement of hydrophobic pollutants as a

result of their enhanced mass transfer due to the high hydropho-

bicity of the fungal cell wall and to the ability of fungi to colonize

with their aerial hyphae the empty space in the BF (Arriaga and

Revah, 2005). However, fungi-based BFs have been scarcely applied

to CH4 removal.

The fungal-bacterial BF achieved stable ECs of

36.6 ± 0.7 g m−3 h−1 (maximum EC = 38.5 g m−3 h−1) and

REs ∼ 90% operating at an EBRT of 20 min. Despite the wide

variability of data found in literature, these ECs are comparable

to those previously observed in bacterial organic-based BFs treat-

ing diluted CH4 emissions at higher EBRTs (López et al., 2013).

Conversely, none of the BFs operated at lower or similar EBRTs

than those implemented in this study achieved such high removal

efficiencies, which are mandatory to avoid the detrimental envi-

ronmental effects derived from diluted CH4 emissions (Table 1,

supporting information). For instance, Pratt et al. (2012) com-

pletely removed 0.1% v/v CH4 in a soil-based BF working at 90 min

of EBRT, whereas studies conducted at EBRTs ranging from 4 to

18 min and working at significantly lower inlet CH4 concentrations

(0.1–1% v/v) did not exceed RE of ∼50% (Nikiema and Heitz, 2009;

Girard et al., 2012; Ramirez et al., 2012). Similarly, the removal

of CH4 in biotrickling filters packed with inorganic materials

and operated at EBRTs of ∼4 min achieved maximum ECs of

21–45 g m−3 h−1 with REs as low as 11–34% (Avalos-Ramírez

et al., 2012; Estrada et al., 2014; Lebrero et al., 2015). Finally,

whereas the ECs here obtained did not reach the maximum ECs

(106 and 51 g m−3 h−1) recorded in stirred tank reactors and

multiphase systems, respectively, at low EBRTs (∼5 min), these

ECs were obtained at the expenses of prohibitively high energy

consumptions and low REs (57% and 39%, respectively) (Rocha-

Rios et al., 2009). Nevertheless, and in spite of the promising

results here obtained in the fungal-bacterial BF, mass transfer

still limited CH4 abatement as demonstrated by the mass transfer

test.

This study also highlighted the relevance of the irrigation strat-

egy on BF performance, a high irrigation frequency being essential

to achieve steady ECs in the BF and to avoid performance dete-

rioration. This frequent irrigation likely prevented metabolite ac-

cumulation in the bed, and the subsequent inhibition of the mi-

crobial community. All reported metabolites from CH4 biodegrada-

tion possess higher water solubility than CH4 (i.e. methanol Henry

law’s constant is 5 orders of magnitude higher than that of CH4,

Sander, 1999), and therefore any potentially inhibitory metabolite

would be preferentially present in the aqueous phase and washed

out with the trickling irrigation. The increase in the leachate pH

when increasing the irrigation frequency further supported this hy-

pothesis. Moreover, while an excess of irrigation in BFs has been

reported to cause packing material compaction or water accumu-

lation (Lebrero et al., 2014), the intensification of BF irrigation here

tested did not trigger any of these operational failures. Indeed, 90–

95% of the irrigated MSM leached and was removed from the com-

post bed, probably as a result of the high hydrophobicity of fungal

hyphae which might have avoided MSM retention. CH4 mineraliza-

tion also increased from ∼56% up to 82% by the end of the exper-

imentation period, which might be attributed to accumulation of

biomass.

Despite the supplementation of antibiotic to the irrigated MSM

and its low pH, a high bacterial diversity was found (i.e. diver-

sity index of 3.5 in the packing material). Most of the bacteria

phyla retrieved from both the leachate and the final packing mate-

rial samples were previously found either in CH4 polluted environ-

ments or in biological CH4 treatment systems. Within the phylum

Proteobacteria, type I methanotrophs genera such as Methylomi-

crobium and Methylosarcina were identified in bands 5–7. These

methanotrophs have been identified as communities involved in

CH4 oxidation (Hatamoto et al., 2010; López et al., 2014). Similarly,

type II methanotrophs belonging to the genus Methylosinus were

found in samples retrieved from the BF. Methylosinus trichospo-

rium (band 12) has been commonly found in soils and several

studies have demonstrated its potential to oxidize CH4 (Hatamoto

et al., 2010; Limbri et al., 2014) and to co-metabolically degrade

trichloroethylene and CH4 (Kang et al., 2001; Lontoh and Sem-

rau, 1998). Whereas type I methanotrophs are commonly predom-

inant at low CH4 concentration, the low pH of the MSM might ex-

plain the significant presence of type II methanotrophs in our BF

(Pieja et al., 2011). López et al. (2014) also found Xanthomonadales-

related organisms (bands 8–10) in a bioreactor treating CH4. Simi-

larly, bacteria from the order Caulobacterales have been also identi-

fied as possible degraders of methanol (Caspi et al., 2010). Finally,

the family Microbacteriaceae (band 14), belonging to the Actinobac-

teria phylum, has been previously associated to the biodegradation

of CH4 in a coal-packed BF (Limbri et al., 2014).

On the other hand, 7 fungal species initially present in the com-

post, including Graphium sp., disappeared throughout the operation

of the BF. On the contrary, other fungi belonging to the phyla As-

comycota and Basidiomycota became dominant, together with some

unidentified fungi. The most abundant fungi within the Ascomy-

cota phylum was Penicillium, which despite never associated with

CH4 biodegradation, has demonstrated the capability to degrade

methanol (De Oliveira et al., 2012; Pineda et al., 2004). Within

the unidentified fungi (5 bands), the most abundant according to

the thickness of the bands in the DGGE gel were associated with

fungi found in soil, sediment samples, or plants growing on waste-

lands. The high number of unidentified bands highlighted the lack

of microbiological data related to fungal characterization and activ-

ity, and the need for further research in the area. The results here

obtained also showed the key role of indigenous microbial com-

munities on process performance, which likely supported methane

and/or metabolites degradation.

Despite the fungus Graphium sp. has been retrieved from en-

richment cultures using natural gas as a carbon and energy source

(Curry et al., 1996; Zajic et al., 1969), to the best of our knowl-

edge, no fungi species have been reported to degrade this GHG.

The batch biodegradation tests here performed demonstrated that
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Graphium sp. was not able to sustain the oxidation of CH4 unless

methanol, used as an exogenous metabolite, was supplemented

to the system. In our batch tests, complete methanol mineral-

ization should have resulted in an increase in CO2 concentra-

tion of ∼46 and 92 g m−3 after the first and second methanol

amendments, respectively. Experimentally, a CO2 concentration in-

crease of 110 ± 1 and 385 ± 32 g m−3 was recorded after

each methanol addition, which confirmed the simultaneous occur-

rence of CH4 degradation in both culture bottles. This co-metabolic

effect was previously documented for CH4-oxidizing bacteria by

Jesen et al. (1998), who observed an improvement in CH4 up-

take as a result of methanol supplementation likely due to a re-

plenishment of reductive power. These promising results encour-

age for additional research in order to elucidate the actual role

of methanol in the fungal CH4 biodegradation process as well as

to determine the optimum methane/methanol ratio to promote a

co-metabolic CH4 abatement. Moreover, the potential implemen-

tation of this finding in full scale biofiltration deserves further

investigation.

In summary, this study demonstrated the ability of Graphium

sp. to co-metabolically degrade CH4 and methanol, which consti-

tutes an important step in the elucidation of the potential and role

of fungi in CH4 abatement. Whereas the methanotrophic activity

of Graphium sp. could not be proved in the organic-based biofilter,

the fungal-bacterial biofilter showed a more stable and enhanced

performance compared with previous bacterial biofilters operated

at higher EBRTs, supporting ECs of up to 38.5 g m−3 h−1 at REs of

90%. Moreover, a proper irrigation strategy avoided microbial in-

hibition derived from metabolite accumulation without inducing a

significant pressure drop.
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Table 1 SI. Comparison of methane abatement performance in biofilters and biotrickling filters. Adapted from López et al. (2014) and Ganendra et al. (2015).  

Packed bed medium 
Inlet CH4 
(% v/v) 

EBRT 
(min) 

CH4 load 
(g CH4 m-3 h-1) 

Maximum EC 
(g CH4 m-3 h-1) 

Maximum 
RE (%) 

Reference 

BIOFILTERS 

Compost 2 20-40 20-41 36.6 90 This study 

Pine bark and perlite(70:30 v/v) 0.1-2.5 30-600 0.03-16 13 81 du Plessis et al. (2003) 

Soil mixture 2.5 6 165 64 39 Streese and Stegmann (2003) 

Compost and perlite (40:60 v/v) 0.07-0.8 43-4800 0.07-25 19 76 Melse and Van der Werf (2005) 

Gravel, sand and compost layers 50 21600 1.2 1.14 95 Berger et al. (2005) 

Gravel / compost 0.7 4.3 71.2 / 65.8 29.2 / 12.5 41 / 19 Nikiema et al. (2005) 

Compost 

Compost and wood chips (50:50 v/v) 
6.6-10.8 

102-450 

120-450 

5-29 

5-24 

27.5 

21.6 

95 

90 
Haubrichs and Widmann (2006) 

Gravel, clay, sand and topsoil layers 0.1 24-1200 46.4-80 80 100 Gebert and Gröngröft (2006) 

Municipal solid waste 0.1 240-840 2.5-6.5 5.6 85 Einola et al. (2008) 

Gravel and stone 0.15-1 3-18 13-130 65 50 Nikiema and Heitz (2009) 

Soil and earthworm cast (60:40 w/w) 5-25 4.2-72 31-560 280 50 Park et al. (2009) 

Gravel 0.02-0.4 4.2 5-28 14.5 52 Girard et al. (2012) 

Landfill soil 0.1 90 24 24 100 Pratt et al. (2012) 

Stones 0.7 4.2 61.8 33 53 Ramirez et al. (2012) 

Landfill soil 1.5 20 30.4 18 59 Kim et al. (2013) 

Perlite 5 180 106.5 65.1 43-88 Kim et al. (2014a) 

Trombolite 5 20 96.6 32-41 33-42 Kim et al. (2014b) 

Autoclaved aerated concrete 0.1 0.8 944.7 ~280 ~30 Ganendra et al. (2015) 

BIOTRICKLING FILTERS 

Clay spheres 
Polypropylene spheres 
Stones 

0.7 4.2 62 
10 
8 
21 

16 
13 
34 

Avalos-Ramirez et al. (2012) 

Polyurethane foam 2.2 4 229 30 11 Estrada et al. (2014) 

Polyurethane foam (two-phase 
system) 

2 4 410-440 45 15 Lebrero et al. (2015) 
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Abstract 

Packed bed clogging and channeling derived from the accumulation of biomass still 

represent technical challenges to be addressed in gas biofiltration in order to enable a 

more cost-effective performance under long-term operation. In the present study, 

multiple feast-famine strategies were assessed, for the first time, in two alternate 

biofilters and compared with a standard continuous biofilter using CH4 as the model 

carbon source. The robustness of the biofilters towards increasing famine periods, the 

decrease of the irrigation frequency and air deprivation was evaluated. The alternate 

biofilters, where the lowest average pressure drops were recorded, exhibited higher CH4 

elimination capacities (by 27.2 ± 6.4 %) and mineralizations (by 18.3 ± 8.6 %) than the 

standard biofilter (CH4 elimination capacities and mineralizations of 10.3 ± 3.6 g m-3 h-1 

and 79.7 ± 20.8 %, respectively), along with the lowest recovery period so far reported 

in biofiltration after pollutant supply resumption (1.5 ± 0.0 h). Metagenomics analysis 

revealed a significant shift in the structure of the microbial population induced by the 

feast-famine regimes, which favoured the occurrence of Planctomycetes and 

Proteobacteria phyla. Type I/II methanotroph ratios in the alternate units were 7.5 times 

higher than those found in the control unit, Methylomonas becoming the most resilient 

genus under feast/famine operation. The current work represents a scaled-down study 

that demonstrates the feasibility of applying feast-famine strategies at full-scale to 

increase the performance of biofilters under long-term operation and the lifespan of the 

packed bed. 

Keywords: Biofilter, biomass control strategy, greenhouse gas abatement, methane, 

methanotroph, Methylomonas. 
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1 Introduction 

International greenhouse gas (GHG) 

inventories rank methane (CH4) as the 

second most prevalent GHG, with a 

contribution of 10-16% to the annual 

GHG emissions worldwide and an 

atmospheric concentration increase of 

150% in the past 250 years (IPCC, 2014; 

EPA, 2016). Despite the lower mass 

emissions of CH4 compared to CO2, its 

global warming potential is 25 times 

higher than that of CO2 over a 100-y 

horizon, this factor increasing up to 72 in 

a 20-y horizon. Therefore, CH4 

contributes to ~30 % of the so-called 

“current net climate forcing” (Solomon et 

al., 2007). In nature, CH4 is mainly 

emitted from the anaerobic 

decomposition of organic matter in 

wetlands and oceans. However, more 

than 60% of the CH4 emissions 

worldwide are anthropogenic. These 

anthropogenic CH4-laden emissions are 

usually generated from livestock farming 

(199 million tons of CO2-eq), landfilling, 

composting and wastewater treatment 

(125 million tons CO2-eq), and coal 

mining (24 million tons CO2-eq) (EEA, 

2015). The concentration of CH4 in these 

emissions varies from 0 – 0.2 gCH4 m-3 

for compost piles to 20 – 100 gCH4 m-3 

for old landfills. It is noteworthy that more 

than 55% of anthropogenic CH4 

emissions possess concentrations 

below the lower explosive limit of CH4-air 

mixtures (5% v/v), which render them 

unsuitable for energy recovery (Estrada 

et al. 2014). In addition, the gradual 

implementation of the Kyoto protocol 

and the EU landfill Directive 1999/31/EC 

has tightened European regulations on 

GHGs, thus resulting in emissions with 

even lower CH4 concentrations. In this 

context, the development of cost-

efficient and sustainable technologies 

for the abatement of these diluted CH4 

emissions is crucial (López et al., 2013). 

Biotechnologies have emerged as a 

cost-efficient and environmentally-

friendly alternative to conventional 

physical-chemical technologies (Estrada 

et al., 2012) and showed to be promising 

for the abatement of methane mediated 

by the activity of methanotrophs 

(Ménard et al., 2012; Rocha-Rios et al., 

2013; Estrada et al., 2014). Among 

biotechnologies, biofilters (BFs) have 

been extensively employed in the past 

decades for industrial off-gas control 

and represent the most cost-effective 

option for the mitigation of diffuse CH4 

emissions at full-scale, ensuring that the 

optimum packed bed selection, nutrient 

requirements and operational conditions 

are implemented (Gómez-Cuervo et al. 

2017).  However, despite the significant 

advances carried out in the past years in 

the field of biological CH4 abatement, 

biotechnologies are still limited by the 

low aqueous solubility of CH4 

(dimensionless Henry’s law constant of 

29.5 at 25 ºC and 1 atm) and the 



 
 

unresolved problems of conventional 

biofiltration such as bed clogging and 

channeling as a result of biomass 

overgrowth. In this regard, previous 

studies have consistently demonstrated 

that an excess of biomass in BFs 

ultimately reduces the stability and 

abatement performance of the target 

pollutant, with an associated increase in 

operating costs derived from bed 

conditioning and energy consumption 

for air circulation (Morgan-Sagastume et 

al., 2001; Devinny and Ramesh, 2005). 

Design and operational strategies to 

control biomass growth in BFs such as 

back- or chemical washing and 

mechanical bed stirring or continuous 

ozone addition often entail a significant 

down-time after treatment, complex 

reactor design and additional operating 

costs, which has limited their 

widespread use in off-gas biofiltration 

(Smith et al., 1996; Wübker et al. 1997; 

Covarrubias-García et al. 2017). In this 

context, the implementation of 

innovative low-cost biomass control 

strategies such as protozoa and mite 

predation (Woertz et al., 2002), reverse 

gas flow operation (Rojo et al. 2012), 

step-feed operation (Estrada et al. 2013) 

and the implementation of famine 

regimes (Dorado et al., 2012) have 

resulted in an efficient long-term 

performance in biotechnologies devoted 

to the treatment of VOCs, the later 

strategy significantly reducing the 

overall biomass accumulated per 

volume unit of the biofilter at the 

expenses of an additional abatement 

unit. To date, few studies have 

systematically compared the 

performance of alternate units operated 

under feast-famine regimes with that of 

a continuous control unit. Indeed, the 

recovery of CH4 abatement performance 

following the suppression of pollutant 

supply during feast-famine regimes 

(microbial activity robustness) has been 

poorly explored in biotechnologies 

devoted to GHG treatment (Ferdowsi et 

al., 2016). In addition, to the best of our 

knowledge, the influence of these feast-

famine regimes on the diversity and 

structure of the active methane-oxidizing 

populations has not been previously 

assessed. 

The main aim of this work was to 

develop an innovative operational 

strategy in order to minimize biomass 

accumulation and sustain long-term CH4 

mitigation. Thus, a systematic 

evaluation of the feasibility of feast-

famine strategies as a promising 

alternative to conventional biomass 

control approaches during CH4 

biofiltration, with a special focus on the 

influence of the extent of feast-famine 

periods, the frequency of irrigation and 

air deprivation on the recovery of 

pollutant abatement performance was 

carried out. Next-generation sequencing 

was used to assess the influence of 

feast-famine strategies on the structure 



 
 

and diversity of the active 

methanotrophic populations. 

2 Materials and methods 

2.1 Chemicals and nutrient solution 

Methane was purchased from Abelló 

Linde S.A. (Barcelona, Spain) with a 

purity of at least 99.5%. All reagents and 

chemicals were purchased from 

Panreac® (Barcelona, Spain) with a 

purity of at least 99%. 

Centrate wastewater from the 

centrifugation of anaerobically digested 

mixed sludge of wastewater treatment 

plants (WWTPs) was selected as low-

cost nutrient medium for the enrichment 

of methanotrophs and the irrigation of 

the inorganic biofilters. Centrate, which 

is characterized by a low biodegradable 

fraction of organic matter and high 

nutrient concentrations, was monthly 

obtained from Valladolid WWTP 

(Valladolid, Spain) and stored at 4ºC 

prior to use. According to preliminary 

batch tests conducted in our lab, a 3-fold 

dilution was applied to centrate for the 

irrigation of the BFs in order to avoid 

inhibition of methanotrophs due to its 

high N-NH4
+ concentrations. 

Additionally, this diluted centrate was 

supplemented with SO4
2- (using 

MgSO4·7H2O) to a final concentration of 

150 mg L-1 (~50 mgS L-1) in order to 

prevent any biological limitation due to 

the absence of S-SO4
2- in the nutrient 

medium. S-SO4
2- was not detected 

through HPLC-IC measurements (lower 

detection limit of 5 ppm SO4
2-) in the raw 

centrate used in the present study. 

Based on elemental composition 

analyses (CHONS) carried out for 

methanotrophic biomass samples in our 

laboratory, a S content ranging from 0.5 

to 1 % is typically found, which 

highlighted the need of S-SO4
2- 

supplementation in the diluted centrate 

used for biofilter irrigation. The adjusted 

sulfate concentration was selected 

according to the concentrations used in 

previous studies on CH4 biodegradation 

(30-130 mgS L-1, Whittenbury et al., 

1970; López et al., 2014). The final 

composition of the diluted centrate is 

shown in Table S1 (Supporting 

Information).  

2.2 Methanotrophic enrichment 

A 10-L laboratory scale stirred tank 

reactor (STR) was set-up for the 

enrichment of methanotrophs under 

continuous feeding of a CH4-laden air 

stream for 30 days. Fresh aerobic 

activated sludge from Valladolid WWTP 

was used as inoculum. The operational 

conditions of the STR were described in 

the Supporting Information. 

2.3 Experimental set-up, 

inoculation, operation mode 

and biomass sampling 

Three lab-scale BFs consisting of 

cylindrical PVC columns (height = 0.45 



 
 

Figure 1. Schematic representation of the experimental set-up.

m; inner diameter = 0.08 m) were set-up 

(Fig. 1). Each BF was packed with 2.3 L 

of the impregnated Kaldnes rings used 

during methanotrophic enrichment and 

further irrigated with 150 mL of the 

concentrated methanotrophic biomass 

suspension. The BFs were maintained 

at a temperature of 24.7 ± 1.0 ºC in a 

temperature-controlled room. A pure 

CH4 gas stream, regulated with a mass 

flow controller (Aalborg™, USA), was 

mixed with pre-humidified air in a mixing 

chamber and the resulting stream was 

continuously fed at 8.4 L h-1 to the 

control BF (BF 1) and the BF operated 

under feast conditions (either BF 2 or BF 

3). This operation resulted in a gas 

stream with an inlet CH4 concentration of 

31.0 ± 1.3 g m-3 (4.7 ± 0.2% v/v), a 

humidity of 96.8 ± 3.2% and an empty 

bed residence time (EBRT) of 17.1 min. 

Thus, a CH4 inlet load (IL) of 108.7 ± 4.5 

g m-3 h-1 was applied to the units under 

CH4 supply. The concentrations here 

applied can be typically found in old 

landfills, coal mines and WWTPs, and 

remained under the lower explosive limit 

(< 5 % (v/v)). Since the treatment of CH4 

emissions via incineration or energy 

recovery are only applicable for CH4 

concentrations above 30 % (v/v), 

biotechnologies such as BFs represent 

an environmentally-friendly platform for 

the treatment of these off-gases. The 

use of such relatively high CH4 

concentration might mediate a faster 

biomass accumulation, which allows 

evaluating the impact of feast-famine 



 
 

strategies on biofilter performance. On 

the other hand, the BF unit under famine 

conditions (either BF 3 or BF 2) was 

either fed with CH4 free-air at 8.4 L h-1 or 

enclosed to prevent air circulation 

through the BF, depending on the 

operational stage evaluated. The 

succession of each feast-famine cycle 

occurred through alternate shifts in gas 

feeding between BFs 2 and 3 from CH4-

deprived (famine regime) to CH4-

supplemented (feast regime) conditions 

and vice versa. Before each change, the 

gas phase of the unit under famine was 

purged with air at 30 L h-1 for 0.5 h to 

avoid an overestimation of the CO2 

production during the first hours of the 

feast periods.  

The BFs were initially operated for 3 

days under abiotic conditions prior to 

inoculation in order to rule out the 

occurrence of CH4 photolysis or 

adsorption in the experimental set-up. 

After inoculation, the leachates 

containing unadhered microbes from the 

inoculum were recycled for the first two 

weeks at least twice per day through the 

packed bed of the BFs to ensure a 

proper biomass attachment. 

Four operational conditions, 

corresponding to Stages A, B, C and D, 

were tested in order to evaluate the 

performance and robustness of feast-

famine strategies during CH4 

biofiltration. During Stage A (days 0 – 

30), all BFs were fed continuously with 

the CH4-air stream and irrigated with 

diluted centrate at a rate of 130.4 mL L-1 

of packed bed d-1. In Stage B (days 31 – 

103), BFs 2 and 3 were alternately 

subjected to 3d:3d CH4 feast-famine 

cycles maintaining the same irrigation 

rate as in Stage A for all units. A mass 

transfer test according to Lebrero et al. 

(2016) was carried out on days 104-108 

in order to confirm the occurrence of 

mass transfer limitations during the 

operation of the BFs. Afterwards, the 

CH4 feast-famine cycles in BFs 2 and 3 

were increased to 5d:5d, while the 

irrigation rate was reduced to 78.3 mL L-

1 of packed bed d-1 in all units (Stage C, 

days 109 – 173). During Stage D (days 

174 – 243), the CH4 feast-famine cycles 

and irrigation rates were maintained as 

in Stage C, though neither air nor 

irrigation were supplied to the alternate 

unit under starvation (Table 1). 

Gas samples were drawn periodically 

from the sampling ports located at the 

inlet and outlet of the BFs to monitor the 

CH4, O2 and CO2 concentrations by GC-

TCD. Liquid samples from the leachate 

of the BFs and the diluted centrate used 

for irrigation were also drawn once a 

week to monitor the concentrations of 

total nitrogen (TN), NH4
+, NO2

-, NO3
-, 

PO3
4-, SO4

2- and pH. The pressure drop 

across the packed bed was periodically 

measured by means of a U-tube 

manometer connected to the gas inlet  



 
 

Table 1. Operational conditions evaluated in the three BFs. 

 

and outlet of the BFs using water as the 

manometric fluid. The total amount of 

biomass in each BF at the end of the 

experiment was retrieved and measured 

as TSS and VSS concentrations. The 

pressure drop caused by the packing 

material was determined before BFs 

inoculation. Finally, biomass samples 

from the inoculum (sample I) and from 

the packed bed of BFs 1, 2 and 3 at the 

end of operation (samples 1, 2 and 3, 

respectively) were collected and 

immediately stored at -80º C for further 

microbiological analysis. 

2.4 Analytical procedures 

CH4, O2 and CO2 gas concentrations 

were determined by GC-TCD according 

to López et al. (2014). NO3
-, NO2

-, SO4
2- 

and PO4
3- concentrations in the biofilter 

leachates and nutrient solution were 

quantified by HPLC-IC according to 

López et al. (2017) after sample filtration 

through 0.20 μm nylon filters. NH4
+ 

concentration was also determined after 

filtration with an ammonium specific 

electrode Orion Dual Star (Thermo 

Scientific, The Netherlands). TN 

concentrations were measured in a 

Shimadzu TOC-VCSH analyzer (Japan) 

equipped with a TNM-1 

chemiluminescence module according 

to López et al. (2014). The determination 

of TSS and VSS concentrations was 

performed according to standard 

methods (APHA, 2005). The humidity of 

the inlet stream was on-line measured 

Stage 
Duration 

 (days) 
Gas feeding regime 

Gas 
feeding 

applied to 
the famine 

unit 

Duration of the 
feast-famine 

cycles 

 (days) 

 

Irrigation 
rate  

(mL L-1 of 
packed bed 

d-1) 

A 0-30 Continuous - - 130 

B 31-103 

Feast/famine 
(alternately BF 2/3) 

Continuous (BF 1) 

Air 3:3 130 

C 109-173 

Feast/famine 
(alternately BF 2/3) 

Continuous (BF 1) 

Air 5:5 78 

D 174-243 

Feast/famine 
(alternately BF 2/3) 

Continuous (BF 1)  

None  5:5 

78  

(working 
units only) 



 
 

by a thermohygrometer (Testo 605-H1, 

Testo AG, Germany). 

2.5 cDNA generation, Illumina 

library preparation and 

sequencing 

RNA was extracted from biomass 

samples I, 1, 2 and 3 using both the 

RNeasy Plus Mini Kit together with the 

protection buffer RNAprotect Bacteria 

Reagent (Qiagen, Hilden, Germany) 

according to the manufacturer in order to 

identify active microbial populations 

(Blazewicz et al., 2013). The integrity of 

the extracted rRNA was checked by 

electrophoresis on a 1% (w/v) agarose 

gel. RNA purity was tested using a 

nanodrop spectrophotometer 

(NanoDrop Technologies, Wilmington, 

USA) by measuring the absorbance ratio 

at 260/280 nm, which was consistently 

found to be 1.9 – 2. Then, cDNA was 

synthesized through reverse 

transcription in a total volume of 20 µL 

using the iScript cDNA Synthesis Kit 

(Bio-Rad Laboratories, Hercules, CA) 

and was sent for further Illumina MiSeq 

sequencing to the laboratories of the 

Foundation for the Promotion of Health 

and Biomedical Research of Valencia 

Region (FISABIO, Valencia, Spain). 

Amplicon sequencing was carried out 

targeting the 16S V3 and V4 regions 

(464bp, Escherichia coli based 

coordinates) with the bacterial primers 

S-D-Bact-0341-b-S-17 and S-D-Bact-

0785-a-A-21, forward and reverse, 

respectively, which were chosen 

according to Klindworth et al. (2013). 

Illumina adapter overhang nucleotide 

sequences were added to the gene-

specific sequences, thus resulting in the 

following full-length primers for the 

analysis: 5' 

TCGTCGGCAGCGTCAGATGTGTATA

AGAGACAGCCTACGGGNGGCWGCA

G (16S amplicon PCR forward primer), 

and 

5' 

GTCTCGTGGGCTCGGAGATGTGTAT

AAGAGACAGGACTACHVGGGTATCT

AATCC (16S amplicon PCR reverse 

primer). Indexed paired-end libraries 

were generated using the Nextera XT 

DNA Sample Preparation Kit (Illumina, 

San Diego, CA), with a reduced number 

of PCR cycles (25) using 55º C as 

annealing temperature. Libraries were 

then normalized and pooled prior to 

sequencing. Non-indexed PhiX library 

(Illumina, San Diego, CA) was used as 

performance control. Samples 

containing indexed amplicons were 

loaded onto the MiSeq reagent cartridge 

and onto the instrument along with the 

flow cell for automated cluster 

generation and paired-end sequencing 

with dual indexes (2×300bp run, MiSeq 

Reagent Kit v3) (Illumina, San Diego, 

CA). 



 
 

2.6 Quality filtering and 16S rDNA-

based taxonomic analysis 

After demultiplexing, only reads that had 

quality value scores of ≥ 20 for more 

than 99 % of the sequence were 

extracted for further analysis. All 

sequences with ambiguous base calls 

were discarded. Quality assessment 

was performed by the use of prinseq-lite 

program (Schmieder and Edwards, 

2011). After quality assessment, paired-

end reads were joined together with the 

fastq-join program (Aronesty, 2011). 

Once eventual chimeras belonging to 

PCR artifacts among the sequences 

were discarded using the usearch 

program (Edgar, 2010), taxonomic 

assignments were carried out using the 

RDP_Classifier from the Ribosomal 

Database Project (Cole et al., 2005; 

Wang et al., 2007). Sequences were 

clustered by confidence thresholds of 97 

% and 70 % at family and genus levels, 

respectively, to be further subjected to 

downstream analyses. Rarefaction 

curves were determined based on the 

calculated operational taxonomic units 

(OTUs) and were employed to 

standardise and compare the observed 

taxon richness among samples and to 

verify the representativeness of 

collected samples. Complete cluster and 

correlation distance methods were 

applied to construct cluster dendograms 

among samples during hierarchical 

cluster analyses with pvclust in R 

version 3.2.0 (R Core Team, 2014). 

Hierarchical clustering of OTUs was 

performed using the percentage of 

reads per OTU for the most abundant 

taxa, that is, >0.5 % population in at least 

one sample. Simpson and Shannon 

indexes, ordination plots and canonical 

correlation analyses (CCA) – based on 

the type of C feeding and the operational 

time – were calculated using the Vegan 

library version 2.3-1 (Oksanen et al., 

2015). Krona tool was used to represent 

relative abundances and confidences 

within the complex hierarchies of 

metagenomic classifications (Ondov et 

al., 2011). The nucleotide sequence 

dataset was deposited in the European 

Nucleotide Archive (ENA) under the 

study and samples accession numbers 

PRJEB20207 and ERS1634195 – 

ERS1634198, respectively. 

2.7 Calculations 

Process performance was evaluated by 

monitoring the CH4 elimination capacity 

(EC), the CH4 removal efficiency (RE), 

the CO2 production rate (PCO2), the CH4 

mineralization (RCO2), the CO2 

production yield (YCO2), the pressure 

drop in the biofilters, the removal 

efficiency (RE) of TN, N-NH4
+ and P-

PO4
3- and the concentration of NO2

- and 

NO3
- in the leachate along the different 

operational stages. The calculation 

procedures for the above-referred 

parameters are detailed in the 



 
 

Supporting Information section (Table 

S2). 

2.8 Statistical analysis 

The values reported for CO2 and CH4 

gas concentrations at the inlet and outlet 

of the BFs are the mean of triplicate 

measurements. Error bars represent 

standard deviations from triplicates. The 

statistical data analysis was performed 

using OriginPro 8.5 (OriginLab 

Corporation, USA). The occurrence of 

significant differences among biofilter 

performance parameters was analysed 

by a one-way analysis of variance 

(ANOVA) and a Tukey test. A Levene 

test was also applied to study 

homocedasticity. Differences were 

considered significant at P ≤ 0.05. 

Vegan and stats packages in R (R Core 

Team, 2014; Oksanen et al., 2015) were 

applied for the statistical analysis of the 

metagenomics data.  

3 Results and Discussion 

3.1 Effect of the feast-famine 

strategies on CH4 abatement 

performance and pressure drop 

evolution in BFs 

The performance of the three BFs – in 

particular that of BFs 2 and 3 – was 

initially characterized by unstable ECs 

(6.8 ± 3.2 g m-3 h-1, corresponding to 

REs of 5.3 ± 2.0 %), likely due to the 

heterogeneous distribution and weak 

attachment of the inoculated biomass 

along the whole packed bed within 

Stage A (Fig. 2). This hypothesis is in 

accordance with the occurrence of 

initially high pressure drops in the BFs 

(Table 2). On the other hand, PCO2 

remained at 9.9 ± 3.1 g m-3 h-1 in the 

three units, which resulted in RCO2 

ranging from 24.3 to 83.5 %. This 

corresponded to YCO2 values ranging 

from 0.7 to 2.3 gCO2 gCH4
-1 during 

Stage A (Fig. 2, Table 2). In this regard, 

these relatively low RCO2 and YCO2 values 

have been previously observed during 

the start-up of methanotrophic 

biotrickling filters (BTFs) and are 

typically attributed to the preferential 

formation of biomass through anabolism 

(Estrada et al., 2014; Lebrero et al., 

2015). 

The EC and PCO2 in the control BF 

steadily increased at the beginning of 

Stage B up to values of 11.3 ± 1.2 and 

19.7 ± 2.6 g m-3 h-1, respectively (RCO2 of 

64.7 ± 14.6 %), later on stabilizing at 6.4 

± 2.6 and 14.3 ± 2.1 g m-3 h-1, 

respectively (RCO2 of 76.3 ± 17.8 %), 

from day 82 onwards (Fig. 2A). Likewise, 

CH4 biodegradation performance 

gradually increased in BFs 2 and 3 

following the implementation of the 

feast-famine strategies, thus achieving a 

pseudo-steady state from day 75 

onwards. During each feast period, 

steady increases in EC were 

consistently observed (average RCO2 

values of 71.8 ± 12.6 %) (Fig. 2B, C; 



 
 

Table 2). These empirical findings 

demonstrate that short-term starvation 

periods, which could represent weekend 

shutdowns in many industrial facilities, 

could even boost the performance of 

CH4-treating biofilters in the early stages 

of operation, as previously reported for 

toluene abatement biotechnologies 

(Wright et al., 2005; Álvarez-Hornos et 

al., 2008; Álvarez-Hornos et al., 2011).  

Despite the microbial community of BFs 

2 and 3 exhibited maximum activity by 

the end of the feast cycles (48-72 h), it 

must be highlighted that these alternate 

units were able to recover the methane-

oxidizing activity in only 1.5 h after CH4 

resumption. This was likely due to the 

enrichment of methanotrophic 

communities acclimated to sequential 

feast-famine scenarios (Fig. 2B, C). To  

Figure 2. Time course of the IL (continuous line), EC (●) and PCO2 (Δ) in BF 1 (A), BF 2 (B) 
and BF 3 (C) during operational stages A and B. 



 
 

Table 2. Performance of BFs 1, 2 and 3 along the different operational stages. 

Stage 

Average/Maximum EC 

(g m-3 h-1) 

Average/Maximum RE  

(%) 

Maximum RCO2 

(%) 

Maximum 
activity time 

(h)a 

Average/Maximum 

pressure drop (Pa m-1) 

BF 1 BF 2 BF 3 BF 1 BF 2 BF 3 BF 1 BF 2 BF 3 BF 2 BF 3 BF 1 BF 2 BF 3 

A 6.4/10.0 6.6/11.9 6.0/10.4 5.2/8.7 5.4/9.2 5.0/8.2 56.8 79.5 83.5 - - 5.1/15.0 29.2/72.0 19.7/87.0 

B 8.3/12.7 11.3/21.5 11.0/21.6 8.8/10.6 10.5/16.4 9.8/17.4 113.9 113.3 106.7 48-72 48-72 7.2/12.0 5.1/9.0 3.8/9.0 

C 10.9/17.4 14.0/23.3 14.2/20.7 8.6/13.1 11.2/18.8 11.5/16.7 107.5 130.7 124.9 48 48 9.5/54.0 4.3/12.0 4.9/9.0 

D 12.3/18.9 13.5/27.8 15.5/23.4 9.6/14.7 11.7/21.4 13.7/18.9 114.1 171.4 139.0 
1.5-
19 

1.5-
19 

14.4/25.5 5.6/9.0 4.9/9.0 

a Only applicable to units subjected to feast-famine cycles. Maximum activity time is referred to the time required to recover the maximum methane-oxidizing 

activity within each feast cycle. 

 

 



 
 

the best of the authors’ knowledge, this 

recovery period was shorter than those 

of previous works on CH4 

biotechnologies (Ferdowsi et al., 2016; 

Ferdowsi et al., 2017) and is one of the 

shortest recovery periods so far reported 

in biotechnologies subjected to 

starvation cycles, which confirms the 

high robustness of biofilters operated 

under feast-famine regimes (Cox and 

Deshusses, 2002; Álvarez-Hornos et al., 

2008; Cheng et al., 2016). However, it 

must be highlighted that an 

instantaneous recovery of the microbial 

activity has been reported for less 

recalcitrant pollutants such as 

isopropanol (San-Valero et al., 2013). 

Finally, the pressure drop recorded 

during Stage B in the control unit 

remained slightly higher than those in 

the alternate units (Table 2). 

The reduction of the irrigation rate during 

Stage C resulted in an improvement in 

the CH4 biodegradation performance of 

the control unit, where EC and PCO2 

increased up to steady values of 10.9 ± 

2.0 and 27.2 ± 1.1 g m-3 h-1, respectively 

(RCO2 of 75.6 ± 11.4 %), from day 130 

onwards (Fig. 3A). This enhancement 

could be attributed to a higher CH4 mass 

transfer rate as a result of the thinner 

stagnant liquid phase mediated by the 

lower irrigation rate here applied. On the 

other hand, the ECs and PCO2 recorded 

in the alternate units during the feast 

periods fluctuated within the ranges 

previously observed during Stage B 

(average RCO2 values of 81.8 ± 18.3 and 

80.1 ± 23.1 % for BF 2 and 3, 

respectively) (Fig. 3B, C). It must be 

stressed that the maximum RCO2 values 

recorded in BFs 2 and 3 during Stage C 

were 15 and 20 % higher than the 

maximum RCO2 observed in BF 1, likely 

due to the more active endogenous 

metabolism during the famine periods 

(Table 2). Though no significant 

differences in terms of EC and PCO2 

were found in the alternate units 

compared to the previous stage despite 

the higher length of the feast/famine 

cycles, it must be noticed that the time 

required to achieve maximum activity 

during feast conditions was significantly 

reduced to 48 h (Table 2). A slightly 

higher average pressure drop was 

observed in BF 1 (9.5 ± 2.9 Pa m-1) 

compared to previous Stages A and B 

and to the average pressure drops in the 

alternate units (4.7 ± 2.9 Pa m-1). In fact, 

the gradually different pressure drops 

here recorded for the control and 

alternate units were likely due to the 

increasingly higher biomass 

concentration in BF 1, which agreed with 

the visual observations of the BFs (Fig. 

S1). 

Finally, the performance of BF 1 

remained stable during Stage D, with 

ECs and PCO2 of 12.3 ± 3.1 and 27.9 ± 

3.7 g m-3 h-1, respectively, which 

accounted for RCO2 values of 86.7 ± 17.7 



 
 

% (YCO2 of 2.4 ± 0.5) (Fig. 3A, Table 2). 

On the other hand, despite the absence 

of air during the famine periods in this 

stage, maximum EC and PCO2 values 

were recorded in BFs 2 and 3 under 

pseudo-steady state conditions, 

respectively (average RCO2 value of 83.8 

± 23.6 %). Process performance during 

feast periods was not significantly 

different to the one recorded in Stages B 

and C, since average REs remained at 

13 % in both BFs (Fig. 3B, C). In 

addition, the time required to achieve 

maximum activity was sharply 

decreased to 1.5 h in several of the 

feast-famine cycles in this last 

operational stage, which can be 

attributed to the acclimated to sequential 

feast-famine scenarios of a community 

adapted to this operational strategy. In 

Figure 3. Time course of the IL (continuous line), EC (●) and PCO2 (Δ) in BF 1 (A), BF 2 (B) 
and BF 3 (C) during operational stages C and D. 



 
 

contrast, previous works on CH4 

biofilters subjected to starvation 

episodes fully recovered their 

biodegradation performance after a 

minimum of 5 days (Ferdowsi et al., 

2016; Ferdowsi et al., 2017). In addition, 

Cox and Deshusses (2002) found that at 

least 10 h of re-acclimation were needed 

to reach maximum activity in a toluene-

degrading BF after a similar starvation 

episode (5 days of carbon, air and 

irrigation deprivation), possibly due to a 

lack of adaptation of the microbial 

community to those process 

fluctuations. In addition, it is noteworthy 

that the CO2 production pattern after 

CH4 resumption significantly changed 

compared to the one observed in earlier 

stages, the maximum RCO2 increasing by 

20-50% in BFs 2 and 3 compared to that 

recorded in BF 1 (Fig. 3B, C; Table 2). 

This fact can be explained by the higher 

stimulation of the endogenous 

metabolism when neither air nor 

irrigation were applied, which promoted 

the utilization of cell lysis products, 

exopolysaccharides and/or by-products 

of CH4 biodegradation (Cox and 

Deshusses, 2002; Dorado et al., 2012). 

Finally, the pressure drop in BFs 2 and 3 

remained negligible at 5.1 ± 2.9 Pa m-1, 

increasing up to 14.4 ± 4.4 Pa m-1 in BF 

1 during Stage D (Table 2). The good 

reproducibility of the biofilters operated 

was confirmed by the results obtained in 

the alternate units (which indeed 

constituted a test in duplicate), not only 

from an engineering point of view 

(identical operational patterns), but also 

from a microbiological point of view (≥ 

98% similarity between the 

communities, see the discussion below 

on Figures S6-S8). 

The average pressure drops here 

reported in the BFs along Stages A-D 

were similar to those obtained in CH4-

oxidizing BTFs operated during shorter 

operational times, and were far below 

the average pressure drops typically 

recorded during waste gas biofiltration. 

Nevertheless, the average pressure 

drop recorded in BF 1 along the entire 

experiment (10.2 Pa m-1) exceeded by 

108 and 126 % the average pressure 

drops obtained in BFs 2 and 3. This fact 

can be attributed to the higher 

concentration of biomass accumulated 

in the control unit (8.9 g L-1 of packed 

bed) compared to the values of 5.1 and 

4.0 g L-1 of packed bed found in BF 2 and 

3, respectively (Fig. 4). At this point it 

must be highlighted that the 3-fold 

diluted centrate used in the present 

study exhibited average total organic 

carbon (TOC) concentrations of 16.3 ± 

12.3 mg L-1 (Table S1). Despite BOD 

concentration was not monitored, this 

parameter is usually 1.5 times higher 

than the TOC concentration, which 

implies maximum BOD values < 25 

mgO2 L-1 in the worst-case scenario. 

Indeed, the total biomass accumulated 

in BF 1 (~21 g of biomass) matched the 



 
 

total biomass accumulated in the 

alternate units when considered as a 

sole unit (11.7 + 9.2 = 20.9 g of biomass; 

< 1 % error), which demonstrated that 

the biodegradable TOC of the centrate 

did not entail an extra biomass formation 

since all BFs were irrigated at the same 

rate in Stages A-C. These results are in 

agreement with the fact that 

methanotrophic bacteria do not 

consume any additional organic carbon 

when CH4 is available (López et al., 

2014). In this context, the occurrence of 

clogging events during biofiltration, and 

thus the extra costs associated to 

compressor operation and packing 

material washing or replacement, is 

mainly determined by biofilter design. At 

full- scale, the increase in investment 

costs derived from the use of two 

alternate units operated under a feast-

famine regime might be outbalanced by 

i) the higher ECs obtained, which would 

entail lower individual biofilter volumes, 

ii) the lower total operating costs 

mediated by the energy savings and iii) 

the higher lifespan of the packed bed 

(Estrada et al., 2012). The scaled-down 

study here conducted demonstrated the 

potential of feast-famine strategies to 

support a superior biofiltration 

performance in industrial biofilters under 

long term operation. However, it must be 

stressed that the maximum REs here 

obtained remained below 20 % and 

additional optimization of the biofiltration 

process is required to achieve 

appropriate removals of 60-90 % as 

previously reported during CH4 

biofiltration (Lebrero et al. 2016).

 

Figure 4. Average pressure drop along the 
entire experiment ( ) and biomass 

concentration at the end of the experiment 
(■) in BFs 1, 2 and 3. 

3.2 Potential of the technology for 

nitrogen removal  

No significant differences in nitrification 

activity were recorded among the BFs 

during Stage A, which was characterized 

by average NO2
- and NO3

- 

concentrations in the leachates of 38.7 ± 

8.3 and 15.6 ± 4.7 mg L-1, respectively, 

and N-NH4
+ REs of 20.5 ± 5.5 % (Fig. 5). 

From Stage A onwards, NO2
- 

concentrations decreased in all units to 

negligible values by the end of Stage D 

(1.2 ± 1.0 mg L-1), while NO3
- 

concentrations reached maximum 

values of ~40 mg L-1 in BF 1 during 

Stage B and ~60 mg L-1 in BFs 2 and 3 

during Stage C. However, NO3
- 

concentration unexpectedly decreased 

by the end of Stage D to average values 

of 2.0 ± 1.8 mg L-1 regardless of the unit 

evaluated (Fig. 5). These findings could 

be attributed to a more efficient N 

 



 
 

assimilation within the biofilm due to the 

increasing biomass concentration over 

time in all units. In this context, N-NH4
+ 

REs steadily increased up to 38.8 ± 5.3 

% from Stage A onwards and regardless 

of the unit evaluated, which agreed well 

with the TN REs of 34.3 ± 7.8 % 

recorded during Stage D. N-NH4
+ REs of 

~30 % have been previously reported for 

CH4-treating biofilters under similar NH4
+ 

feeding rates (Veillette et al., 2011). 

Moreover, maximum P-PO4
3- REs of 30-

35 % were recorded within BFs 1-3 

regardless of the unit and the stage 

evaluated. Therefore, the use of 

centrate to irrigate inorganic biofilters 

devoted to CH4 abatement in WWTPs 

was proven to be a feasible alternative 

to partially mitigate the eutrophication 

potential of these effluents. 

3.3 Richness and diversity of the 

active microbial communities 

A total of 195796 initial bacterial 16S 

rRNA sequence reads were generated 

by the MiSeq Illumina platform, from 

which 146741 effective reads (12034, 

45658, 50004 and 39045 for samples I, 

1, 2 and 3, respectively) passed the 

quality and taxonomic cutoff. The 

rarefaction curve at a genus level for 

sample I suggested the occurrence of 

additional diversity not accounted by the 

MiSeq-based sequencing, since the 

curve did not tend toward saturation. In 

contrast, bacterial libraries from samples 

1, 2 and 3 effectively represented the 

diversity of the active microbial 

communities based on the plateau 

reached by their rarefaction curves (Fig. 

S2). These differences were also 

noticeable in the diversity found among 

the samples, as both Simpson and 

Shannon indexes were significantly 

higher for sample I than for the rest of 

samples. For instance, while the 

Shannon index for samples 1-3 ranged 

from 2.77 to 3.09, it accounted for 3.84 

in sample I (Table S3). This observation 

can be attributed to the gradual 

enrichment and specialization of the 

methanotrophic community present in 

the BFs, which resulted in a less diverse 

bacterial population by the end of 

Figure 5. Nitrite (A) and nitrate (B) concentrations, and N-NH4
+ RE (C), in BF 1 (■), BF 2 (□) 

and BF 3 ( ) during the four operational stages evaluated. Horizontal bars represent standard 
deviation from replicates during steady state. 

 



 
 

operation in the three units. A similar 

decrease in diversity indexes from 

inoculation has been reported for 

methanotrophic enrichments within only 

5 weeks, with final Shannon indexes 

even lower than those here reported 

(Oshkin et al., 2015). Interestingly, the 

microbial diversity found in the control 

BF (2.77) was slightly lower than that 

recorded in the alternate units (2.92 and 

3.09 in BFs 2 and 3, respectively), likely 

due to the enhanced cell lysis and 

heterotrophic growth mediated by the 

starvation events here applied (Table 

S3). In this sense, this higher richness 

possibly associated to methanotroph-

accompanying heterotrophs could 

explain the superior methane oxidation 

recorded in the alternate units (Ho et al., 

2014). 

3.4 Effect of the feast-famine 

strategies on the structure of 

the active microbial 

communities 

Effective bacterial sequences from the 

active communities of the samples were 

affiliated to a total of 38 phyla, 76 

classes, 135 orders, 247 families and 

752 genera. Of them, the most dominant 

phyla (≥ 0.5 % abundance in at least one 

sample) were 14: Acidobacteria, 

Actinobacteria, Armatimonadetes, 

Bacteroidetes, Candidate division WPS-

1, Candidatus Saccharibacteria, 

Chloroflexi, Firmicutes, 

Hydrogenedentes, Ignavibacteriae, 

Planctomycetes, Proteobacteria, 

Spyrochaetes, and Verrucomicrobia. 

Dominant phyla in terms of activity in 

sample I were Proteobacteria (55.7 %), 

Bacteroidetes (28.5 %), Firmicutes (3.5 

%), Verrucomicrobia (2.2 %) and 

Planctomycetes (2.0 %), which are phyla 

commonly found in WWTPs’ activated 

sludge at these abundances (Zhang et 

al. 2012; Da Silva et al. 2015). The 

activity of α-, β-, γ-, δ-, and ε-

Proteobacteria within the Proteobacteria 

phylum was evenly represented (Fig. 

S3), though the one of methanotrophs 

was almost negligible (0.12 %) (Table 3). 

Continuous CH4 feeding in BF 1 resulted 

in both a significant increase in the 

activity of Verrucomicrobia phylum (19.4 

%) and a decrease of Proteobacteria 

(46.2 %) phylum by the end of operation, 

while the activity of Bacteroidetes (29.6 

%) phylum remained roughly stable (Fig. 

S4). In BF 1, Chitinophagaceae was the 

most representative family within 

Bacteroidetes, and Terrimonas the most 

active genus (78.0 % abundance in 

Bacteroidetes). Terrimonas genus 

includes aerobic heterotrophic species 

involved in nitrate reduction and has 

been previously found in nitritation 

bioreactors (Zhang et al., 2015; 

Rodríguez-Sánchez et al., 2016). On the 

other hand, Verrumicrobiaceae was the 

most active family within 

Verrucomicrobia, Prosthecobacter  



 
 

Table 3. 16S rRNA effective gene sequence reads obtained for methanotrophic genera from 

cDNA samples I, 1, 2 and 3. 

Methanotrophic genera 
(type) 

Number of reads (%) 

Sample I Sample 1 Sample 2 Sample 3 

Methylomonas (type I) 0 (0.00) 92 (0.20) 17266 (34.53) 11249 (28.81) 

Methylosarcina (type I) 0 (0.00) 5506 (12.06) 319 (0.64) 508 (1.30) 

Methylobacter (type I) 0 (0.00) 17 (0.04) 41 (0.08) 147 (0.38) 

Methylomarinum (type I) 1 (0.01) 0 (0.00) 73 (0.14) 52 (0.13) 

Methylosoma (type I) 0 (0.00) 1 (<0.01) 34 (0.07) 32 (0.08) 

Methylococcus (type I/Xa) 2 (0.02) 3 (0.01) 31 (0.06) 10 (0.03) 

Methylomicrobium (type I) 0 (0.00) 6 (0.01) 2 (<0.01) 1 (<0.01) 

Methylosphaera (type I) 1 (0.01) 0 (0.00) 1 (<0.01) 2 (0.01) 

Methylovulum (type I) 0 (0.00) 1 (<0.01) 0 (0.00) 1 (<0.01) 

Methylosinus (type II) 2 (0.02) 4182 (9.16) 50 (0.10) 103 (0.26) 

Methylocystis (type II) 9 (0.07) 128 (0.28) 915 (1.83) 1851 (4.74) 

 aMethylococcus, often accommodated within the type X (subset of type I methanotrophs), was 

grossly considered as type I for further estimations.

genus exhibiting the highest abundance 

(80.4 % abundance in Verrucomicrobia) 

(Fig. 6, Fig. 7). Prosthecobacter are 

heterotrophic organisms often 

considered as oligotrophic bacteria due 

to their preference for low-nutrient 

environments (Wang et al. 2012). In this 

sense, the higher biomass concentration 

recorded in BF 1 could explain the faster 

nutrient consumption, and thus, the 

eventual macro- and/or micronutrients 

limitations supporting the enrichment of 

Prosthecobacter in the unit under 

continuous CH4 supply (Fig. S5). 

However, the role of nutrients on 

members of this genus needs further 

research to fully understand the 

implications of their presence in 

methanotrophic cultures. Moreover, 

both γ- and α-Proteobacteria (where 

type I and II methanotrophs are 

taxonomically clustered, respectively) 

actively dominated the phylum 

Proteobacteria with similar abundances 

(39.9 and 37.2 %, respectively) (Fig. 

S4). In this context, Methylocystaceae, 

which represented 51.3 % of α-

Proteobacteria activity, mainly included 

the genus Methylosinus (9.2 % in the 



 
 

whole population), while 

Methylococcaceae accounted for 71.7 

% of the activity within γ-Proteobacteria 

and was mainly composed of the genus 

Methylosarcina (12.1 % in the whole 

population) (Fig. 6, Fig. 7). In brief, the 

active community of BF 1 was 

composed of 21.2 % methanotrophs, 

with a type I/II ratio of 1.31 (Table 3). 

Most methanotrophic genera here 

identified have been previously found in 

CH4-degrading bioreactors, though type 

I methanotrophs such as 

Methylomonas, Methylosarcina and 

Methylobacter were clearly the most 

abundant in those communities (López 

et al., 2014; Xing et al., 2017). In 

contrast, type II methanotrophs are often 

encountered in a minor proportion in 

CH4 abatement systems, since their 

enrichment is typically achieved only 

under low-nutrient conditions, lower pH 

and high CH4/O2 ratios (Graham et al., 

1993; Pieja et al., 2011). Hence, the 

similar activity share of type I and II 

methanotrophs in BF 1 reinforced the 

aforementioned hypothesis of an 

eventual occurrence of nutrient 

limitations and could be likely due to a 

limited O2 diffusion within the thick 

biofilm of the control BF according to 

previous studies (Pfluger et al. 2011). 

Less active OTUs within the families 

Xanthomonadaceae, Methylophilaceae 

and Hyphomicrobiaceae were found in 

BF 1, whose role has been previously 

associated to both heterotrophic 

opportunism and methylotrophic activity 

(Fig. S4, Fig. 6, Fig. 7) (López et al., 

2014; Rodríguez-Sánchez et al., 2016). 

Figure 6. Community composition at a family level across samples. The abundance is 
presented in terms of percentage in total effective bacterial sequences in a sample, classified 
using RDP Classifier. Taxa represented occurred at a threshold abundance >0.5 % in at least 

one sample. 

 



 
 

Interestingly, ammonia-oxidizing 

bacteria (AOB) and nitrite-oxidizing 

bacteria (NOB) within 

Nitrosomonadaceae (Nitrosospira and 

Nitrosomonas genera) and 

Bradyrhizobiaceae (Nitrobacter genus), 

respectively, were detected, though their 

abundances in terms of activity within all 

samples did not surpass the minimum 

cutoff abundance (0.5 %), probably as a 

result of the significantly lower NH4
+ load 

compared to the CH4 one applied, and 

the inherently low biomass yields of 

nitrifiers. 

Biofilter operation under feast-famine 

cycles led to a shift in the active 

community structure of BFs 2 and 3, 

which behaved as proper replicates and 

exhibited a similarity ≥98 % through 

dendrogram clustering (Fig. S6). The 

most active phyla in samples 2 and 3 

were Proteobacteria (62.8 ± 2.9 %), 

Bacteroidetes (18.4 ± 1.9 %), 

Planctomycetes (6.8 ± 0.3 %) and 

Verrucomicrobia (6.2 ± 0.1 %) (Fig. S7, 

S8). Planctomycetaceae was the most 

active family within Planctomycetes 

(88.5 ± 12.0 %) and included genera 

such as Pirellula, Planctopirus and 

Schlesneria (Fig. 6, Fig. 7). The phylum 

Planctomycetes has been previously 

found in both lab-scale 

nitritation/anammox reactors, some of 

the genera within the phylum acting 

merely as heterotrophic 

aerobes/anaerobes and others as 

annamox organisms (Kirkpatrick et al., 

2006; Ye et al., 2011). In our particular 

study, the periodic shutdowns of both 

CH4 and air supply in the alternate units 

likely promoted a higher cell lysis and 

eventual exposure to anoxic conditions, 

which might have favoured the activity of 

Planctomycetes and explain the low 

NO3
- and NO2

- concentrations by the end 

of stage D (Fig. S5). Moreover, the 

phylum Verrucomicrobia was mainly 

composed of the family 

Verrucomicrobiaceae (47.5 ± 12.0 %), 

which comprised the genus 

Prosthecobacter (99.0 % abundance in 

Verrumicrobiaceae). Despite the lower 

activity of Bacteroidetes in the alternate 

units, this phylum exhibited a higher 

family diversity compared to the control 

unit (Fig. 6). Interestingly, the phylum 

Proteobacteria was mainly dominated 

by γ-Proteobacteria (59.0 ± 4.2 %) in 

samples 2 and 3, α-, β- and δ-

Proteobacteria thus presenting at least 4 

times lower activities (Fig. S7, S8). The 

family Methylococcaceae dominated γ-

Proteobacteria phylum and accounted 

for 33.1 ± 3.4 % of the whole active 

community of both BFs. This taxon was 

mainly composed by type I 

methanotrophs belonging to the genus 

Methylomonas (95.5 ± 2.1 %) and, in a 

lesser extent, to Methylosarcina (3.0 ± 

1.7 %) (Table 3, Fig. 6, Fig. 7). In 

contrast, the activity of 

Methylocystaceae family was 

significantly lower (3.5 ± 2.2 % in the 



 
 

whole active community) and was 

formed by the type II methanotrophic 

genera Methylocystis (94.3 ± 0.0 %) and 

Methylosinus (5.2 ± 0.0 %) (Table 3, Fig. 

6, Fig. 7). Hence, methanotrophs in BFs 

2 and 3 represented a higher proportion 

in the active community (35.6 ± 1.1 %) 

compared to the control unit, with an 

average type I/II ratio of 9.5, which was 

nearly 7.5 times higher than that 

recorded in BF 1. This finding could be 

attributed to the higher affinity for CH4 of 

type I methanotrophs, which boosted 

their preferential growth over type II 

methanotrophs after CH4 supply 

resumption at the low CH4 

concentrations here applied (López et 

al., 2014). In this regard, Cai et al. (2016) 

demonstrated the higher activity and 

preferential growth of type I 

methanotrophs in scenarios of 

intermittent CH4 flush-feedings 

compared to type II methanotrophs in 

CH4-amended microcosms, with the 

highest CH4-oxidizing activities 

associated to Methylosarcina genus 

among type I, and Methylocystis genus 

among type II methanotrophs. In our 

Figure 7. Heat map of major genera across samples. The represented taxa occurred at a 
threshold abundance >0.5 % in at least one sample. The color intensity in each panel shows the 

share of a genus within a sample. 

 



 
 

particular study, the genus 

Methylomonas and, in a lesser extent 

Methylocystis, were preferentially active 

under feast-famine operation (Fig 7). 

4 Conclusions 

Multiple feast-famine strategies were 

systematically evaluated in alternate 

CH4-treating BFs under long-term 

operation by comparison with a standard 

continuous BF. The key conclusions are 

summarized below: 

 BFs operated under feast-famine 

regimes underwent a rapid recovery (< 

1.5 h) of CH4 EC when they were 

subjected to C starvation periods of 3 

and 5 days, under low irrigation 

frequencies (78 mL L-1
packed bed d-1) and 

air deprivation. Unexpectedly, short-

term starvations boosted CH4 ECs 

during the early stages of operation, 

while more severe famine conditions (air 

deprivation and limited nutrient supply) 

led to the maximum CH4 EC (27.8 g m-3 

h-1) and mineralization values (171.4 %), 

likely due to a higher stimulation of the 

endogenous metabolism of the microbial 

communities. 

 The CH4 ECs of the alternate 

units were on average 27.2 % higher 

than those for the continuous BF. 

 The gradual acclimation of the 

communities to these feast-famine 

cycles resulted in shorter periods to 

reach maximum microbial activity (< 19 

h at the end of the experiment). 

 Feast-famine BFs exhibited a 

significantly lower biomass 

accumulation and therefore, lower 

average pressure drops, which would 

boost the implementation of CH4 

biofiltration at full-scale.  

 Bacteroidetes and 

Verrucomicrobia families were more 

active under continuous CH4 feeding, 

whereas Proteobacteria and 

Planctomycetes were under feast-

famine regimes. Type I and type II 

methanotrophs belonging to the genera 

Methylosarcina and Methylosinus 

equally dominated the active community 

of the continuous BF, while the type I 

Methylomonas outcompeted the rest of 

microbial partners in the feast-famine 

BFs, likely due to its higher affinity for 

CH4. 
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Materials and methods 

Chemicals and nutrient solution 

Table S1. Physical/chemical characteristics of the 3-fold diluted centrate supplemented with SO4
2- used during the present study. 

TOC 

(mg L-1) 

IC 

(mg L-1) 

TN 

(mg L-1) 

N-NH4
+ 

(mg L-1) 

N-NO3
- 

(mg L-1) 

N-NO2
- 

(mg L-1) 

P-PO4
3- 

(mg L-1) 

S-SO4
2- 

(mg L-1) 
pH 

16.3 ± 12.3 156.4 ± 27.7 197.4 ± 14.6 181.5 ± 19.8 0.2 ± 0.6 6.0 ± 5.7 15.6 ± 5.0 52.4 ± 2.0 7.8 ± 0.2 

 

 

 

 

 

 

 



Methanotrophic enrichment 

The STR was filled up with 7.2 L of Kaldnes K1 Micro rings (Evolution Aqua Ltd., UK) 

and 6 L of 3-fold diluted centrate inoculated at 10% (v/v) with activated sludge. Magnetic 

agitation and temperature were maintained at 200 rpm and 25 ºC. The STR was operated 

at a dilution rate of 0.11 d-1. The synthetic CH4-laden air emission (30.9 ± 1.1 gCH4 m-3, 

4.7 ± 0.2% CH4 v/v) was obtained by mixing a pure CH4 stream with pre-humidified air 

(sparged through a 9 L water column) and fed at 420 mL min-1 through a 10 µm porous 

ceramic diffuser located at the bottom of the tank, which resulted in a CH4 inlet load (IL) 

of 92.5 ± 3.2 g m-3 h-1. The suspended-growth methanotrophic culture enriched was then 

centrifuged and the biomass pellet resuspended in 450 mL of 3-fold diluted centrate (total 

suspended solids – TSS – concentration of 0.7 g L-1) for BFs inoculation. In addition, the 

impregnated Kaldnes K1 Micro rings were used as the BFs packing material.



Calculations 

Table S2. Parameters used to evaluate process performance during the operation of the BFs. 

Parameter Equation Units 

Inlet load (IL) IL = [CH4]in × Q/V g m-3 h-1 

CH4 removal efficiency (RE) RE = ([CH4]in – [CH4]out/[CH4]in) × 100 % 

CH4 elimination capacity (EC) EC = IL × RE g m-3 h-1 

CO2 production rate (PCO2) PCO2 = ([CO2]out – [CO2]in) × Q/V g m-3 h-1 

Maximum theoretical CO2 
production rate (PCO2 MAX) 

PCO2 MAX = EC × α g m-3 h-1 

CH4 mineralization (RCO2) RCO2 = (PCO2/PCO2 MAX) × 100 % 

CO2 production yield (YCO2) YCO2 = PCO2/EC gCO2 gCH4
-1 

TN/N-NH4
+/P-PO4

3- removal 
efficiency (TN/N-NH4

+/P-
PO4

3- RE) 
REi = ([i]in – [i]out)/[i]in × 100  % 

Q is the total air flow rate (m3 h-1); V is the working volume of the BFs (m3); [CH4]in, [CH4]out, [CO2]in 

and [CO2]out are the CH4 and CO2 concentrations at the inlet and outlet of the BFs, respectively 

(g m-3); α is the molecular weight ratio MCO2/MCH4 (2.75), which represents the maximum amount 

of CO2 that can be produced by oxidizing all CH4 to CO2 if no biomass is produced. Finally, [i]in 

and [i]out stand for, respectively, the inlet (diluted centrate) and outlet (leachate) aqueous 

concentrations (g m-3) of the target monitored parameter i (TN, N-NH4
+ or P-PO4

3-). 

 

  



Results and Discussion 

Reactor performance 

 

Figure S1. Biomass accumulation in the control unit (A) and in one of the alternate units (B). 

 

 

 

 



Richness, diversity and structure of the active microbial communities 

 

Figure S2.  Rarefaction curves for cDNA samples I, 1, 2 and 3. 

Table S3. Bacterial diversity in cDNA samples I, 1, 2 and 3. 

cDNA 
sample 

Simpson index 
(adimensional) 

Shannon index 
(adimensional) 

I 0.95 3.84 

1 0.88 2.77 

2 0.85 2.92 

3 0.88 3.09  



  

Figure S3. Microbial community structure of sample I displayed using Krona tool. Taxonomy nodes are shown as nested sectors arranged from the top level 
of the hierarchy at the center and progressing outward until family level was reached. 



  

Figure S4. Microbial community structure of sample 1 displayed using Krona tool. Taxonomy nodes are shown as nested sectors arranged from the top level 
of the hierarchy at the center and progressing outward until family level was reached. 



 

Figure S5.  Canonical correspondence analysis (CCA) of Illumina data and variables at a family 
level in samples I, 1, 2 and 3. Taxa represented occurred at an abundance threshold >0.5 % in 

at least one sample. Yellow circles represent the different dataset samples. 

 

 

 

 

 

 

 



 

Figure S6.  Hierarchical clustering of samples I, 1, 2 and 3. Values at branches are AU p-values 
(left) and BP values (right). Clusters with AU ≥ 95 are indicated by a red rectangle.

I

1

2 3



 

  

Figure S7. Microbial community structure of sample 2 displayed using Krona tool. Taxonomy nodes are shown as nested sectors arranged from the top 

level of the hierarchy at the center and progressing outward until family level was reached. 

M



 

 

Figure S8. Microbial community structure of sample 3 displayed using Krona tool. Taxonomy nodes are shown as nested sectors arranged from the top 

level of the hierarchy at the center and progressing outward until family level was reached. 
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a b s t r a c t

Methanotrophic communities were enriched in three stirred tank reactors continuously supplied with
CH4-laden air at 20, 2 and 0.2 gCH4 m�3 in order to evaluate the influence of CH4 concentration on the
biodegradation kinetics, population structure and potential polyhydroxyalkanoate production under
sequential nitrogen limitations. The population structure of the enriched cultures, dominated by type I
methanotrophs, was influenced by CH4 concentration. No significant correlation between CH4 concen-
tration and the maximum specific degradation rate (qmax) or the half-saturation constant (KS) was
recorded, microorganisms enriched at 2 gCH4 m�3 presenting the highest qmax and those enriched at 20
and 0.2 gCH4 m�3 exhibiting the lowest KS. Maximum polyhydroxybutyrate (PHB) contents of 1.0% and
12.6% (w/w) were achieved at 20 and 2 g CH4 m�3, respectively. Polyhydroxyvalerate (PHV) was also
detected at PHV:PHB ratios of up to 12:1 and 4:1 in the communities enriched at 20 and 0.2 gCH4 m�3,
respectively.

© 2014 Elsevier Ltd. All rights reserved.

1. Introduction

Methane (CH4) contributes to approximately 20% of the world-
wide greenhouse gas (GHG) emissions, with an atmospheric con-
centration increase of 150% from the pre-industrial era to 2011
(Environmental Protection Agency, 2013; Intergovernmental Panel
on Climate Change, 2013). CH4 presents a global warming potential
25 times higher than that of CO2 (excluding additional harmful
effects of water vapor production from CH4 breakdown) and is
mainly emitted from organic waste treatment activities such as
landfilling, composting and wastewater treatment (122 million tn
CO2-eq in the EU-15), coal mining (6 million tn CO2-eq in the EU-
15) and livestock farming (120 million tn CO2-eq in the EU-15)
(European Environment Agency, 2013). CH4 concentration in
anthropogenic emissions greatly varies from 0 to 0.2 gCH4 m�3 in
compost piles or livestock farms up to 20e100 gCH4 m�3 in old
landfills (Nikiema et al., 2007).

Based on the urgent need to limit the increase in the global
average temperature to a maximum of 2 �C above pre-industrial
levels, the EU committed itself under the upgraded Kyoto Proto-
col to reduce its GHG emissions by 20% in 2020 (compared to 1990)
(European Environment Agency, 2013; Intergovernmental Panel on

Climate Change, 2013). In this context, apart from the actions ori-
ented to reduce CO2 emissions from fossil fuel combustion, addi-
tional measurements such as an active CH4 abatement must be
considered in order to achieve these target emission cuts. More-
over, the gradual application of the EU landfill Directive 1999/31
will result in emissions with lower CH4 concentrations, which will
significantly restrict the implementation of CH4 abatement tech-
nologies based on energy recovery (applied at CH4 concentrations
higher than ~400 g m�3). Therefore, there is an urgent need to
develop cost-efficient and sustainable technologies for the active
abatement of CH4 diluted emissions. Biotechnologies could
become, if properly tailored, a platform technology for the abate-
ment of diluted CH4 emissions based on their proven robustness
and cost-effectiveness for the treatment of malodours or industrial
VOC emissions (Estrada et al., 2012b; L�opez et al., 2013).

However, despite the fact that methanotroph-based technolo-
gies such as biofiltration or biotrickling filtration have been
implemented over the past 40 years for the active abatement of
CH4, the performance of such conventional biotechnologies is still
limited by the low CH4mass transfer rates from the gas phase to the
microorganisms and by the insufficient knowledge on the micro-
biology underlying CH4 oxidation (L�opez et al., 2013; Yoon et al.,
2009). In this regard, microorganisms with high specific oxidation
rates (qmax) and a high affinity for CH4 (low half-saturation con-
stant, KS) are desirable to guarantee an efficient biocatalytic activity
during the treatment of diluted CH4 emissions and to reduce the

* Corresponding author. Tel.: þ34 983186424; fax: þ34 983423013.
E-mail addresses: mutora@iq.uva.es, mutoraul@gmail.com (R. Mu~noz).

Contents lists available at ScienceDirect

Journal of Environmental Management

journal homepage: www.elsevier .com/locate/ jenvman

http://dx.doi.org/10.1016/j.jenvman.2014.06.026
0301-4797/© 2014 Elsevier Ltd. All rights reserved.

Journal of Environmental Management 146 (2014) 116e123

http://www.elsevier.com/locate/jenvman
http://dx.doi.org/10.1016/j.jenvman.2014.06.026
http://crossmark.crossref.org/dialog/?doi=10.1016/j.jenvman.2014.06.026&domain=pdf
Delta:1_given name
Delta:1_surname
Delta:1_given name
http://dx.doi.org/10.1016/j.jenvman.2014.06.026
www.sciencedirect.com/science/journal/03014797
Delta:1_surname
http://dx.doi.org/10.1016/j.jenvman.2014.06.026
mailto:mutoraul@gmail.com
mailto:mutora@iq.uva.es


start-up period of bioreactors. However, CH4 biodegradation kinetic
studies under non-mass transfer limiting conditions are scarce,
especially at the trace level CH4 concentrations (~mg m�3) often
encountered under real case applications (Estrada et al., 2012a;
L�opez et al., 2013). On the other hand, the economic sustainabil-
ity of biological CH4 oxidation processes, often compromised by the
high gas residence time required to overcome mass transfer limi-
tations, can be positively impacted by the co-production of high-
added value products such as biopolymers (i.e. poly-3-
hydroxybutyrate, PHB) (Zú~niga et al., 2011). Unfortunately, the
potential of methanotrophic communities to accumulate poly-
hydroxyalkanoates during the continuous biodegradation of CH4 at
trace level concentrations has been poorly explored.

This study evaluated the influence of CH4 concentration during
methanotrophic community enrichment on biodegradation kinetic
parameters and population structure. Moreover, the influence of CH4
concentration and the CH4/biomass ratio on the ability to accumulate
PHB under nitrogen limiting scenarios was also assessed.

2. Materials and methods

2.1. Chemicals and mineral salt medium

Methanewas purchased fromAbell�o Linde S.A. (Barcelona, Spain)
with a purity of at least 99.5%. Poly-3-hydroxybutyrate, chloroform
(>99.5%), phosphotungstic acid solution 10% (w/v), uranyl acetate
dihydrate (�98%), propylene oxide (>99%) and benzoic acid (>99.5%)
were obtained from SigmaeAldrich® (SigmaeAldrich, St. Louis, MO,
USA). Osmium tetroxide was obtained from EMS with a purity of at
least 99.95% (Hatfield, USA). Lead nitrate and sodium citrate were
purchased from Merck (Darmstadt, Germany). The Spurr resin kit
TK4 4221D-1 was obtained from TAAB Laboratories Equipment Ltd.
(Aldermaston, England). Paraformaldehyde and ethanol (96%) were
purchased from AppliChem (Darmstadt, Germany). The rest of re-
agents and chemicals were purchased from Panreac® (Barcelona,
Spain) with a purity of at least 99%.

The mineral salt medium (MSM) used for microbial enrichment
and the in-vitro kinetic assays was composed of (in g L�1): Na2H-
PO4$12H2O 6.15, KH2PO41.52, MgSO4$7H2O 0.2, CaCl2$2H2O 0.0503,
NaNO3 1.32 and 10mL L�1 of SL4 trace element solution (containing
per liter: EDTA 0.5 g, FeSO4$7H2O 0.2 g, ZnSO4$7H2O 0.01 g,
MnCl2$4H2O 0.003 g, H3BO3 0.03 g, CoCl2 0.011 g, CuCl2$2H2O
0.443 g, NiCl2$6H2O 0.002 g, Na2MoO4$2H2O 0.003 g).

2.2. Inoculum and cultivation conditions

Fresh aerobic activated sludge from Valladolid wastewater
treatment plant (Valladolid, Spain), soil from the cover of an
abandoned landfill (Almaz�an, Spain) and sludge from an aerobic
lagoon stabilizing the effluents from a full-scale anaerobic digester
treating swine manure (Almaz�an, Spain) were used as inoculum for
the enrichment of methanotrophs. Aliquots of the 3 microbial
sources were equally mixed (on a volume basis), diluted in MSM in
a 1:18 ratio and then incubated at 25 �C and 150 rpm for 1 h in a
rotary shaker.

2.3. Experimental set-up and operation mode

Three 500 mL jacketed stirred tank reactors (STRs) (Afora S.A.,
Spain) initially containing 380 mL of MSM were inoculated with
20 mL of the mixed inoculum above described. The cultivation
broth was maintained at 25 �C and magnetically agitated at
250 rpm with a stir bar placed at the bottom of each STR. Inert
polyurethane polymers (0.92 g) were introduced in each reactor in
order to prevent the formation of biofilm onto the reactor walls,

thus avoiding the underestimation of biomass concentration. CH4
was continuously supplied via aeration (400mLmin�1) at 20 gm�3,
2 g m�3 and 0.2 g m�3 into reactors 1 (R1), 2 (R2) and 3 (R3),
respectively, using 10 mm porous stainless steel diffusers located at
the bottom of the reactors. The concentrations of CH4 were regu-
lated via mass flow controllers (Aalborg™, USA) by mixing an air
streamwith either puremethane or serial dilutions of CH4-laden air
streams (Fig.1). The pH of the enrichment broths wasmaintained at
7.2 ± 0.2 by periodic addition of HCl (0.2 M). Distilled water was
added every two days to compensate for water losses by evapora-
tion. Double concentratedMSMwithout nitrogenwas also added to
compensate for sampling losses and to provide enough nutrients
for microbial growth. The enrichment of potential PHB-
accumulating methanotrophs was performed by operating the re-
actors under 8 sequential periods of N limitation (48e72 h per
period) within the entire 310-days experimentation period. NeNO3

-

concentration was restored at 248.8 ± 65.3, 48.1 ± 22.9,
17.2 ± 6.9mg L�1 in R1, R2 and R3, respectively, after each limitation
period. At the end of the 8th N limitation cycle, the influence of the
CH4/biomass ratio on microbial PHB accumulation under N limiting
conditions was assessed for a period of 18 days by diluting the
biomass concentration in R1 and R2 to the levels of R3.

Liquid samples (3 mL) were periodically drawn from the re-
actors to determine the concentration of biomass via culture
absorbance measurements (OD650), dissolved total organic carbon
(TOC) and total nitrogen (TN). Additionally, 15 mL liquid samples
were drawn on days 95e100 (week 14) and 130e135 (week 19) to
determine the CH4 biodegradation kinetic parameters and peri-
odically monitor the total suspended solid concentration (TSS).
Liquid samples of 3 mL were also drawn to quantify the bacterial
PHB content and to confirm PHB accumulation by transmission
electron microscopy at the end of each 3 days nitrogen limitation
period. Liquid samples were also taken on days 28 (week 4), 95
(week 14) and 130 (week 19) to determine the dynamics of mi-
crobial population structure by denaturing gradient gel electro-
phoresis (DGGE). CH4 and CO2 gas concentrations were monitored
by GC-TCD at the inlet and outlet of the reactors.

2.4. Kinetics of CH4 biodegradation

The maximum specific CH4 biodegradation rate qmax
(gCH4 g�1

biomass h�1) and the Monod half-saturation constant KS
(g m�3) under non-limiting N conditions were determined for R1,
R2 and R3 cultures on days 95e100 (week 14) and 130e135 (week
19) in order to record the dynamics of CH4 biodegradation kinetics.
These assays were conducted in 120-mL glass bottles containing
20 mL of MSM and inoculated with fresh biomass at an initial
concentration of 51.7 ± 14.7 gbiomass m�3, which ensured that the
kinetic parameters were obtained under non-limitingmass transfer
conditions (according to preliminary tests). The bottles were closed
with butyl septa, sealed with aluminum caps and supplied with
CH4 at initial headspace concentrations of 91.5 ± 3.9 g m�3,
17.9 ± 0.8 g m�3 and 4.7 ± 0.4 g m�3 (corresponding to initial
methane aqueous concentrations of 3.1 ± 0.1 g m�3,
0.61 ± 0.1 g m�3 and 0.16 ± 0.1 g m�3, respectively). The bottles
were incubated at 25 �C and 150 rpm for 25 h. The concentrations of
CH4 and CO2 in the headspace of the bottles were periodically
measured by GC-TCD. The LineweavereBurk correlation (Equation
(1)) was used to determine the biodegradation kinetic parameters
from the initial CH4 biodegradation rates (Walkiewicz et al., 2012):

1=q ¼ KS=qmax � 1=½CH4� þ 1=qmax (1)

where q represents the initial CH4 biodegradation rate (g
CH4 m�3

liq h�1) and [CH4] the methane concentration in the
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aqueous phase (g m�3
liq) estimated using the dimensionless Hen-

ry's law constant at 25 �C and 1 atm (29.4).

2.5. Molecular biology analysis

To evaluate the richness and composition of the microbial
community, biomass samples from the inoculum (A) and from R1,
R2 and R3 were collected onweek 4 (B, C and D, respectively), 14 (E,
F and G, respectively) and 19 (H, I and J, respectively) and stored
immediately at �20 �C. The procedures of the DNA extraction, PCR
amplification, DGGE analysis, sequencing and DNA sequence anal-
ysis can be found in the Supplementary Data Annex.

2.6. Electron microscopy analysis

Liquid samples of 1 mL drawn from the STRs at the end of the
3rd limitation period were centrifuged at 4000 rpm and 4 �C for
5 min. Subsequent biomass fixation, dehydration and embedding
were carried out according to Bozzola (2007). The samples were
finally cutted and contrasted according to Wendlandt et al. (2001).
A TEM JEOL JEM-1011 electron microscope (Teknolab, Indonesia)
with an ES1000W Erlangshen CCD camera (Gatan, Germany) was
used for the analysis.

2.7. Measurement of PHB

The quantitative determination of the cellular PHB content was
carried out according to Zú~niga et al. (2011) using chloroform as
extraction solvent.

2.8. Analytical procedures

CH4 and CO2 gas concentrations were determined in a Bruker
430 GC-TCD (Palo Alto, USA) equipped with a CP-Molsieve 5A
(15 m � 0.53 mm � 15 mm) and a CP-PoraBOND Q
(25m� 0.53 mm� 10 mm) columns. The oven, injector and detector
temperatures were maintained at 45 �C, 150 �C and 200 �C,
respectively. Helium was used as the carrier gas at 13.7 mL min�1.
Samples for the determination of TOC/TN concentrations were

filtered through 0.22 mm glass fiber filters (Merck Millipore, USA)
prior to analysis in a TOC-VCSH analyzer (Shimadzu, Japan) coupled
with a chemiluminescense detection TN module (TNM-1) (Shi-
madzu, Japan). Culture absorbance measurements at 650 nm were
performed using a Shimadzu UV-2550 UV/Vis spectrophotometer
(Shimadzu, Japan). The determination of TSS concentration was
performed according to standard methods (APHA, 2005). Temper-
ature and pH were on-line monitored using a multiparametric
analyser C-3020 (Consort, Belgium). PHB concentration was quan-
tified in an Agilent 6890N GCeMS equipped with a DB-WAX col-
umn (30 m � 0.250 mm � 0.25 mm) (J&WScientific®, CA, USA). The
injector temperature was set at 250 �C. The oven temperature was
initially maintained at 40 �C for 5 min, increased at 10 �C min�1 up
to 200 �C, then at 5 �Cmin�1 up to 240 �C and finally maintained at
240 �C for 2 min.

3. Results and discussion

3.1. Methane biodegradation performance during culture
enrichment

CH4 biodegradation in the three enrichment STRs was indirectly
assessed by CO2 production and biomass growth rather than by CH4
consumption based on the higher reliability of CO2 measurements
and the low CH4 removal rates achieved. Since the reactors were
not designed to maximize CH4 abatement, the removal rates ob-
tained were lower than the average error of the GC-FID method. In
this context, a rapid CH4 oxidation was recorded at the highest CH4

concentration in R1 from the second day of operation, with an in-
crease in CO2 production up to 104 g m�3 h�1 concomitant with a
rise in biomass concentration up to 4 g L�1 (Fig. 2a, b). However,
CH4 mineralization progressively decreased to average values of 60
gCO2 m�3 h�1 from day 40e60 and fluctuated at
42.3 ± 17 g m�3 h�1 from day 60 onwards. Biomass concentration
stabilized at 4 g L�1 from days 33e45 and at 6 g L�1 from days
75e125 likely due to the accumulation of both metabolites and cell
lysis products in the cultivation broth. The complete renewal of
MSM in R1 (prior biomass centrifugation) by days 45 and 125
restored TOC concentrations at 110e120 mgC L�1 and supported

Fig. 1. Schematic representation of the experimental set-up. 1 CH4 gas cylinder, 2 air compressor, 3 jacketed 500-mL glass reactors, 4 mass flow controllers, 5 needle valve, 6 T-
connections, 7 pH data acquisition system, 8 PC data logger, 9 rotameters, 10 inlet sampling points, 11 outlet sampling points.

J.C. L�opez et al. / Journal of Environmental Management 146 (2014) 116e123118



further biomass growth (Fig. 2c). The CO2 production rates in R2
and R3 underwent less variations than those recorded in R1, with
average values of 7.9 and 3.7 g m�3 h�1, respectively (Fig 2a). These
lower CO2 production rates were attributed to the lower CH4 con-
centration gradients and therefore mass transfer rates at 2 and
0.2 g m�3, compared to R1. Biomass growth in R2 and R3 was also
significantly lower than that recorded in R1 as a result of the lower
CH4 loading rates (10 and 100 times lower, respectively). Maximum
biomass concentrations of 2.1 and 0.7 g L�1 were achieved,
respectively, in R2 and R3 by days 113 and 180, to finally decrease to
1.2 and 0.2 g L�1, respectively. Likewise, TOC concentrations in both
reactors remained constant at ~40 mg L�1, which suggests that the
accumulation of metabolites or cell lysis products in R2 and R3 was
not significant during the experimentation period (Fig. 2c). The CO2
production rates recorded in R1 and R2 were similar to those re-
ported by Rocha-Rios et al. (2010, 2009) in STRs at CH4 loading rates
of approximately 65 and 210 g m�3 h�1 (10 and 80 g CO2 m�3 h�1,
respectively).

3.2. Structure of the enriched communities

The ShannoneWiener diversity index (H) ranges typically from
1.5 to 3.5 and accounts for both the number (richness) and the
eveness of the species (evaluating and comparing the intensity of
the bands), thus allowing to obtain semi-quantitative results from
the DGGE analysis (McDonald, 2003). In our particular case, the
complex inoculum exhibited the lowest species evenness and
richness among the samples analyzed as demonstrated by its low H
of 2.6. Despite the increase in microbial diversity of the commu-
nities at week 4 in R1, R2 and R3 (H of 2.9, 3.2 and 3.1, respectively),
culture aging mediated a lower biodiversity at week 14 as
confirmed by the decrease in H values to 2.4, 3.1 and 2.8 in R1, R2
and R3, respectively. Further culture aging resulted in the stabili-
zation inmicrobial diversity byweek 19 in R2 and R3 atH of 2.7, and

at H of 2.9 in R1. It is noteworthy that these H values were achieved
using CH4 as the sole C and energy source and were not signifi-
cantly influenced by CH4 concentration. In contrast, Estrada et al.
(2012a) observed that high toluene concentrations supported
lower biodiversity indexes, which was attributed to the high
toxicity of the model VOC used in the study.

The analysis of the pair-wise similarity indexes revealed a low
correspondence between the inoculum and the cultures in the
three STRs, even byweek 4 (Fig. 4a). Hence, similarity coefficients of
8%, 18% and 34% were recorded between the seed and the cultures
R1, R2 and R3 by week 4, respectively (Fig. 4b). These results
confirmed the rapid dynamics of the methanotrophic communities
in the STRs and agreed well with the differences observed among
the ShannoneWiener diversity indexes. The highest similarities in
the phylogenetic composition of the communities were obtained
between the communities onweeks 14 and 19 (88% in R1, 80% in R2
and 75% in R3) (Fig. 4a, b). These empirical findings confirmed the
stabilization of the methanotrophic populations from week 14
onward regardless of the CH4 concentration evaluated. Moreover,
the comparison of communities in the STRs by week 19 revealed
that cultures enriched at CH4 concentrations differing in one order
of magnitude were more similar (similarities of 51% between R1
and R2, and 66% between R2 and R3) than those enriched at CH4

concentrations differing in two orders of magnitude (32% between
R1 and R3) (Fig. 4b). Thus, these results confirmed the significant
influence of CH4 concentration during culture enrichment on the
structure of the microbial populations.

Three different phyla were retrieved according to the RDP
classifier tool among the 18 bands sequenced from the DGGE gel
(Fig. 3): Proteobacteria (15 bands), Firmicutes (1 band) and Actino-
bacteria (1 band), while the sequence of the last band remained
unclassified. The closest matches for each bacterial sequence from

Fig. 2. Time course of CO2 production rate (a), biomass concentration (b) and TOC
concentration (c) during methanotroph enrichment in R1 (:), R2 (A) and R3 (▫).

Fig. 3. DGGE profiles of the bacterial communities present in: A Inoculum, B R1 on
week 4, C R2 on week 4, D R3 on week 4, E R1 on week 14, F R2 on week 14, G R3 on
week 14, H R1 on week 19, I R2 on week 19, J R3 on week 19. The name of the samples
and their ShannoneWeiner diversity indexes are shown in the upper part of the gel.
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the NCBI database are provided in the Supplementary Data Annex
(Table 1) with indication of the similarity percentages and sour-
ces of origin. In addition, the presence and relative abundance of
each band within the samples analyzed are also shown in the
Supplementary Data Annex (Table 1). Most bands were affiliated to
the phylum Proteobacteria and more specifically to Alphaproteo-
bacteria, Betaproteobacteria and Gammaproteobacteria classes.
Despite CH4-oxidizing bacteria belonging to type I methanotrophs
(Methylosarcina, Methylomicrobium, Methylosoma and Methyl-
obacter genera) were detected in the three STRs along the entire
enrichment, type I methanotrophs were more abundant in R1 and
R2 (samples B, C, E, F, H and I) and their abundance gradually
deteriorated over time. Type II methanotrophs (Methylocystis
genus) were also present in the three STRs and gradually increased
their abundance in R2 and, in a lesser extent, in R3 (samples F, G, I
and J). The fact that type II methanotrophs exhibited a lower
abundance than type I methanotrophs in the STRs can be attributed
to the enrichment of cultures at high Cu2þ concentrations. In this
context, preliminary quantitative-PCR results revealed the higher
expression of particulate methane monooxygenases (pMMO)
compared to the type II-specific soluble methane monooxygenases
(sMMO), which also supported the predominance of type I meth-
anotrophs along the entire enrichment in the STRs (data not
shown). Most methanotrophic genera here described were previ-
ously identified in CH4 abatement bioreactors (Gebert et al., 2008;
Veillette et al., 2011), which confirmed their ability to degrade CH4.
Thus, the methylotrophic Methylobacillus and Hyphomicrobium
genera have been detected in sewers and biofilters treating CH4,
respectively (Chistoserdova et al., 2007; Kim et al., 2013). In our

particular study, the Hyphomicrobium genus (DGGE band 15) was
significantly present in almost all samples analyzed, while bacteria
from theMethylobacillus genus (DGGE band 12) were only found in
R1 by week 19 (sample H). Despite members of the Dokdonella,
Rhodanobacter, Turicibacter and Rhodococcus genera (DGGE frag-
ments 10, 11, 16 and 17, respectively) were also detected by week 4
in the three STRs, these microorganisms gradually disappeared
likely due to their incapability to assimilate CH4, CH4-derived me-
tabolites or cell lysis products. Bacteria from the Rhodanobacter
genus were previously detected in a CH4 abatement bioreactor, but
their role in this particular microbial community was not clearly
identified (Veillette et al., 2011).

3.3. Determination of kinetic parameters

The highest qmax obtained from the LineweavereBurk lineari-
zation (4.8 � 10�4 ± 8.1 � 10�5 gCH4 gbiomass

�1 h�1) was recorded at
week 14 in the communities enriched in R2, which was attributed
to the high biodiversity encountered both for type I and II meth-
anotrophic bacteria. No significant differences were observed be-
tween the communities of R1 and R3 in terms of qmax at week 14,
with values of 2.7 � 10�4 ± 5.6 � 10�5 and
1.6 � 10�4 ± 1.8 � 10�5 gCH4 gbiomass

�1 h�1, respectively (Fig. 5a). The
qmax values determined at week 14 in the three microbial com-
munities were higher than those previously reported in the liter-
ature, which typically ranged from 4.2 � 10�5 to
1.3�10�4 gCH4 gbiomass

�1 h�1 (Bender and Conrad,1992; Gebert et al.,
2003). These findings can be explained by the fact that biomass
concentration was optimized in the biodegradation assays in order

Fig. 4. Bacterial similarity dendrogram (UPGMA clustering) (a) and matrix (b) with error resampling (500 resampling experiments) for: A Inoculum, B R1 onweek 4, C R2 onweek 4,
D R3 on week 4, E R1 on week 14, F R2 on week 14, G R3 on week 14, H R1 on week 19, I R2 on week 19, J R3 on week 19. The names of the samples in the dendrogram are shown in
the lower part of the figure.
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to avoid CH4 mass transfer limiting conditions, resulting in more
realistic kinetic parameters. On the contrary, most kinetic studies
reported for methanotrophs were carried out at high biomass
concentration, which did not ensure the absence of mass transport
limitations and, therefore, the validity of the kinetic parameters
obtained. At week 19, the communities of R1 and R2 exhibited
lower qmax compared to week 14 (1.1 � 10�4 ± 3.1 � 10�5 and
1.9 � 10�4 ± 5.4 � 10�5 gCH4 gbiomass

�1 h�1, respectively), while qmax
in the community of R3 remained similar. These findings suggested
that culture aging negatively affected the specific CH4 biodegra-
dation rate of the microbial communities exposed to the two
highest CH4 concentrations likely due to the presence of a higher
inert biomass fraction.

On the other hand, no significant differences in the KS of the
microbial communities enriched in the three STRswere recorded at
week 14, exhibiting values of 1.2 � 10�5 ± 1.7 � 10�6 M (Fig. 5b). KS

values at week 19 significantly decreased in the communities
enriched in R1 and R3 (5.2 � 10�6 ± 1.4 � 10�6 M and
4.8 � 10�6 ± 5.3 � 10�7 M, respectively) and remained constant in
R2 (1.6 � 10�5 ± 8 � 10�7 M). The results here obtained indicated
that long-term culture exposure to CH4 would promote the
enrichment of high affinity (low KS) microorganisms, although no
significant influence of CH4 concentration on KS was observed. This
empirical finding was in agreement with the fact that type I (which
exhibit the highest affinities for CH4) rather than type II meth-
anotrophs were dominant in both R1 and R3. Whalen et al. (1990)
reported KS values for type I methanotroph-like cultures isolated
from landfill cover soils as low as 2.5 � 10�6 M under gas CH4
concentrations of 1e1.7 g m�3, which are comparable to those
recorded at week 19 in R1 and R3. In contrast, KS values of
6.8 � 10�5 e 4.7 � 10�4 M are typically reported in literature for
type II methanotrophs (Delhom�enie et al., 2009; Hornibrook et al.,
2009).

3.4. PHB accumulation

PHB was present as refractive inclusions or granules inside the
methanotrophic cells, which were identified in the enriched cul-
tures by their intracytoplasmatic membranes (Fig. 6). The trans-
mission electron micrographs confirmed the microbiological
feasibility of coupling CH4 abatement with the production of an
added value product such as PHB, which could significantly
contribute to improve the economic viability of the process. Poly-
hydroxyalkanoate accumulation in methanotrophs can be induced
under excess of C source and limitation in the availability of nu-
trients such as N, P or Mg (Asenjo and Suk,1986), N limitation being
the best scenario for PHB accumulation according to Wendlandt
et al. (2001). Hence, the enrichment of methane-oxidizing bacte-
ria capable of accumulating PHB was performed by operating the
reactors under 8 sequential periods of N limitation. To the best of
our knowledge, this is the first systematic study assessing the in-
fluence of different CH4 concentrations and CH4/biomass ratios on
PHB accumulation by methanotrophic consortia.

PHB cell contents of 0.3e0.5% (w/w), 2.9e9.7% (w/w) and 0.1e0.8%
(w/w) were recorded following the N limitation periods in R1, R2 and
R3, respectively (Table 1). Despite sequential N limitations were ex-
pected to induce an increasing PHB accumulation, the biopolymer
content was low and neither correlated with CH4 concentration nor
with the time courseof the enrichment. Similar resultswere obtained
by Pieja et al. (2012) in batch reactors subjected to sequential N lim-
itations, although sequential CH4 and N limitations indeed promoted
PHB accumulation up to 24% (w/w). These results, compared to our
particular study, were likely due to the use of the PHB-producer
Methylocystis parvus OBBP and the use of C and N feast-famine

Fig. 5. Influence of CH4 concentration during enrichment on the CH4 biodegradation
kinetic parameters qmax (a) and KS (b) at week 14 (black bar) and 19 (scratched bar).

Fig. 6. Transmission electron micrographs of methanotrophic cells containing PHB enriched in R1 (a), R2 (b) and R3 (c) (60 000 � , 120 000 � and 100 000 � magnification,
respectively).
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strategies. Methanotroph cultivation at higher CH4/biomass ratios
following the 8thN limitation episode initially resulted in the highest
PHBcell contents inbothR1andR2(1%and12.6%, respectively), likely
due to the higher bioavailability of the C source.

The differences in the PHB cell content of the communities
enriched in the reactors at the different CH4 concentrations can be
explained by the different structure of these methanotrophic
communities revealed by DGGE analysis (Fig. 3; Supplementary
Data Annex). The key role of the type of methanotrophs on the
ability to accumulate PHB was recently highlighted by Pieja et al.
(2011), who suggested that only type II methanotrophs exhibited
the ability to accumulate PHB under N limiting conditions. In our
particular case, the highest abundance of type II methanotrophs
(Methylocystis genus) was found in R2, which also corresponded to
the community with the highest PHB contents.

GCeMS analyses revealed also the accumulation of poly-3-
hydroxyvalerate (PHV) in the cultures enriched (Table 1). The
highest PHV:PHB ratios were found in R1 (up to 12:1) and R3 (up to
4:1), which corresponded to the communities with the lowest PHB
contents. The low PHB cell contents detected in both reactors could
be attributed to the preferential microbial accumulation of PHV. In
this regard, Zú~niga et al. (2013) reported maximum PHV:PHB ratios
of 7:11 in a STR fed with CH4 and citrate as carbon sources and
highlighted that the co-production of polyhydroxyalkanoates such
as PHV together with PHB can improve the mechanical properties
and biodegradability of the composite biopolymers. In our partic-
ular study, the different PHV:PHB ratios obtained could be attrib-
uted to the use of consortia and CH4 instead of pure cultures and
CH4/cosubstrates, as reported by Zú~niga et al. (2013).

4. Conclusions

The analysis of the pair-wise similarity indexes clearly showed
that CH4 concentration during culture enrichment determined the
structure of the microbial populations, which exhibited rapid dy-
namics and high species evenness and richness. In addition, kinetic
assays revealed high specific biodegradation capacities and affinities
for CH4, correlated to the dominance of type I/II methanotrophs
rather than to CH4 concentration. On the other hand, the use of
sequential N limitations under continuous CH4-laden airflowdid not
promote a high PHB accumulation in the cultures likely due to the
low abundance of type II methanotrophs. Interestingly, the com-
munities with lower PHB contents exhibited higher PHV contents.
These findings brought new insights on the development of specific
inocula not only to reduce the start-up period of bioreactors devoted
toCH4 abatement, but also to co-producehigh-addedvalueproducts.

Although further experiments on optimizing the conditions for PHB/
PHV production are still necessary, the industrial use of these high-
added value products will certainly promote the application of bio-
logical processes for GHG emissions abatement.
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Nomenclature

STR stirred tank reactor
VOC volatile organic compound
PHB poly-3-hydroxybutyrate
PHV poly-3-hydroxyvalerate
TSS total suspended solids (g L�1)
TOC total organic carbon (mg L�1)
H ShannoneWiener diversity index (dimensionless)
KS half-saturation constant (M)
qmax maximum specific biodegradation rate

(gCH4 g�1
biomass h�1)

References

APHA, 2005. Standard Methods for the Examination of Water and Wastewater,
twentyfirst ed. American Public Health Association, Whasington, D.C.

Asenjo, J.A., Suk, J., 1986. Microbial conversion of methane into poly-beta-
hydroxybutyrate (PHB) e growth and intracellular product accumulation in a
type-II methanotroph. J. Ferment. Technol. 64, 271e278.

Bender, M., Conrad, R., 1992. Kinetics of CH4 oxidation in oxic soils exposed to
ambient air or high CH4 mixing ratios. FEMS Microbiol. Ecol. 101, 261e270.

Bozzola, J.J., 2007. Conventional specimen preparation techniques for transmission
electron microscopy of cultured cells. In: Kuo, J. (Ed.), Electron Microscopy,
Methods in Molecular Biology, vol. 369. Humana Press, Springer, pp. 1e18.
http://dx.doi.org/10.1007/978-1-59745-294-6_1.

Chistoserdova, L., Lapidus, A., Han, C., Goodwin, L., Saunders, L., Brettin, T., Tapia, R.,
Gilna, P., Lucas, S., Richardson, P.M., Lidstrom,M.E., 2007. Genome ofMethylobacillus
flagellatus, molecular basis for obligate methylotrophy, and polyphyletic origin of
methylotrophy. J. Bacteriol.189, 4020e4027. http://dx.doi.org/10.1128/JB.00045-07.

Delhom�enie, M.C., Nikiema, J., Bibeau, L., Heitz, M., 2009. A new method to deter-
mine the microbial kinetic parameters in biological air filters. Chem. Eng. Sci.
63, 4126e4136. http://dx.doi.org/10.1016/j.ces.2008.05.020.

Environmental Protection Agency, April 2013. Inventory of US Greenhouse Gas
Emissions and Sinks: 1990e2011. EPA 430-R-13e001. http://epa.gov/
climatechange/ghgemissions/usinventoryreport.html (accessed 21.01.14).

Estrada, J.M., Rodríguez, E., Quijano, G., Mu~noz, R., 2012a. Influence of gaseous VOC
concentration on the biodiversity and biodegradation performance of microbial
communities. Bioproc. Biosyst. Eng. 35, 1477e1488. http://dx.doi.org/10.1007/
s00449-012-0737-x.

Estrada, J.M., Kraakman, N.J.R., Lebrero, R., Mu~noz, R., 2012b. A sensitivity analysis of
process design parameters, commodity prices and robustness on the economics
of odour abatement technologies. Biotechnol. Adv. 30, 1354e1363. http://
dx.doi.org/10.1016/j.biotechadv.2012.02.010.

European Environment Agency, 2013. Annual European Union Greenhouse Gas In-
ventory 1990e2011 and Inventory Report 2013. http://www.eea.europa.eu/
publications/european-union-greenhouse-gas-inventory-2013 (accessed 15.12.13).

Gebert, J., Gr€ongr€oft, A., Miehlich, G., 2003. Kinetics of microbial landfill methane
oxidation in biofilters. Waste Manag. 23, 609e619. http://dx.doi.org/10.1016/
S0956-053X(03)00105-3.

Gebert, J., Stralis-Pavese, N., Alawi, M., Bodrossy, L., 2008. Analysis of methano-
trophic communities in landfill biofilters using diagnostic microarray. Environ.
Microbiol. 10, 1175e1188. http://dx.doi.org/10.1111/j.1462-2920.2007.01534.x.

Table 1
Polyhydroxyalkanoate content in the biomass enriched in the three STRs following N
limitation.

Cycle R1 R2 R3

%PHBa PHV:PHB %PHB PHV:PHB %PHB PHV:PHB

1 nd nd nd nd 0.8 ± 0.0 3:1
2 nd nd 3.2 ± 0.2 1:2 0.8 ± 0.0 2:1
3 nd nd 3.1 ± 0.1 1:2 0.6 ± 0.0 2:1
4 nd nd 9.7 ± 0.2 1:4 0.5 ± 0.1 3:1
5 nd nd 7.5 ± 0.0 1:4 0.4 ± 0.0 4:1
6 0.3 ± 0.1 11:1 2.9 ± 0.1 1:2 0.5 ± 0.0 3:1
7 0.5 ± 0.1 10:1 4.3 ± 0.1 1:2 0.1 ± 0.0 3:1
8 0.3 ± 0.0 12:1 5.5 ± 0.2 1:3 0.5 ± 0.0 2:1
8 (3 days) 1.0 ± 0.1 3:1 12.6 ± 0.9 1:6 0.5 ± 0.0 3:1
8 (6 days) 0.6 ± 0.0 7:1 6.2 ± 0.1 1:7 0.4 ± 0.0 3:1
8 (10 days) 0.7 ± 0.0 6:1 6.4 ± 0.1 1:5 0.5 ± 0.0 4:1
8 (18 days) 0.6 ± 0.0 6:1 5.5 ± 0.3 1:5 1 ± 0.0 1:1

nd: not determined.
a %PHB ¼ (gPHB/gTSS) � 100.
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DNA isolation, 16S rRNA gene amplification and DGGE analysis 

Genomic DNA was extracted using the protocol described in the Fast® DNA Spin Kit for 

Soil handbook (MP Biomedicals, LLC), adjusting the time of binding of DNA to the silica 

matrix to 1 h. The V6-V8 regions of the bacterial 16S rRNA genes were amplified by 

Polymerase Chain Reaction (PCR) using the universal bacterial primers 968-F-GC and 

1401-R (Sigma- Aldrich, St. Louis, MO, USA) (Nübel et al., 1996). The PCR mixture (50 

µL)  contained 1 µL of each primer (10 ng µL-1 each primer), 25 µL of BIOMIX ready-to-

use 2× reaction mix (Bioline, UK), PCR reaction buffer and deoxynucleotide 

triphosphates (dNTPs), 2 µL of the extracted DNA and Milli-Q water up to the final 

volume. PCR was performed in a iCycler Thermal Cycler (Bio-Rad Laboratories, 

Hercules, CA) with the following thermo-cycling program for bacterial amplification: 2 min 

of pre-denaturation at 95ºC, 35 cycles of denaturation at 95ºC for 30 s, annealing at 56ºC 

for 45 s, and elongation at 72ºC for 1 min, with a final elongation at 72ºC for 5 min.  

DGGE analysis of the amplicons was performed on 8% (w/v) polyacrylamide gels with 

an urea/formamide denaturing gradient of 45-65% (Roest et al., 2005). Electrophoresis 

was performed with a D-Code Universal Mutation Detection System (Bio-Rad 

Laboratories, Hercules, CA) in 0.5× Tris-acetate-EDTA (TAE) buffer at 60ºC and 85 V 

for 16 h. The gels were stained with GelRed Nucleic Acid Gel (1:10000 dilution) (Biotium 

Inc, Hayward, CA) for 1 h. 

 

Sequencing and DNA sequence analysis 

Individual bands were excised from the DGGE gel with a sterile blade, resuspended in 

50 µL of ultrapure water, and maintained at 60ºC for 1 h to allow DNA extraction from 

the gel. A volume of 5 µL of the supernatant was used for reamplification with the original 

primer sets. Before sequencing, PCR products were purified using the GenElute PCR 

DNA Purification Kit (Sigma- Aldrich, St. Louis, MO, USA). The taxonomic position of the 

sequenced DGGE bands was obtained using the RDP classifier tool (50% confidence 

http://0-www.sciencedirect.com.almena.uva.es/science/article/pii/S0960852412000582


level) (Wang et al., 2007). The closest matches to each band were obtained using the 

Standard Nucleotide BLAST search tool at the NCBI (National Centre for Biotechnology 

Information) (McGinnis and Madden, 2004). The absence of chimeras in the sequences 

was assessed using the DECIPHER search tool (Wright et al., 2012) before depositing 

them in GenBank Data Library under accession numbers KF957448 – KF957465. The 

DGGE patterns obtained were compared using the GelCompar IITM software (Applied 

Maths BVBA, Sint-Martens-Latem, Belgium). The gels were normalized by using internal 

standards within the DGGE gels. After image normalization, bands were defined for each 

sample using the bands search algorithm within the program. The software carried out a 

density profile analysis for each lane, detected the bands and calculated their relative 

contribution to the total band intensity in the lane, thus allowing the estimation of the 

relative abundances. Similarity indexes within the bacterial populations were calculated 

from the densitometric curves of the scanned DGGE profiles by using the Pearson 

product-moment correlation coefficient (Häne et al., 1993), and were subsequently used 

to depict the dendrogram by using UPGMA clustering with error resampling (500 

resampling experiments). Peak heights in the densitometric curves were also used to 

determine the diversity indexes based on the Shannon-Wiener diversity index, calculated 

as follows (Equation 1): 

  )ln( ii PPH
                                                                                                       (1) 

where Pi is the importance probability of the bands in a lane (Pi = ni/n, ni is the height of 

an individual peak and n is the sum of all peak heights in the densitometric curves). 



Table 1 SI. RDP classification of the bacterial DGGE bands sequences and corresponding matches (Standard Nucleotide BLAST) using the NCBI database with 
indication of the similarity percentages and sources of origin. The relative abundance of each band in the samples was ranked by x, xx or xxx 

Taxonomic placement 
(50% confidence level) 

Band 
n° 

A B C D E F G H I J 
Closest relatives in Blast 
Name (accession number) 

Similarity 
(%) 

Source of origin 

Phylum Proteobacteria               
   Class Gammaproteobacteria 1  x x        Methylomicrobium agile (EU144026) 93 Culture collection 

               
         Order Methylococcales               
               Family Methylococcaceae 2  x xx x  x   x  Methylomicrobium agile (EU144026) 97 Culture collection 
            Methylobacter sp.( AJ868427) 96 Soil exposed to low methane mixing ratios  
 3  xxx xxx  xx xx  xxx xx  Methylomicrobium agile (EU144026) 96 Culture collection 
 4  xx xx xx  xxx xx   x Methylobacter sp.( AY007295) 99 Freshwater lake sediments  
            Methylosarcina lacus (NR_042712) 99 Culture collection 
            Methylomonas sp. (FR79895) 97 Wastewater treatment plant, wetland, 

biofilter and slurry pit  
                  Genus Methylosarcina 5   x  xx xx  xx  x Uncultured bacterium (AB722248) 98 Freshwater iron-rich microbial mat at 

circumneutral pH 
            Methylosarcina quisquiliarum (NR_025040) 96 Landfill soil 
 6     xxx xx  xxx   Uncultured bacterium (AB722248) 98 Freshwater iron-rich microbial mat at 

circumneutral pH 
                  Genus Methylomicrobium 7  xxx xxx  xxx xxx xx xxx xxx xx Methylomicrobium agile (EU144026) 99 Culture collection 
            Methylomicrobium album (EU144025) 99 Culture collection 
                  Genus Methylobacter 8   xx   xxx x xxx xx x Methylobacter sp. (AY007295) 97 Freshwater lake sediments 
                  Genus Methylosoma 9  xx    xxx xx  xxx xx Uncultured bacterium (AB240311) 94 PCR-derived sequence from a 

rhizosphere biofilm of a reed bed reactor 
in laboratory-scale 

         Order Xanthomonadales               
               Family Xanthomondaceae               
                  Genus Dokdonella 10  xxx xxx xx x x xxx   xx Uncultured bacterium (FJ660601) 99 Activated sludge from a full-scale 

wastewater treatment plant  
            Dokdonella sp.(NR_044554) 99 Islander and composted potting soils 
            Dokdonella fugitiva (NR_042397) 98 Potting soil 
                  Genus Rhodanobacter 11  xxx xxx  x x xx  x  Uncultured bacterium (FM213061) 99 Biotrickling filter removing H2S from 

wastewater treatment sludge 
            Uncultured Rhodanobacter sp. (HM447919) 97 Agricultural soil 
   Class Betaproteobacteria               
         Order Methylophilales               
               Family Methylophilaceae               
                  Genus Methylobacillus 12        xx   Methylobacillus sp. (JX099508) 93 Activated sludge from a wastewater 

treatment plant 
   Class Alphaproteobacteria               
         Order Rhizobiales               
               Family Methylocystaceae               
                  Genus Methylocystis 13 x xxx xxx  xx xxx xxx xx xxx xx Methylocystis parvus (AF150805) 96 Lake sediments 
 14  xxx xxx xx xx xxx xxx x xxx  Methylocystis sp. (AJ868423) 99 Soil exposed to low methane mixing ratios 
            Uncultured bacterium (AB504613) 99 Down-flow hanging sponge reactor 

inoculated with activated sludge coming 
from a wastewater treatment plant. 

            Methylocystis echinoides (NR_025544) 98 Sludge from a sewage treatment plant  



               Family Hyphomicrobiaceae               
                  Genus Hyphomicrobium 15  x xxx  xx xxx xxx xx xxx xx Uncultured Hyphomicrobium sp. (JF515535) 100 Agricultural soil 
            Uncultured bacterium (AY328641) 99 Drinking water from a distribution system 

simulator (DSS)  
            Uncultured Hyphomicrobium sp. (JX504970) 98 Soil from both natural wetlands and an 

anthropogenic wetland of a paddy field  
Phylum Firmicutes               
   Class Erysipelotrichia               
         Order Erysipelotrichales               
               Family Erysipelotrichaceae               
                  Genus Turicibacter 16 x x x xx  xx x  x x Uncultured bacterium (KC551602) 94 Activated sludge from wastewater 

treatment plants 
Phylum Actinobacteria               
   Class Actinobacteria               
      Subclass Actinobacteridae               
         Order Actinomycetales               
            Suborder Corynebacterineae               
               Family Nocardiaceae               
                  Genus Rhodococcus 17   xxx    x xx  x Rhodococcus yunnanensis (KC493986) 99 Soil sample from a coastal wetland 
            Rhodococcus sp. (JQ928360) 99 Domestic drinking water 
Unclassified Bacteria 18 xx  xxx xx  xx x x x x Uncultured Acidobacteria bacterium 

(JN802215) 
99 Biofilm attached to electrode materials in 

microbial fuel cell 
            Uncultured Acidobacterium 

(AF368181) 
97 Sludge from laboratory-scale sequencing 

batch reactors (SBR) fed with synthetic 
wastewater  
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Abstract 

The potential of biogas (with and without H2S) and volatile fatty acids (VFAs) to support 

microbial growth and accumulation of polyhydroxyalkanoates (PHAs) in type II 

methanotrophs was evaluated batchwise under aerobic conditions. Methylocystis hirsuta 

was able to grow on biogas (70 % CH4, 29.5 % CO2, 0.5 % H2S) and accumulate PHA 

up to 45 ± 1 % (wt %) under N-limited conditions. The presence of CO2 and H2S did not 

significantly influence the growth and PHA synthesis in M. hirsuta compared to control 

tests provided with pure CH4 at similar concentrations. Likewise, the addition of VFAs to 

the cultivation broth at initial concentrations of 100–200 mg L-1 did not hamper the growth 

of this strain on biogas. Indeed, the addition of 10 % extra carbon in the form of individual 

VFAs resulted in an increase in the maximum PHA yield and final PHA content up to 

0.45–0.63 gPHA gSubstrate-1 and 48–54 % (wt %), respectively, at the expense of a 

higher energy demand. Valeric acid supplementation supported the highest 3-

hydroxyvalerate content (13.5 %) within the biocomposite. In this context, this study 

demonstrated for the first time that 3-hydroxyvalerate synthesis by M. hirsuta did not 

depend on CH4 assimilation. 

Keywords: Biorefinery, methane, methanotroph, polyhydroxybutyrate, 

polyhydroxyvalerate, volatile fatty acid. 
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1 Introduction 

Methane (CH4), which accounts for 10-

16% of the global warming impact 

worldwide, represents nowadays the 

second most important greenhouse gas. 

In nature, CH4 is mainly emitted from the 

anaerobic decomposition of organic 

matter in wetlands and oceans. 

However, more than 60% of CH4 

emissions worldwide are anthropogenic 

[1-3]. Waste and wastewater treatment 

plants (WWTPs) represent one of the 

most significant emission sources of 

CH4 (20000 ktons CO2-eq in 2014 in the 

EU-28), which is often released in the 

form of a biogas typically composed of 

50–70% CH4, 30–50% CO2 and 0–0.5% 

H2S (v/v) [4,5]. Despite biogas 

constitutes a renewable energy source 

for heat and electricity generation, the 

high investment costs needed for on-site 

energy recovery or the high costs 

associated to biomethane production 

(1.08 € Nm-3 in the EU market compared 

to 0.30–0.67 € Nm-3 for natural gas) 

promote biogas flaring or venting to the 

atmosphere in low-medium size facilities 

[6,7]. In addition, the huge reserves of 

shale gas worldwide, along with its 

affordable extraction costs, do not 

forecast a scenario of increased natural 

gas prices (where biogas could 

advantageously compete). In this 

context, the development of cost-

effective technologies for the 

bioconversion of biogas into high-added 

value products could eventually mitigate 

biogas emissions from 

waste/wastewater treatment facilities 

along with the implementation of 

anaerobic digestion as a platform for 

organic pollution control. 

Polyhydroxyalkanoates (PHAs), such as 

poly-3-hydroxybutyrate (PHB), poly-3-

hydroxyvalerate (PHV) and their 

copolymer (PHBV), are polyesters 

biologically produced under unbalanced 

nutrient conditions (e.g. N limitation). 

PHAs have the potential to substitute 

conventional plastics such as 

polyethylene or polypropylene due to 

their biocompatibility, biodegradability 

and their versatile thermal and 

mechanical properties. The market price 

of PHAs ranges from 4 to 20 € kgPHA
-1, 

which greatly depends on the monomer 

composition of the biocomposite, the 

carbon source, the microbial strain used 

and the product purity [8]. Despite its 

rapid decrease in the past 5 years, the 

market price of PHAs is still higher than 

that of fossil-based polyesters due to the 

high costs of biopolymer downstreaming 

and carbon source acquisition, the later 

accounting for 30–40% of the final PHA 

price [7,8]. In this regard, CH4 has 

recently emerged as a low-cost and 

environmentally friendly feedstock for 

PHA production [9,10]. To the best of the 

authors’ knowledge, the studies 

reported to date on methanotrophic PHA 

production have been mainly restricted 



 

to the use of pure CH4 or natural gas as 

substrate [11-13]. Controversy still 

exists in literature about the technical 

and microbiological feasibility of biogas 

(containing the toxic and acid gases CO2 

and H2S) as a feedstock for PHA 

production [11,14]. Moreover, the direct 

addition to the methanotrophic 

cultivation broth of volatile fatty acids 

(VFAs), which are readily available 

during anaerobic digestion, could 

increase PHA yields and tailor the 

composition of the biocomposite during 

biogas bioconversion. However, the few 

studies reported to date restrict the use 

of VFAs to their corresponding salts (i.e. 

sodium valerate, sodium propionate or 

sodium 3-hydroxybutyrate), which 

overcome the pH-associated effects of 

VFAs but hinder their applicability within 

this biorefinery concept. In this context, 

neither the potential of biogas nor the 

influence of VFA supplementation on 

PHA accumulation by methanotrophs 

have been yet systematically addressed 

[15-18]. A successful bioconversion of 

biogas into VFA-tailored biopolymers 

would represent the cornerstone of a 

new generation of biogas biorefineries 

supporting a low-cost and 

environmentally friendly conversion of 

residual organic matter into multiple 

high-added value products. 

This study aimed at evaluating the 

feasibility of biogas as a feedstock to 

support the growth of the type II 

methanotroph Methylocystis hirsuta 

coupled to the synthesis of PHAs. 

Additionally, the potential of acetic, 

butyric, propionic and valeric acids to 

support M. hirsuta growth and modify the 

composition of the biogas-based PHA 

biocomposite was here evaluated for the 

first time. 

2 Materials and methods 

2.1 Strain, chemicals and culture 

conditions 

The methanotrophic strain Methylocystis 

hirsuta was acquired from DSMZ culture 

collection (DSM No. 18500, Leibniz 

Institut, Germany). This type II 

methanotroph was selected based on its 

ability to produce PHB through the 

serine pathway [12]. Synthetic biogas 

(70 % CH4, 29.5 % CO2, 0.5 % H2S), CH4 

(≥ 99.5 %), He (≥ 99.5 %), O2 (≥ 99.5 %) 

and CO2 (≥ 99.9 %) were purchased 

from Abelló Linde S.A. (Barcelona, 

Spain). Poly[(R)-3-hydroxybutyric acid-

co-(R)-3-hydroxyvaleric acid] (molar 

ratio 88/12, ≥ 99.99 %), valeric acid (≥ 99 

%) and butyric acid (≥ 99 %) were 

obtained from Sigma-Aldrich® (Sigma-

Aldrich, St. Louis, USA). Acetic acid (≥ 

99 %) was purchased from Cofarcas 

S.A. (Burgos, Spain). Additional 

reagents and chemicals were purchased 

from Panreac® (Barcelona, Spain) with a 

purity of at least 99 %. 



 

Balanced growth cultures were 

cultivated in Whittenbury nitrate mineral 

salt (NMS) medium (pH of 6.8) [19]. 

NMS medium supplemented with agar at 

1.5 % (w/v) was used to test culture 

purity along the experiment. In contrast, 

unbalanced growth cultures devoted to 

accumulate PHAs were incubated in a 

nitrate-free Whittenbury mineral salt 

medium (NFMS).  

2.2 Experimental procedures 

Inocula 

M. hirsuta inocula were prepared in 125-

mL serum bottles capped with butyl-

rubber stoppers and crimp-sealed under 

a CH4:O2 headspace (35:65 % v/v) and 

sterile conditions (Figure 1). The serum 

bottles contained 50 mL of NMS 

inoculated at 10 % (v/v) and were 

incubated in an orbital shaker at 250 rpm 

and 25 ºC for 7 days, which entailed five 

CH4:O2 headspace renewals. The final 

optical density of the cultures at 600 nm 

(OD600) was 4.0 ± 0.4 (total suspended 

solid concentration – TSS – of 1690 ± 

169 mg L-1). Unless otherwise specified, 

this inoculum was used for Test Series 1 

– 4. 

Test Series 1: Influence of biogas on M. 

hirsuta growth  

The ability of M. hirsuta to grow on 

biogas (with and without H2S) was 

assessed in triplicate in 2.15-L serum 

bottles capped with butyl-rubber 

stoppers and aluminium crimp seals 

under three different O2-supplemented 

headspace atmospheres (v/v): H2S-free 

biogas (CH4:O2:CO2:He at 

31.5:55.0:13.27:0.23 %), biogas 

(CH4:O2:CO2:H2S at 

31.5:55.0:13.27:0.23 %) and control 

Figure 1. Test series overview. 



 

(CH4:O2:He  at 31.5:55.0:13.5 %). The 

headspace mixtures were prepared in 

25 L-Tedlar bags (Sigma-Aldrich®, St. 

Louis, USA) using the appropriate 

volumes of each gas component from 

the cylinders and further pumped into 

the corresponding bottles in order to 

completely flush the air atmosphere out. 

The cultures, which contained 400 mL of 

NMS inoculated at 3 % (v/v) (initial OD600 

of 0.13 ± 0.01, corresponding to 55 ± 2 

mgTSS L-1), were magnetically stirred at 

300 rpm (Multipoint 15 Variomag, 

Thermo Fisher Scientific, Bartlesville, 

USA) and 25.0 ± 0.5 ºC in a 

temperature-controlled room. Abiotic 

controls for the three headspace 

mixtures were also prepared as above 

described to rule out any potential CH4 

removal due to adsorption or photolysis.  

Test Series 2: Influence of biogas on 

PHA synthesis by M. hirsuta  

M. hirsuta was initially grown as above 

described in 2.15-L serum bottles 

containing 400 mL of NMS inoculated at 

3 % (v/v) under a CH4:O2:CO2:H2S 

atmosphere (31.5:55.0:13.27:0.23 %) 

for 9–12 days (to completely deplete 

CH4 from the headspace). The 

methanotrophic biomass was harvested 

by centrifugation (10000 rpm, 8 min) and 

resuspended in NFMS. Then, the ability 

of biogas-grown M. hirsuta to 

accumulate PHAs was assessed in 

triplicate in 2.15-L serum bottles capped 

with butyl-rubber stoppers and 

aluminium crimp seals under three 

different O2-supplemented headspace 

atmospheres (v/v): H2S-free biogas 

(CH4:O2:CO2:He at 31.5:55.0:13.27:0.23 

%), biogas (CH4:O2:CO2:H2S at 

31.5:55.0:13.27:0.23 %) and control 

(CH4:O2:He  at 31.5:55.0:13.5 %). The 

bottles were incubated under magnetic 

agitation at 300 rpm and 25.0 ± 0.5 ºC in 

a temperature-controlled room. 

Test Series 3: Influence of the type and 

concentration of VFA on biogas-based 

M. hirsuta growth 

M. hirsuta was grown in VFA-

supplemented 125 mL serum bottles 

capped with butyl-rubber stoppers and 

crimp-sealed under sterile conditions 

and a biogas headspace 

(CH4:O2:CO2:H2S at 

31.5:55.0:13.27:0.23 %). The bottles, 

which initially contained 50 mL of NMS 

inoculated at 4 % (v/v) (initial OD600 of 

0.15 ± 0.01, corresponding to 65 ± 2 

mgTSS L-1), were incubated at 300 rpm 

and 25.1 ± 0.3 ºC in a temperature-

controlled room. The influence of the 

concentration of acetic, butyric, 

propionic and valeric acid (named C1–

C5, where C1 represented the lowest 

and C5 the highest VFA concentration) 

on M. hirsuta growth was evaluated in 

duplicate in separate batch assays. The 

initial concentrations of acetic acid were 

92 ± 10, 197 ± 5, 243 ± 2, 324 ± 5 and 



 

482 ± 4 mg L-1, of butyric acid 68 ± 1, 139 

± 3, 182 ± 7, 273 ± 2 and 345 ± 3 mg L-

1, of propionic acid 64 ± 2, 123 ± 2, 214 

± 26, 258 ± 0 and 320 ± 3 mg L-1 and of 

valeric acid 57 ± 5, 114 ± 1, 177 ± 3, 238 

± 4 and 292 ± 0 mg L-1. These 

concentrations represented 16, 31, 47, 

63 and 78 % of the C initially supplied as 

CH4. Abiotic controls under a 

CH4:O2:CO2:H2S atmosphere 

(31.5:55.0:13.27:0.23 %) and an initial 

C2 concentration for each VFA were 

prepared to rule out any potential CH4 or 

VFA removal due to adsorption or 

photolysis. Individual biogas-deprived 

controls at an initial C2 concentration for 

each VFA were included in this batch 

assay to evaluate the ability of the strain 

to remove the VFA in the absence of 

biogas. Cosubstrate-deprived controls 

under a CH4:O2:CO2:H2S atmosphere 

(31.5:55.0:13.27:0.23 %) were also 

conducted. 

Test Series 4: Influence of the type of 

VFA on biogas-based PHA synthesis by 

M. hirsuta  

M. hirsuta was initially  grown as above 

described in 2.15-L serum bottles 

containing 400 mL of NMS inoculated at 

3 % (v/v) under a CH4:O2:CO2:H2S 

atmosphere (31.5:55.0:13.27:0.23 %) 

for 9–12 days (to completely deplete 

CH4 from the headspace). The 

methanotrophic biomass was again 

harvested by centrifugation (10000 rpm, 

8 min) and resuspended in NFMS 

supplemented with either acetic, butyric, 

propionic and valeric acids at 

concentrations of 181 ± 16, 123 ± 2, 139 

± 1 and 130 ± 6 mg L-1, respectively 

(corresponding to 10 % of the C initially 

supplied as CH4). The bottles were 

finally crimp-sealed, filled with a fresh 

CH4:O2:CO2:H2S atmosphere 

(31.5:55.0:13.27:0.23 %) and incubated 

at 300 rpm and 25.0 ± 0.5 ºC. Abiotic 

controls under a CH4:O2:CO2:H2S 

atmosphere (31.5:55.0:13.27:0.23 %) 

and/or an initial C2 concentration for 

each VFA were prepared to rule out any 

potential CH4 or VFA removal due to 

adsorption or photolysis. Individual 

biogas-deprived controls at an initial C2 

concentration for each VFA were 

included in this batch assay to evaluate 

the ability of the strain to produce PHAs 

in the presence of VFA without biogas. 

Cosubstrate-deprived controls under a 

CH4:O2:CO2:H2S atmosphere 

(31.5:55.0:13.27:0.23 %) were also 

carried out to assess the influence of 

VFAs on the content and composition of 

the PHA synthesized. 

The headspace concentration of CH4, 

CO2, O2 and H2S was periodically 

measured by GC-TCD in all test series. 

Liquid samples (3 mL) were periodically 

drawn to monitor the concentration of 

VFAs, PHAs, TSS and OD600 in all test 

series. Liquid samples (1 mL) were also 

randomly withdrawn to measure the 



 

SO4
2- concentration in the liquid phase 

by HPLC-IC in Test Series 1 and 2. The 

pH of the cultivation broth was measured 

at the beginning and at the end of each 

test series. Cultivation broth samples 

(100 μL) were systematically drawn from 

all test series to test strain purity in agar 

plates incubated under CH4:O2 

atmosphere (35:65 % v/v) in 2 L-Tedlar 

bags. 

2.3 Analytical methods 

CH4, O2, CO2 and H2S gas 

concentrations were determined 

according to López et al. in a Bruker 430 

GC-TCD (Bruker, Palo Alto, USA) 

equipped with a CP-Molsieve 5A (15 m 

× 0.53 mm × 15 mm) and a CP-

PoraBOND Q (25 m × 0.53 mm × 10 

mm) columns [20]. The determination of 

OD600 and TSS concentration was 

performed as described elsewhere [21]. 

SO4
2- concentration in the liquid phase 

was determined by HPLC-IC according 

to López et al. [20]. Cultivation broth 

samples of 1 mL were filtered (0.22 μm) 

and acidified with 20 μL H2SO4 (96-97 % 

(w/v)) prior to VFAs analysis in an 

Agilent 7820A GC-FID (Agilent 

Technologies, Santa Clara, USA) 

equipped with a G4513A autosampler 

and a Chromosorb WAW packed 

column (2 m × 1/8” × 2.1 mm SS) (10 % 

SP 1000, 1 % H3PO4, WAW 100/120) 

(Teknokroma, Barcelona, Spain). The 

injector, oven and detector temperatures 

were maintained at 375, 130 and 350 °C, 

respectively. N2 was used as the carrier 

gas at 45 mL min-1. 

Cultivation broth samples of 1.5 mL were 

centrifuged for 5 min at 13000 rpm and 

further processed according to López et 

al. [21]. The PHAs extracted from the 

samples were measured in a 7820A GC 

coupled with a 5977E MSD (Agilent 

Technologies, Santa Clara, USA) and 

equipped with a DB-wax column (30 m × 

250 µm × 0.25 µm). The detector and 

injector temperatures were maintained 

at 250 ºC. The oven temperature was 

initially maintained at 40 ºC for 5 min, 

increased at 10 ºC min-1 up to 200 ºC 

and maintained at this temperature for 2 

min. Finally, the oven temperature was 

increased up to 240 ºC at a rate of 5º C 

min-1. The PHA content (wt %, 

wPHA/wTSS) of the samples, and the HB 

and HV fractions of the PHAs (mol %) 

were refered to the initial biomass 

concentration of the sample. The time 

course of the PHA yield (YPHA), based on 

the consumption of CH4 or CH4 and 

VFAs (and therefore expressed as 

gPHA gCH4
-1 or gPHA gSubstrate-1, 

respectively), was estimated by dividing 

the mass of PHA produced by the mass 

of the substrate consumed at each 

sampling interval. The stoichiometry, 

kinetics and carbon distribution 

calculations were described in the 

Supporting Information section. 



 

2.4 Statistical analyses 

Arithmetic mean values and standard 

deviations were calculated for the 

replicate bottle cultures. The statistical 

data analysis was performed using 

OriginPro 8.5 (OriginLab Corporation, 

USA). The occurrence of significant 

differences within the data sets was 

analysed by a one-way analysis of 

variance (ANOVA) and a Tukey test. A 

Levene test was also applied to study 

homocedasticity. Differences were 

considered significant at P ≤ 0.05. 

3. Results and discussion 

3.1 Biogas-based growth and PHA 

synthesis by M. hirsuta 

Abiotic controls showed neither a 

significant CH4/O2 consumption nor CO2 

production along Test Series 1 and 2 

(Figure S1, S2). On the other hand, the 

presence of CO2 and H2S (biogas 

with/without H2S) did not result in 

significant differences either on M. 

hirsuta growth or CH4/O2 consumption 

compared to the cultures provided 

exclusively with CH4 under N-sufficient 

conditions in Test Series 1 (Figure 2A, 

B, C; Figure S2A). Thus, CH4 at 204 ± 3 

g m-3 was completely depleted within 12 

days of cultivation, which entailed the 

concomitant consumption of 78 % of the 

O2 initially supplied, regardless of the 

headspace composition. Despite the 

fact that the presence of CO2 could 

theoretically increase biomass 

productivity in methanotrophic cultures, 

similar net CO2 and TSS productions of 

279 ± 5 g m-3 and 619 ± 16 mg L-1, 

respectively, were recorded regardless 

of the cultivation headspace (Figure 2, 

Figure S3A) [14]. In this context, the 

fraction of electrons used for energy 

generation (fe) and cell assimilation (fs) 

(estimated according to Rostkowski et 

al. [22], Supporting Information), the 

specific growth rates (μ) and the 

biomass yields (YX) were 0.48 ± 0.03, 

0.52 ± 0.03, 0.30 ± 0.03 d-1 and 0.58 ± 

0.03 gTSS gCH4
-1 under the three 

headspace compositions evaluated 

(Table S1). These values, which are 

strain-dependent and greatly influenced 

by the cultivation conditions, were 

identical to those previously reported for 

M. parvus OBBP when nitrate was used 

as nitrogen source [22]. These findings 

reinforced the hypothesis that neither 

CO2 nor H2S negatively affect the 

metabolism of type II species despite the 

decrease in the initial pH down to 6.12 ± 

0.04. Surprisingly, H2S rapidly 

disappeared from the headspace 

without resulting in an increase in SO4
2- 

concentration in the culture broth, which 

suggested that it was completely 

solubilisized into the liquid phase (data 

not shown). In addition, no culture 

contamination by heterotrophic bacteria 

was found during the culture streak 

plating performed in Test Series 1 (and 



 

along Test Series 2, 3 and 4) (Figure 

S4).  

Likewise, similar patterns of CH4/O2 

consumption and biomass/PHA 

synthesis were observed during M. 

hirsuta cultivation in NFMS regardless of 

the headspace composition (Figure 2D, 

E, F, S3B). In this regard, the substrate 

partitioning parameter fs increased up to 

0.69 ± 0.02 compared to the previous 

Figure 2. Time course of CH4 (○), O2 (■), TSS (□) and PHA ( ) concentrations 

during the growth phase of Test Series 1 (A–C) and during the accumulation phase of 

test series 2 (D-F) using CH4 (A, D), H2S-free biogas (B, E) and biogas (C, F) as 

carbon and energy source. PHA content was not represented during the growth phase 

since contents below 1 % were found regardless of the headspace composition.  



 

growth phase as a result of the electron 

deviation to PHB accumulation, 

regardless of the headspace 

composition (Table S2). Accordingly, a 

2-fold decrease in µ (0.14 ± 0.01 d-1) was 

observed during the accumulation 

phase likely mediated by extra energy 

requirements derived from PHB 

synthesis and by the metabolic 

unbalances caused by the lack of N in 

the culture medium (Table S2). More 

than 80 % of the final content of PHA 

(identified as PHB) accumulated during 

the first 48–72 h of cultivation. The PHA 

content remained constant at 45 ± 1 % 

(corresponding to a maximum YPHA = 

0.44 ± 0.03 gPHB gCH4
-1) from day 5 

onwards for the three headspace 

conditions evaluated, which confirmed 

the potential of biogas (with and without 

H2S) as a feedstock for biopolymer 

production (Figure 2D, E, F). The 

contents and yields of PHB here 

obtained were in agreement with 

previous findings on PHA production by 

Methylocystis species (PHA contents of 

28–51 % and yields of 0.38–0.55 gPHB 

gCH4
-1) [9,12-18,23,24]. At this point it 

should be stressed that the carbon mass 

balances carried out for Test Series 1 

and 2 entailed an error < 10 %, which 

validated both the analytical and 

instrumental methods used in the 

current study (Tables S1, S2). 

3.2 Effect of VFAs concentration on 

biogas-based M. hirsuta growth  

Cosubstrate-deprived controls 

consumed CH4 within the first 48–72 h, 

exhibiting similar CH4 consumption rates 

to those obtained for acetic and 

propionic-supplemented cultures at C1 

(Figure 3A, B; Figure S5). Acetic and 

propionic acids exhibited the largest 

inhibition on CH4 consumption and M. 

hirsuta growth, C2 representing the 

highest concentration tolerated by this 

methanotrophic strain (Figure 3A, B; 

Table S3). In fact, negligible CH4 and 

VFA degradations were observed at 

acetic and propionic acid concentrations 

higher than C3 (Figure 3A, B; Figure 

S6A, B). It must be also highlighted that 

the higher the concentration of acetic 

and propionic acids consumed by the 

strain, the higher the final TSS 

concentration reached (Table S3). 

Unlike type I methanotrophs, type II 

methanotrophs can grow at low pHs (4–

7) and possess a complete tricarboxylic 

acid cycle pathway, including the α-

ketoglutarate dehydrogenase enzyme 

that enables growth on organic acids 

[10,25]. However, the tolerance of type II 

methanotrophs to acetic acid seems to 

be species-dependent. For instance, 

repression of the transcription of the 

methane monooxygenase enzyme at 

acetate concentrations as low as 30 mg 

L-1 has been reported for Methylocella 

spp., while Methylocystis spp. and 



 

Methylocella silvestris BL2 can grow at 

acetate concentrations of 210–360 mg L-

1 [25-27]. In our particular study, M. 

hirsuta tolerated and was able to grow 

below ~200 mg acetic acid L-1 and at 

lower pHs (4.21) than previous studies 

(Figure S6A; Table S3). On the other 

hand, propionic acid induced a more 

severe inhibition on CH4 consumption in 

M. hirsuta, with a ~3-fold reduction in the 

volumetric CH4 removal rates at ~125 

mg L-1 (compared to the test conducted 

at 200 mg acetic acid L-1) despite the 

higher pH values here encountered 

(5.13) (Figure 3B, Figure S6B; Table 

S3). Similarly, Wieczorek et al. [28] 

reported the occurrence of a 

simultaneous biodegradation of CH4 and 

propionate at ~180 mg L-1 and pH 4.8–

5.1 in Methylocystis sp. cultures. 

Previous studies observed toxic effects 

of both acetate and propionate in 

Methylocystis species (pKa values of 4.8 

and 4.9, respectively) at pH < 4.8, where 

the protonated forms of these acids may 

alter the membrane potentials and 

uncouple ATP synthesis [28,29]. These 

findings are in agreement with the 

observed inability of our strain to grow at 

C3–C5 concentrations of acetic and 

propionic acids, and confirmed the 

hypothesis of a combined detrimental 

Figure 3. Time course of CH4 concentration in the presence of A) 

acetic, B) propionic, C) butyric and D) valeric acids at C1 (○), C2 ( ), 

C3 (●), C4 (□) and C5 (■) concentrations (Test Series 3).  



 

effect of pH and VFA on M. hirsuta 

growth.  

On the contrary, the presence of butyric 

and valeric acids resulted in a lower 

detrimental effect on the ability of M. 

hirsuta to degrade CH4, which can be 

attributed to the higher pHs induced by 

these VFAs in the cultivation medium 

(4.52 ˃ pH < 5.78) (Figure 3C, D; Figure 

S6C, D; Table S3). Similar volumetric 

CH4 consumption rates to those in 

cosubstrate-deprived controls were 

found in butyric-supplemented cultures 

at C1, though 2.7 times lower rates were 

obtained in the valeric-supplemented 

cultivations at the lowest concentration 

here tested (Figure 3C, D; Figure S5). 

Hence, M. hirsuta tolerated up to 273 ± 

2 mg butyric acid L-1 (C4) and 177 ± 3 mg 

valeric acid L-1 (C3). In this context, the 

higher final TSS concentrations were 

recorded at increasing VFA 

concentrations consumed (Table S3). 

The maximum concentrations of butyric 

and valeric acids here tolerated by M. 

hirsuta were in the range of VFA 

concentrations previously tested in CH4-

based PHA production studies under 

controlled pH conditions (100–120 mg 

butyrate L-1 and 100–400 mg valerate L-

1) [15-17]. 

Finally, biogas-deprived controls 

cultivated at C2 concentration for each 

VFA demonstrated the ability of M. 

hirsuta to grow on acetic, propionic, 

butyric and valeric acids under nutrient-

sufficient conditions (Figure S7). 

Surprisingly, the VFA consumption rates 

were slightly lower compared to those 

obtained when biogas was also 

supplied, which could be due to a higher 

activity of the C-1 driven electron 

transport chain enhanced by the 

oxidation of CH4 (Figure S6). To the best 

of the authors’ knowledge, this is the first 

work reporting the growth of a type II 

methanotroph on butyrate, valerate and 

propionate as the sole carbon and 

energy source. 

3.3 Evaluation of the tailored PHA 

production via integration of biogas 

and VFAs biodegradation  

C2 concentration was thus selected for 

the integration of both biogas and VFAs 

biodegradation towards a tailored PHA 

synthesis during Test Series 4. No 

significant CH4 or VFA degradation was 

recorded in the abiotic controls, which 

ruled out any potential removal of these 

compounds due to adsorption or 

photolysis (Figures S8, S9). The 

supplementation of the cultivation broth 

with acetic, butyric and propionic acids 

in the absence of biogas under N 

limitation did not enhance PHA 

accumulation, the maximum PHA 

content being 2.8 % (> 91 % mol 3HB 

fraction) (Table 1). Surprisingly, the 

highest content of PHAs among the 

control tests without biogas was  



 

Table 1. Final content and composition of the PHA synthesized by M. hirsuta during 

the biodegradation of biogas and/or VFAs under N limitation (Test Series 4).  

obtained with valeric acid (up to 9.0 ± 1.7 

% PHA), which entailed a high 3HV 

fraction of 83 mol %. These results 

suggested that the synthesis of PHV in 

M. hirsuta was not strictly linked to the 

assimilation of CH4. In contrast, Myung 

et al. [16] found that Methylocystis 

parvus OBBP was not able to 

accumulate PHAs using valerate as the 

sole carbon and energy source, which 

highlights the higher metabolic versatility 

of M. hirsuta. It must be noticed that no 

biomass formation was observed during 

M. hirsuta cultivation on VFAs as the 

sole carbon source during the 

accumulation phase, where the carbon 

belonging to VFAs was mainly deviated 

towards the production of CO2 (Table 

S4). The use of biogas as the sole 

substrate during the accumulation 

phase supported similar maximum YPHA  

and PHA contents to those found during 

Test Series 2 (0.41 ± 0.02 gPHA 

gSubstrate-1 and 43 ± 2 %, respectively), 

with 3HB as the main monomer within 

the biocomposite (Table 1, Table S4). 

The addition of propionic, acetic or 

butyric acid as co-substrates during 

biogas biodegradation by M. hirsuta 

enhanced PHA accumulation, which 

increased from 43.1 ± 1.8 % up to 47.9 

± 0.7, 52.3 ± 0.7 and 52.2 ± 2.1 %, 

respectively. This represented a 10–20 

% increase in PHA accumulation over 

the basal content obtained only with 

biogas and matched the increase in the 

maximum YPHA (by 10–30 %) achieved 

(Table S4). To the best of the authors’ 

knowledge, there are no previous 

studies evaluating the supplementation 

of acetate as co-substrate during CH4-

based PHA accumulation by 

Culture condition 

PHA 

PHA content 
(% wPHA/wTSS) 

3HB fraction 
(mol %) 

3HV fraction 
(mol %) 

Biogas 43.1 ± 1.8 100 0 

Acetic acid 2.4 ± 0.4 98 2 

Propionic acid 1.1 ± 0.7 91 9 

Butyric acid 1.8 ± 0.9 99 1 

Valeric acid 9.0 ± 1.7 17 83 

Biogas + Acetic acid 52.3 ± 0.7 100 0 

Biogas + Propionic acid 47.9 ± 0.7 98 2 

Biogas + Butyric acid 52.2 ± 2.1 100 0 

Biogas + Valeric acid 53.8 ± 0.8 75 25 



 

methanotrophic bacteria, which could 

presumably act as direct precursor for 

the synthesis of 3-hydroxybutyryl-CoA 

and thus, of 3HB units (Figure 4). The 

final PHA content here reported for the 

simultaneous cultivation of M. hirsuta in 

propionic and biogas were higher than 

those found by Myung et al. using pure 

CH4 and propionate at 100 mg L-1 (32 ± 

4 %) [16]. Surprisingly, the 3HV fraction 

obtained by these authors with M. 

parvus OBBP (25 mol %) significantly 

differed from the one obtained in M. 

hirsuta in the present study (2 mol %), 

which suggests that propionic acid 

bioconversion in methanotrophic 

bacteria is species-dependent [16]. The 

PHA contents and HB:HV ratios here 

obtained were comparable to those 

obtained in M. parvus OBBP when 

butyrate was supplemented together 

with CH4 (55 ± 3 %, 100:0 ratio) [17]. In 

our particular study, the highest PHA 

content was found when valeric acid was 

used as co-substrate during biogas-

based M. hirsuta cultivation, which 

resulted in a final PHA content of 53.8 ± 

0.8 % (corresponding to a maximum 

YPHA = 0.63 ± 0.05 gPHA gSubstrate-1) 

and a 3HB:3HV ratio of 75:25 (Table 1, 

Table S4). Maximum PHA contents of 54 

± 4 %, with 3HB:3HV ratios of 75:25 and 

YPHA of 0.67 gPHA gSubstrate-1 have 

been reported in Methylocystis species 

when valerate was added together with 

CH4 [15,17,18]. Likewise, previous 

studies have consistently demonstrated 

that fatty acids assimilation by 

methanotrophic bacteria is an energy 

intensive process, which increases fe 

when co-substrates such as valerate are 

supplemented [16,30]. In this regard, 

Figure 4. Tentative PHA production pathway for type II methanotrophs using both biogas and 
VFAs as carbon sources. Dotted arrows indicate the existence of intermediates not mentioned 

for clarity purposes. The pathways proposed are based on previous CH4-driven PHA 
accumulation studies [15,17]. 

 



 

Bahr et al. demonstrated that the lower 

the carbon oxidation-reduction state 

(CORS) of a pollutant, the higher the 

energy requirements (and therefore the 

oxygen demands) during the cultivation 

of a methanotrophic bacterial 

consortium [31]. In our particular study, 

a gradual increase in fe was observed as 

the CORS of the VFA decreased. Thus, 

fe increased from 0.52 ± 0.02 under 

acetic acid (CORS = 0) cultivation to 

0.94 ± 0.05 under valeric acid (CORS = 

-6) co-addition, the later likely explaining 

the reduced biomass growth observed 

(Table S4). These fe values were higher 

than those previously obtained during 

PHA accumulation under valerate co-

supplementation, which could be 

attributed to the lower pHs here 

encountered [15,16]. 

4 Conclusions 

Biogas (with and without H2S) supported 

a similar growth and PHA accumulation 

(under nitrogen limitation) to pure 

CH4 in M. hirsuta cultures, which 

confirmed for the first time the feasibility 

of biogas-based biorefineries devoted to 

the production of these high-added 

value product. M. hirsuta was able to 

use acetic, butyric, propionic and valeric 

acids as the sole carbon and energy 

source. This study also demonstrated 

the potential of the individual 

supplementation of these VFAs to 

modify the composition of the 

biocomposite, valeric acid supporting up 

to 25 % HV fraction within the whole 

biopolymer. Further research is still 

needed to elucidate the effects of the 

multiple supplementation of VFAs on 

biogas-based M. hirsuta growth and 

PHA synthesis. 
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Materials and methods 

Stoichiometry, kinetics and carbon distribution 

The stoichiometry of methanotrophic growth under both nutrient-sufficient and nutrient-

limited conditions has been previously described elsewhere [1,2]. According to 

Rostkowski et al., methanotrophic cell synthesis involves the use of a fraction of 

electrons (fe) from CH4 to reduce O2 to H2O (with a concomitant production of energy), 

while the remaining fraction (fs) is derived to cell synthesis [1]. Thus, CH4 metabolism 

requires O2 as i) the terminal electron acceptor to produce energy (Eq. 1), and ii) a 

reactant during the first step of methane monooxygenase attack on CH4 within the 

electron donor reaction (Eq. 2). 

fe (1/4 [O2 + 4H+ + 4e- → 2H2O])        (Eq. 1) 

1/4 [CH4 + O2 → CO2 + 4H+ + 4e-]         (Eq. 2) 

The nature of the micro- and macronutrients greatly influences the stoichiometry of the 

cell synthesis half reaction, which can be expressed by Eq. (3) when nitrate is the sole 

nitrogen source and biomass is represented by the empirical formula C5H7O2N [3]. 

fs (1/28 [5CO2 + NO3
- + 29H+ + 28e- → C5H7O2N + 11H2O])    (Eq. 3) 

Thus, the overall stoichiometric reaction for the microbial biodegradation of CH4 (Eq. 4) 

using nitrate as the nitrogen source can be obtained by suming up Eq. (1), (2) and (3): 

1/4 CH4 + (1/4 + fe/4)O2 + (fs/28)NO3
- + (29/28fs + fe – 1)H+ → (1/4 – 5fs/28)CO2 + (fe/2 

+11fs/28)H2O + (fs/28)C5H7O2N        (Eq. 4) 

Therefore, the number of moles of O2 consumed per mole of CH4 oxidized is 1 + fe, where 

fe + fs = 1. On the other hand, the biomass yield (YX, gTSS gCH4
-1) depends also on the 

nitrogen source employed and can be then calculated as 113fs/28:4. In addition, the 

specific growth rate due to biomass synthesis (μ, d-1) can be calculated using Eq. (5) 

under no mass transfer limitation [3]: 



μ = (1/Xa × dXa/dt)          (Eq. 5) 

where Xa is the concentration of active biomass (gTSS L-1) and t the reaction time (d-1). 

During PHA accumulation, the overall stoichiometry can be also expressed in terms of 

PHA (with an empirical formula of C4H6O2), which formation does not require nitrogen 

(Eq. 6) [1,2]: 

1/4 CH4 + (1/4 + fe/4)O2 → (1/4 – 2fs/9)CO2 + (fe/2 + fs/3)H2O + (fs/18)C4H6O2     (Eq. 6)



Results and Discussion 

Biogas-based growth and PHA synthesis by M. hirsuta 

 

Figure S1.   Time course of the  CH4 (○), O2 (■) and net CO2 (▲) concentration in the abiotic controls during the growth phase in Test Series 1 using CH4 (A), 
H2S-free biogas (B) and biogas (C) as headspace conditions. Net CO2 concentration was calculated by subtracting the actual CO2 concentration to the initial 

concentration in the bottles containing H2S-free biogas and biogas. 
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Figure S2.   Time course of the  CH4 (○), O2 (■) and net CO2 (▲) concentration in the abiotic controls during the accumulation phase in Test Series 2 using 
CH4 (A), H2S-free biogas (B) and biogas (C) as headspace conditions. Net CO2 concentration was calculated by subtracting the actual CO2 concentration to 

the initial concentration in the bottles containing H2S-free biogas and biogas.
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Figure S3. Time course of the net CO2 concentration during the growth phase in Test Series 1 
(A) and during the accumulation phase in Test Series 2 (B) using CH4 (●), H2S-free biogas (○) 

and biogas ( ) as a carbon and energy source. Net CO2 concentration was calculated by 
subtracting the actual CO2 concentration to the initial concentration in the bottles containing 

H2S-free biogas and biogas. 

 

 

Figure S4.  Solid cultures of M. hirsuta from culture samples at the end of Test Series 1 (A) and 
4 (B).
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Table S1. Substrate partitioning parameters (fe, fs), cellular yield (YX), specific growth rate (μ) and carbon distribution during the growth phase of M. hirsuta 
under the three different headspace compositions (Test Series 1).  

Test serie fe fs 
YX  

(gTSS gCH4
-1) 

μ 

 (d-1) 

Carbon balances  

(C-mmol) 

CH4 CO2 Biomass 
Balance 
error (%) 

Control 0.47 ± 0.01 0.53 ± 0.01 0.60 ± 0.01 0.31 ± 0.05 27.1 ± 0.3  14.6 ± 0.1 11.0 ± 0.1 5.6 

H2S-free biogas 0.51 ± 0.04 0.49 ± 0.04 0.55 ± 0.05 0.31 ± 0.02 27.3 ± 0.3 14.9 ± 0.4 10.9 ± 0.2 5.6 

Biogas 0.47 ± 0.01 0.53 ± 0.01 0.60 ± 0.01 0.29 ± 0.01 27.6 ± 0.1 15.0 ± 0.1 10.9 ± 0.1 6.3 

 

Table S2. Substrate partitioning parameters (fe, fs), PHA yield (YPHA), specific growth rate (μ) and carbon distribution during the accumulation phase of M. hirsuta 
under the three different headspace compositions (Test Series 2).  

Test serie fe fs 
 Maximum YPHA  

(gPHA gCH4
-1) 

μ  

(d-1) 

 Carbon balances  

(C-mmol) 

CH4 CO2 Biomass PHA 
Balance 
error (%) 

Control 0.30 ± 0.02 0.70 ± 0.02 0.46 ± 0.02 0.13 ± 0.00 26.9 ± 0.2 14.6 ± 0.1 6.3 ± 0.2 5.6 ± 0.1 1.5 

H2S-free biogas 0.33 ± 0.02 0.67 ± 0.02 0.44 ± 0.02 0.14 ± 0.00 26.6 ± 0.7 14.7 ± 0.3 6.5 ± 0.3 5.9 ± 0.7 1.6 

Biogas 0.32 ± 0.03 0.68 ± 0.03 0.42 ± 0.04 0.14 ± 0.01 26.8 ± 0.4 13.2 ± 0.1 6.0 ± 0.1 5.8 ± 0.4 6.7 



Effect of VFAs concentration on biogas-based M. hirsuta growth 

 

Figure S5. Time course of CH4 (○) and VFA concentration (●) in cosubstrate-deprived controls 
during Test Series 3. 
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Figure S6. Time course of the concentrations of A) acetic, B) propionic, C) butyric and D) 
valeric acids at C1 (○), C2 ( ), C3 (●), C4 (□) and C5 (■) cultivations (Test Series 3). 

 

Figure S7. Time course of the concentrations of acetic (■), propionic ( ), butyric (□) and valeric 
(●) acids at C2 concentration in biogas-deprived controls (Test Series 3). 
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Table S3. Initial and final pH and final TSS concentration during Test Series 3. 

Condition VFA concentration Initial pH Final pH 

Maximum TSS 
concentration 

 (mg L-1) 

Biogas - 6.12 ± 0.02 6.09 ± 0.04 222 ± 5 

Acetic acid C2 4.92 ± 0.03 6.92 ± 0.02 93 ± 2 

Propionic acid C2 5.84 ± 0.05 6.34 ± 0.04 106 ± 10 

Butyric acid C2 5.67 ± 0.01 6.66 ± 0.01 108 ± 1 

Valeric acid C2 6.18 ± 0.04 6.62 ± 0.01 94 ± 2 

Biogas +  

Acetic acid 

C1 5.30 ± 0.05 6.85 ± 0.17 242 ± 9 

C2 4.21 ± 0.04 6.31 ± 0.32 284 ± 5 

C3 3.75 ± 0.08 4.73 ± 0.04 83 ± 7 

C4 3.53 ± 0.02 4.43 ± 0.01 73 ± 0 

C5 3.38 ± 0.04 4.28 ± 0.01 63 ± 2 

Biogas + Propionic 
acid 

C1 5.68 ± 0.10 6.08 ± 0.07 271 ± 7 

C2 5.13 ± 0.04 6.00 ± 0.01 294 ± 8 

C3 4.43 ± 0.04 5.47 ± 0.03 86 ± 0 

C4 4.05 ± 0.01 5.03 ± 0.01 84 ± 3 

C5 3.80 ± 0.00 4.82 ± 0.05 85 ± 8 

Biogas + Butyric 
acid 

C1 5.56 ± 0.06 6.31 ± 0.07 281 ± 5 

C2 4.96 ± 0.02 6.27 ± 0.24 310 ± 7 

C3 4.76 ± 0.00 6.17 ± 0.08 335 ± 4 

C4 4.52 ± 0.07 6.12 ± 0.03 357 ± 7 

C5 3.79 ± 0.03 4.96 ± 0.02 73 ± 7 

Biogas + Valeric 
acid 

C1 5.78 ± 0.02 6.48 ± 0.15 277 ± 7 

C2 5.47 ± 0.05 6.25 ± 0.08 301 ± 3 

C3 5.02 ± 0.10 6.09 ± 0.01 310 ± 6 

C4 4.57 ± 0.01 6.08 ± 0.05 138 ± 5 

C5 4.08 ± 0.03 6.00 ± 0.04 123 ± 15 



Evaluation of the tailored PHA production via integration of biogas and VFAs biodegradation 

 

Figure S8. Time course of the concentrations of A) CH4 and B) acetic (■), propionic ( ), butyric (□) and valeric (●) acids in the abiotic cosubstrate-
deprived controls and biogas-deprived controls, respectively (Test Series 4). 
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Figure S9. Time course of the concentrations of CH4 (○), acetic (■), propionic ( ), butyric (□) and valeric (●) acids in the abiotic controls supplemented 
with both biogas and VFA at C2 concentration for A) acetic, B) propionic, C) butyric and D) valeric acid (Test Series 4). 
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Table S4. Substrate partitioning parameters (fe, fs), PHA yield (YPHA) and carbon distribution during the accumulation phase of M. hirsuta in Test Series 
4. 

Test serie fe fs 

Maximum YPHA 

(gPHA 
gSubstrate-1) 

Carbon balances (C-mmol) 

CH4 VFA CO2 Biomass PHA 
Balance error 

(%) 

Biogas 0.34 ± 0.05 0.66 ± 0.05 0.41 ± 0.02 26.1 ± 0.5 - 14. ± 0.3 5.8 ± 0.5 4.8 ± 0.3 4.1 

Acetic acid  nda nd < 0.1 - 2.4 ± 0.1 2.3 ± 0.0 - 0.0 ± 0.0 4.3 

Propionic acid nd nd < 0.1 - 1.8 ± 0.1 1.7 ± 0.1 - - 6.2 

Butyric acid nd nd < 0.1 - 2.3 ± 0.1 2.3 ± 0.1 - 0.0 ± 0.0 1.8 

Valeric acid nd nd 0.1 - 2.2 ± 0.2 2.1 ± 0.1 - 0.1 ± 0.0 1.4 

Biogas + Acetic 
acid 

0.52 ± 0.02 0.48 ± 0.02 0.50 ± 0.04 27.0 ± 0.9 2.3 ± 0.0 17.7 ± 0.7 5.4 ± 0.0 6.2 ± 0.0 3.4 

Biogas + 
Propionic acid 

0.59 ± 0.03  0.41 ± 0.03 0.45 ± 0.03 27.0 ± 0.2 2.3 ± 0.0 17.7 ± 0.4 5.0 ± 0.2 4.8 ± 0.1 6.2 

Biogas + Butyric 
acid 

0.83 ± 0.03  0.17 ± 0.03 0.54 ± 0.02 25.8 ± 0.1 2.3 ± 0.0 16.6 ± 0.2 5.4 ± 0.0 6.0 ± 0.0 0.3 

Biogas + Valeric 
acid 

0.94 ± 0.05  0.06 ± 0.05 0.63 ± 0.05 25.9 ± 0.6 2.6 ± 0.1 18.8 ± 0.4 3.3 ± 0.0 4.1 ± 0. 8.3 

and: not determined
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ABSTRACT: The feasibility of NO3
� removal by the synergistic action

of a prevailing denitrifying anoxic methane oxidising (DAMO), and
nitrate-reducing and sulfide-oxidising bacterial (NR-SOB) consortium,
using CH4 and H2S from biogas as electron donors in a biotrickling
filter was investigated. The influence of NO3

� concentration on
N2O production during this process was also evaluated. The results
showed that NO3

� was removed at rates up to 2.8 g mreactor
�3 h�1 using

CH4 as electron donor. N2O production rates correlated with NO3
�

concentration in the liquid phase, with a 10-fold increase in
N2O production as NO3

� concentration increased from 50 to
200 g m�3. The use of H2S as co-electron donor resulted in a 13-fold
increase in NO3

� removal rates (�18 gNO3
�m�3 h�1) and complete

denitrification under steady-state conditions, which was supported by
higher abundances of narG, nirK, and nosZ denitrifying genes. Although
the relative abundance of the DAMO population in the consortium was
reduced from 60% to 13% after H2S addition, CH4 removals were not
compromised and H2S removal efficiencies of 100% were achieved. This
study confirmed (i) the feasibility of co-oxidising CH4 and H2S with
denitrification, as well as (ii) the critical need to control NO3

�

concentration to minimize N2O production by anoxic denitrifiers.

Biotechnol. Bioeng. 2017;114: 665–673.
� 2016 Wiley Periodicals, Inc.
KEYWORDS: anoxic hydrogen sulfide oxidation; biotrickling
filter; denitrifying anoxic methane oxidation; denitrification;
nitrate removal; nitrous oxide production

Introduction

The atmospheric concentration of methane (CH4) has increased by
150% in the period between the pre-industrial era and 2011, and it
now contributes 10–16% of global greenhouse gas (GHG)
emissions, with a warming potential 28 times higher than CO2
(EPA, 2015; IPCC, 2014). Significant hot-spots for CH4 generation
include intensive livestock farms and waste management facilities,
such as landfills or wastewater treatment plants (WWTPs). In fact,
WWTPs generate up to 13,000m3 CH4 d

�1 in Europe (De Mes et al.,
2003; IPCC, 2014; Russell, 2006) and CH4 emissions from WWTPs
were estimated to be �11 million tn CO2-eq in the EU-15 in 2013,
although these values can reach up to 10 times higher in tropical
countries, such as Brazil (EEA, 2014; Lobato et al., 2012).
Notwithstanding the proven potential of CH4 as a biofuel for the

production of both electricity and heat through co-generation, the
CH4 concentrations found in many emission hot-spots, such as old
landfills or livestock farms, are usually not sufficient for energy
generation purposes (<30% v/v) (Haubrichs and Widmann, 2006;
McCarty et al., 2014). On the other hand, the conversion of biogas
produced in anaerobic digesters atWWTPs is also still constrained—
in this case by prohibitive costs, aswell as the presence of undesirable
compounds (e.g., H2S). It has been estimated that less than 1% of the
WWTPs in the United States utilize the biogas produced to generate
energy, and biogas is instead typically burned in flares or even vented
to the atmosphere without any treatment (McCarty et al., 2014;
Noyola et al., 2006; Van Lier, 2008). In this regard, CH4 flaring does
not constitute an environmentally friendly practice since it supports
low combustion efficiencies and usually requires a fuel support
(Mu~noz et al., 2013). Thus, there is an urgent need to develop
cost-efficient and environmentally friendly processes and (bio)
technologies for emissions abatement (L�opez et al., 2013).
Previous studies demonstrated CH4 can be used as electron

donor under anoxic conditions for nitrogen (both NO3
� and NO2

�)
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removal in a process known as denitrifying anoxic methane
oxidation (DAMO), which can circumvent the requirement at
WWTPs for expensive electron donors, such as methanol or acetate,
to lower the operational costs and carbon footprint of the
denitrification process (Raghoebarsing et al., 2006; Thalasso et al.,
1997). To date, however, the implementation of DAMO in
bioreactors with potential for full-scale applications is not
widespread (especially for NO3

� rather than for NO2
� reduction)

and reported NO3
� removal rates indicate the process may not be

economically viable (Cai et al., 2015; Kampman et al., 2014; Shi
et al., 2013). Little attention has been given to the relationship
between the concentration of the nitrogen source for prevailing
DAMO enrichments and the production of N2O within the process,
which itself is an important intermediate GHG. Moreover, the few
DAMO studies so far reported were restricted to CH4 as the sole
carbon and energy source (Ding et al., 2014; Hatamoto et al., 2014).
Thus, it is relevant to elucidate the influence of biogas
contaminants, such as H2S, and the presence of other microbial
communities, on the performance of DAMO applications (Shen
et al., 2012). To the best of our knowledge, no previous studies have
reported on the simultaneous, interdependent removal of CH4, H2S,
and NO3

�.
The aim of this study was to evaluate the feasibility of

simultaneous CH4 and NO3
� removal by DAMO in a biotrickling

filter under anoxic conditions, with a special focus on the influence
of NO3

� concentrations. The influence of H2S on the efficiency and
the microbial ecology of the DAMO process was also investigated.

Materials and Methods

Feeding Media and Gases

Synthetic biogas (70% CH4, 29.5% CO2, 0.5% H2S), CH4 (�99.5%)
and CO2 (�99.9%) were purchased from Abell�o Linde S.A.
(Barcelona, Spain). Additional reagents and chemicals were
purchased from Panreac1 (Barcelona, Spain) with a purity of at
least 99%. Mineral salt medium (MSM; final pH, 7.0) used for
enrichments and operating the biotrickling filter comprised (g L�1):
Na2HPO4 � 12H2O 2.44, KH2PO4 1.52, NaHCO3 1.05, MgSO4 � 7
H2O 0.02 and CaCl2 � 2H2O 0.038, along with 10mL SL4 trace
element solution (g L�1: EDTA 0.5, FeSO4 � 7H2O 0.2, ZnSO4 � 7
H2O 0.01, MnCl2 � 4H2O 0.003, H3BO3 0.03, CoCl2 0.011, CuCl2 � 2
H2O 0.162, NiCl2 � 6H2O 0.002, Na2MoO4 � 2H2O 0.003) per litre of
medium. A NaNO3 stock solution up to 31.8 g L

�1 was prepared to
supplement the MSM with NO3

� as electron acceptor and N source
for microbial growth. The MSM and NaNO3

� solutions were flushed
with He for 15min to eliminate dissolved O2.

Inoculum and Enrichment Conditions

An inoculum was prepared by mixing together equal volumes of
fresh secondary activated sludge from Valladolid WWTP (Valla-
dolid, Spain) and anoxic sludge from a denitrifying fixed-film
bioreactor from the University of Valladolid (Valladolid, Spain).

Batch cultures to enrich microorganisms capable of CH4

degradation under anoxic denitrifying conditions were set in
1.25-L glass bottles each containing 175.2mL MSM, 4.8 mL of a

NaNO3 stock solution (initial concentration in the enrichment of
�150 gNO3

�m�3) and 20mL of the mixed inoculum. The bottles
were closed with butyl septa and plastic caps, and the headspace
was flushed with He for 15min to eliminate O2. CH4 was then
supplied at an initial headspace concentration of 318� 25 g m�3

and the bottles were incubated in an orbital shaker (MaxQ 4000,
Thermo Scientific, Marietta, OH) at 25�C and 180 rpm. The
concentrations of CH4, CO2 and N2 in the headspace were
periodically measured by GC-TCD. NO3

� and NO2
� concentrations

in the liquid phase were also periodically monitored by HPLC-IC.
The enrichment period lasted 45 days, corresponding to five cycles
of CH4/NO3

� addition. Then, the enriched biomass was centrifuged
and resuspended in 200mL fresh MSM for subsequent inoculation
of the biotrickling filter (BTF).

Biotrickling Filter Set-Up and Operation Mode

A laboratory-scale BTF, which comprised a cylindrical PVC column
(height, 0.45m; inner diameter, 0.08m), was packed with Kaldnes
K1 rings (Evolution Aqua Ltd., Wigan, UK) to a working volume of
1 L. The packing material was characterized by a ring diameter of
1 cm, a density (as received) of 0.17 g mL�1, a void fraction of 83%
and a water-holding capacity (volume basis) of 11% (Lebrero et al.,
2012). Gas and liquid streams were operated in counter-current
flow mode. The MSM (1.0� 0.1 L) was continuously recycled at a
rate of 0.01m3 h�1 from an external 1.2-L holding tank, which was
magnetically stirred at 150 rpm (Agimatic-S, Selecta, Barcelona,
Spain) (Fig. 1). NO3

� was supplied from the NaNO3 stock solution
to the holding tank by means of a 120-U peristaltic pump (Watson
Marlow, Wilmington, MA). Accordingly, a 120-U peristaltic pump
was also used to purge the system andmaintain the working volume
of the STR. The pH of the recirculating MSM was maintained
at 6.9� 0.1 by periodic addition of 5M NaOH. The BTF was
operated at 25.8� 1.3�C in a temperature-controlled room. Double-
concentrated MSM was also added periodically to compensate for
sampling losses and to provide sufficient nutrients for microbial
growth. The BTF was operated under abiotic conditions for 7 days
to rule out any potential CH4 removal due to adsorption or
photolysis. Finally, 200mL enriched inoculum were introduced to
the holding tank up to a final volume of 1 L. Biomass attachment on
the packing material was observed after 24 h.

Synthetic biogas without H2S (70% CH4, 30% CO2), obtained by
mixing pure CH4 and CO2 streams using mass flow controllers
(AalborgTM), was fed to the BTF at 0.001m3 h�1 in experimental
Stage 1 (day 0–114). This resulted in an empty bed residence time
(EBRT) of 1 h and a methane inlet load (ILCH4) of 495� 12 g m�3

h�1. To evaluate the influence of NO3
� concentration on CH4

removal and N2O production, different NO3
� stock solution dosing

rates (F) were tested, which required process operation at liquid
dilution rates (D¼ F/V) ranging from 0.03 to 0.16 d�1. Thus, the
NO3

� concentration of the recycling medium was progressively
increased as follows: 35� 3 g m�3 (day 0–5), 99� 16 g m�3 (day
6–18), 171� 21 g m�3 (day 19–31), 211� 15 g m�3 (day 32–54).
Then, the concentration was decreased stepwise to 166� 18 g m�3

(day 55–72), 87� 17 g m�3 (day 73–83) and, finally, to 48�
11 g m�3 (day 84–114) (Fig. 2a). Nitrate consumption rates
(rNO3

�) were estimated by mass balance calculations in the STR,
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considering inlets from the NO3
� stock solution and outlets

through the purge.
The influence of H2S on overall BTF performance was assessed

during Stage 2 (day 115–180) by feeding a synthetic biogas mixture
composed of 29.5% CO2, 70% CH4, and 0.5%H2S. This biogasmixture
was also supplied with an L/S peristaltic pump (Watson Marlow) from
filled-up 25 L-Tedlar bags (Sigma–Aldrich1, St. Louis, MO) at
0.001m3 h�1, resulting in an EBRT of 1 h, an ILCH4 of 477� 20 g
m�3 h�1 and an ILH2S of 7.9� 0.5 gm�3 h�1. During Stage 2, the D
ranged from 0.03 to 0.07 d�1 and was increased to 0.12 d�1 to avoid
inhibition by SO4

2� accumulation from day 156 onwards.
Gas samples were taken periodically from the sampling ports

located at the inlet and outlet of the BTF to monitor the CH4, O2,
CO2, H2S, N2, and N2O concentrations by GC-TCD and ECD. Liquid
samples (10mL) were also periodically drawn from the holding
tank to determine the concentration of NO3

�, NO2
� and SO4

2�.

Analytical Procedures and Biomass Sampling

CH4, H2S, O2, N2, and CO2 gas concentrations were determined in a
Bruker 430 GC-TCD (Palo Alto) equipped with a CP-Molsieve 5A
(15m� 0.53mm� 15mm) and a CP-PoraBOND Q (25m� 0.53
mm� 10mm) columns. The oven, injector and detector temper-
atures were maintained at 45�C, 150�C, and 200�C, respectively.

Helium was used as the carrier gas at 13.7 mLmin�1 (L�opez et al.,
2014). N2O gas concentrations were analysed by GC-ECD according
to Frutos et al. (2014). NO3

� and SO4
2� concentrations in the liquid

phase were determined by HPLC-IC according to Mu~noz et al.
(2013). NO2

� concentration measurements in the liquid phase
followed the 4,500-NO2

� B standard method (APHA, 2005) using a
Shimadzu UV-2550 UV/Vis spectrophotometer (Shimadzu, Japan).
Dissolved oxygen (DO), temperature and pH were monitored
on-line using calibrated probes connected to a multiparametric
analyser C-3020 (Consort, Belgium).
Biomass samples from the mixed inoculum prior to enrichment

(sample A), and from the BTF at days 114 (sample B) and 180
(sample C), were collected and stored immediately at �20�C for
further analysis.

Fluorescence In Situ Hybridization (FISH)

The procedures for FISH analyses are described in the Supporting
Information (SI). The following probes were used: EUB338 I-II-
FITC (for most bacteria); ARCH915-Rhodamin (for most
archaea); DBACT1027-Rhodamin and DBACT193-Rhodamin
(for DAMO bacteria belonging to the NC10 phylum); and
DARCH872-Fam (for DAMO archaea belonging to ANME-2d)
(Raghoebarsing et al., 2006).

Figure 1. Schematic of the experimental set-up. Dashed lines indicate the different gas streams used during operational Stages 1 and 2.
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Genomic DNA Extraction and Purification

Genomic DNA was extracted from the samples using a Maxwell1-
16 bench-top instrument and the Maxwell1-16 Tissue DNA
Purification kit (Promega, Madison, WI) according to the
manufacturer’s instructions. DNA was purified according to the
protocol provided in the Wizard1 DNA Clean-Up System kit
(Promega, Madison, WI) and concentrations were determined
using a Qubit1 Fluorometer (Invitrogen, Carlsbad, CA). The
procedures for end-point PCR amplification of the target genes in
this study are described in the Supporting Information (SI).

Clone Library and Sequencing of Denitrifying Genes

The PCR products of the genes encoding for the NO3
�, NO2

�, and
N2O reductases (narG, nirK, and nosZ, respectively) from the
denitrification pathway were excised from agarose gels, purified
using the Wizard1 SVGel and PCR Clean-Up System kit (Promega,
Madison,WI), and further used to transform competent Escherichia
coli TOP10 cells (Invitrogen, Carlsbad, CA) using the TOPO1 TA
Cloning1 Kit for Sequencing (Invitrogen) according to the
manufacturer’s instructions. Insert-positive clones were selected
and transferred to sterile 1.5-mL tubes containing Luria-Bertani
(LB) medium supplemented with 50mg kanamycin mL�1 and
glycerol (20% v/v), which were stored at �80�C. The clones were
sequenced (Biosource, Tramore, Ireland) using the M13F primer
(50-GTAAAACGACGGCCAG-30) (Huey and Hall, 1989). Sequences
were analysed using the BioEdit software to ensure the correct
assemblage of the insert, and were then compared to the closest
matches using the BLASTn search tool at the NCBI.

Quantitative PCR Analysis

PlasmidDNAwas extracted from clonesusing amini-prep kit (Isolate
Plasmid Mini Kit, Bioline, UK) according to the manufacturer’s

instructions, and concentrations were determined using a Qubit1

Fluorometer (Invitrogen). Serial dilutions of the plasmids were
prepared containing 108–101 genes mL�1 to generate a standard
curve for each target gene used as biomarker. Quantitative PCR
(qPCR) mixtures (20mL) for bacterial and archaeal 16S rRNA genes
comprised 10mL LightCycler1 480 Probes Master (Roche, Basel,
Switzerland), 1mL of each of the forward and reverse (10mM)
primers, 1mL specific Taqman probe (10mM), 2mL PCR H2O and
5mL 10-fold dilution of the respective DNAtemplate. Similarly, narG,
nirK, and nosZ qPCR mixtures (20mL) comprised 10mL of
LightCycler1 480 SYBR Green I Master (Roche, Basel, Switzerland),
1mL of each primer (10mM), 3mL PCR H2O and 5mL 10-fold DNA
dilutions. Thermal cycling conditions and primers used in qPCR
assays are summarized in the SI section (SI Table SI). Assays were
done in a NanoLight Cycler (Roche, Basel, Switzerland) and included
duplicates for the standard curves, the samples and the non-template
control (NTC). Automatic analysis settings were selected to
determine the threshold cycle (Ct) values and the baselines settings.
PCR efficiency was calculated for the standard curve of each gene
using the formula E¼ (10�1/slope)� 1, where the slope was obtained
from the linear regression of Ct values against the logarithm of the
copy numbers. The qPCR amplification efficiencies ranged between
90 and 110%, with R2 values >0.94. The specificity of the qPCR
reactions was confirmed by melting curve analysis (55–95�C),
agarose gel electrophoresis and further Sanger sequencing analysis.

Statistical Analyses

The values reported for the gas phase concentrations at the inlet and
outlet of the BTF are the mean of triplicate measurements. Error
bars represent standard deviations. A Student’s t-test (two-tailed)
was used to calculate the P-level between the independent samples
under analysis and confirm the significant differences among them,
considering a 95% confidence level.

Figure 2. Time course of (a) NO3
� concentration (�) and N2O production rate (*), and (b) CH4 elimination capacities in the BTF.
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Results

Long-Term Bioreactor Performance

Upon inoculation, nitrate consumption rates (rNO3
�) in the range

of 0.1–2.8 g m�3 h�1 were observed throughout Stage 1, regardless
of the NO3

� concentration evaluated (Figs. 2a and 3). The N2

production rate (rN2) and the CH4 elimination capacity (CH4 EC) in
the BTF along this period fluctuated from 0.03 to 1.1 g m�3 h�1 and
from 0.05 to 20.6 g m�3 h�1, respectively (Figs. 2, and S1). The
N2O production rate (rN2O) was negligible during the first 4 days
but progressively increased along with NO3

� dosing concen-
trations. Thus, rN2O values of 0.09� 0.01, 0.17� 0.03, and
0.41� 0.04 g m�3 h�1 were observed at NO3

� concentrations of
113� 23, 172� 21, and 212� 15 g m�3, respectively (Fig. 2a).
Thereafter, N2O production slowed to 0.21 and 0.09 g m�3 h�1

as the NO3
� concentration was decreased to �170 and to

50–90 g m�3, respectively (Fig. 2a). A linear correlation with an R2

of 0.70 was found between the NO3
� concentration and the

N2O production rates in the BTF (Fig. S2). Finally, no accumulation
of NO2

� was observed during Stage 1 (Fig. S3).
The addition of H2S did not cause any significant change in NO3

�

concentration, rNO3
�, CH4 EC, rN2, or rN2O from days 114–129

(Figs. 2, 3, and S1). During this period, the average N-NO3
�/S-

H2S ratio applied onto the system was 0.3 mol mol�1 and the
H2S elimination capacity (H2S EC) was 4.9� 0.9 g m�3 h�1, which
corresponded to a removal efficiency (RE) of 67.8� 15.6% (Fig. 4).
The rNO3

� increased by day 133 up to 5.1 g m�3 h�1, which was
twice the average rate recorded in the previous 5 days, thus leading
to nitrogen-limiting conditions until day 142 (Figs. 2a and 3). Both
the CH4 EC and rN2O decreased to 0 g m�3 h�1 during this period
(Fig. 2). The H2S EC rapidly increased to�8 g m�3 h�1 by day 131
(RE¼ 100%), which was concomitant with increased SO4

2� in the
liquid broth to 1,521 g m�3 by day 142 (Fig. 4). The occurrence of
elemental sulfur (S0) deposition in the packing material was also
visually observed during this period of operation.

As a result of the increase in the inlet nitrate load from day 143
onwards, the rNO3

� had increased to 75.2 gm�3 h�1 by day 145, but it
gradually stabilized at 17.8� 0.03 gm�3 h�1 by day 171 (Fig. 3).
AverageNO3

� concentrations of 65� 40 gm�3 weremaintained in the
liquid recycling medium from day 143 onwards (Fig. 2a). The CH4 EC
had gradually increased from 0 to 27.7 gm�3 h�1 by day 152 and then
remained at 7.7� 4.0 gm�3 h�1 fromday 156,while the rN2 increased
to 1.5 gm�3 h�1 by day 157 to finally stabilize at 0.5� 0.1 gm�3 h�1

from day 159 (Figs. 2b and S1). In contrast, the rN2O was
0.04� 0.02 gm�3 h�1 from day 166 toward day 175 (Fig. 2a). The use
of a dilution rate of 0.12 d�1 from day 156 led to steadily decreasing
SO4

2� concentrations, while the RE ofH2S remained at 100% (Fig. 4) at
an average N/S ratio of 1.3molmol�1. Indeed, the S0 accumulations
previously observed in the packing bed under nitrogen-limiting
conditions gradually disappeared after day 143.

Dynamics of DAMO Bacteria and Archaea

DAMO bacteria and archaea were detected by FISH analysis in all
samples tested (Fig. 5). In the inoculum (sample A), DAMO bacteria
belonging to theNC10 phylumaccounted for only 5%of themicrobial
population, while DAMO archaea from the ANME-2d group
represented 12.5% (81% of the total archaeal population). In sample
B, retrieved at the end of Stage 1, the NC10 bacteria and ANME-2d
accounted for up to almost 60% of the total population (37.1% and
22.5%, respectively). However, in the sample drawn from the BTF at
the end of Stage 2 (sample C), both of the DAMO groups were less
abundant—the NC10 bacteria and ANME-2d represented 11.5 and
1.7% of the cells, respectively. At the conclusion of Stage 2, ANME-2d
still represented�65% of all archaea, but NC10 organisms accounted
for only 15% of all bacteria in the system.

Quantification of 16S rRNA and Denitrification Genes
(narG, nirK, nosZ)

A temporal increase in the concentration of bacterial 16S rRNA
genes, which ranged from 2.0� 105� 3.7� 104 to 6.0� 105� 5.6

Figure 3. Time course of the NO3
� removal rates during BTF operation.

Figure 4. Time course of H2S elimination capacities (&) and SO4
2� concentration

(&) during Stage 2 of BTF operation.
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� 105 genes ng�1 DNA, was observed (Fig. 6a). The abundance
of archaeal 16S rRNA genes increased slightly from sample A
(2.0� 103� 1.2� 101 genes ng�1 DNA) to sample B (3.2�
103� 4.8� 101 genes ng�1 DNA), but was lower in sample C
(1.7� 103� 8.3� 101 genes ng�1 DNA). The concentration of
denitrification genes was significantly higher in samples B and C
compared to sample A (Fig. 6b). In this sense, the narG
concentration almost doubled from 5.0� 102� 8.6� 101 genes
ng�1 DNA in the inoculum to 8.6� 102� 2.3� 102 genes ng�1

DNA by the conclusion of Stage 2. An exponential increase
was found in the concentration of nirK genes, from 7.2� 103

� 7.4� 102 genes ng�1 DNA in sample A to 2.6� 104� 9.7� 103

genes ng�1 DNA in sample B, and finally by two further orders of
magnitude to 1.5� 106� 8.7� 104 genes ng�1 DNA in sample C.
Similarly, the nosZ abundance increased from 3.8� 103� 4.7
� 102 genes ng�1 DNA in sample A to 1.2� 104� 1.2� 103 genes
ng�1 DNA in sample C (Fig. 6b), indicating the enrichment of
denitrifying genes over the trial.

Discussion

A Novel DAMO Configuration for Biogas-Based
Denitrification

The recently discovered DAMO process has scarcely been studied
under continuous bioreactor conditions. Nonetheless, at WWTPs
where biogas is not used for energy or power generation, DAMO

provides a significant potential opportunity for nutrient removal
using CH4 as electron donor for NO3

�/NO2
� reduction. However,

CH4 and NO3
� removal rates thus far reported in the literature are

not sufficiently high to support DAMO applications at WWTPs,
mostly due to the low mass transfer of CH4 from the gas to liquid
phase where microorganisms are present, and also to the low
growth rates of DAMO archaea and bacteria (Ding et al., 2014).
Recent studies suggested the supply of additional nitrogen sources
(NO2

� or NH4
þ) in membrane biofilm reactors, as an alternative to

systems fed only with NO3
�, to achieve higher NO3

� removals by
co-ocurring DAMO and anammox processes. However, the
implementation of this innovation as a practical technology still
suffers from the extended time required for the full formation of
combined DAMO and anammox biofilms (>400 days) (Cai et al.,
2015; Shi et al., 2013).

In this context, the bioreactor configuration presented here
demonstrates the capability of a BTF to support the growth and
activity of DAMO microorganisms, and the feasibility of using both
CH4 and H2S as electron co-donors by a mixed microbial
community to achieve higher rates of nitrogen removal. The
maximum NO3

� removal rates achieved under CH4 feeding during
Stage 1 (2.8 g NO3

� m�3 h�1) were 2–10 times higher than those
reported in literature for sequencing batch, and stirred tank,
reactors at higher EBRTs (2.8–21.7 h) (Table I). In addition, the
NO3

� removals obtained here under steady-state conditions, and
maximum activity (induced by the co-supply of CH4 and H2S), rank
among the highest values reported in literature (17.8 and
75.2 g m�3 h�1, respectively) (Table I). The differences in NO3

�

removal rates between Stages 1 and 2 can be attributed not only to
the simultaneous use of NO3

� by two different microbial
bioreactions (see Eq. 1–3) (Fern�andez et al., 2014; Raghoebarsing
et al., 2006), but also to the higher solubility of H2S in the liquid
phase compared to CH4. In this regard, the dimensionless Henry’s
law constants (H¼ CL/CG) for CH4 (0.03) and H2S (2.48) differ by
almost two orders of magnitude (at 25�C, 1 atm), which resulted in
higher bioavailability of H2S and, accordingly, to proportionately
more use of H2S than CH4 as electron donor for denitrification
during Stage 2 (Sander, 2014). This would explain the absence of

Figure 5. FISH micrographs of the (a) bacterial and (b) archaeal biomass from the

BTF by the conclusion of Stage 1. NC10 bacteria appear pink due to triple hybridisation

with the DBACT1027 and DBACT193 probes (orange), the EUB338 I-II probes (green),

and DAPI (cyan) (a); while ANME-2d archaea appear pink due to triple hybridisation

with the DARCH872 (green) and ARCH915 (orange) probes, and DAPI (cyan) (b). The

abundances of group-specific targets relative to the total biomass in samples A, B, and

C are also shown (right).

Figure 6. Gene abundances of (a) 16S rRNA Bacteria and Archaea and (b) narG,

nirK, and nosZ in samples A, B, and C.
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CH4 biodegradation and the rapid increase of NO3
� removal during

the nitrogen-limiting period.

8NO�
3 þ 5CH4 þ 8Hþ ! 14H2Oþ 4N2 þ 5CO2 ð1Þ

2NO�
3 þ 5H2S ! 5S0 þ N2 þ 4H2 þ 2OH�ðcomplete H2S oxidationÞ

ð2Þ

8NO�
3 þ 5H2S ! 5SO2�

4 þ 4N2 þ 4H2Oþ 2Hþðpartial H2S oxidationÞ
ð3Þ

To the best of our knowledge, this is the first work elucidating the role
of NO3

� concentration on N2O production from anoxic denitrifying
bioreactors and identifying operating conditions that support

minimizing N2O emissions. The findings are relevant for process
implementation since N2O presents a global warming potential 300
times higher than CO2 (IPCC, 2014). The emission factors recorded
during Stage 1 (0.097–0.49 gN-N2O g

�1 Nload) were comparable or
even higher to those previously reported for WWTPs, and were
mainly attributed to conventional anoxic denitrifiers, since DAMO
microorganisms do not have the capacity to produce this GHG
(Ettwig et al., 2010; Gustavsson and la Cour Jansen, 2011). On the
other hand, N2O emissions in Stage 2 were far below the IPCC
emission factors due to complete denitrification supported by
H2S (Gustavsson and la Cour Jansen, 2011; IPCC, 2014; Kampschreur
et al., 2009). The results indicate the sustainability of co-oxidising
CH4 and H2S under anoxic conditions in this type of system.
Nonetheless, more information on the biological mechanisms
controlling N2O consumption and production by DAMO and the
accompanying denitrifiers, respectively, is still required to enable
optimization with respect to the GHG footprint of the process.

Table I. Comparison of the most significant DAMO processes with nitrate as N source and electron acceptor for denitrification reported to date.

Reference Process

Configuration
(working
volume)

Gas feeding
composition

Gas
EBRT
(h)

NO3
�

concentration/Additional
N sources (g m�3)

CH4-EC/rNO3
�

(g m�3 h�1)
Time and composition of the enriched

community

Islas-Lima
et al. (2004)

DAMO Batch cultures
(0.135 L),

agitation not
specified

95% CH4, 5%
CO2

— 34.7 1/4 6 months; composition not
determined

Raghoebarsing
et al. (2006)

DAMO SBR (1.65 L),
350–500 rpm

95% CH4, 5%
CO2

2.75 <62/NO2
� (276) 0.21/1.41 16 months, 10% DAMO archaea and

80% DAMO bacteria
Ettwig et al.
(2008)

DAMO SRT (13 L),
200 rpm

95% CH4, 5%
CO2

21.67 186/NO2
� (46) n.d. (excesively

low)/0.32
19 months, 10% DAMO archaea and

80% DAMO bacteria (inoculum
from Raghoebarsing et al., 2006)

Hu et al. (2009) DAMO SBR (1.6 L),
200 rpm

90% CH4, 5%
CO2, 5% N2

n.d. 465–1165 1/5.05 10.7 months, 40% DAMO archaea and
30% DAMO bacteria

Hu et al. (2011) DAMO SBR (1.6 L),
200 rpm

90% CH4, 5%
CO2, 5% N2

n.d. 233 0.01/0.1 3.5 months, 30% DAMO bacteria and
45% DAMO archaea (inoculum
from Hu et al., 2009)

Haroon et al.
(2013)

DAMOþAnammox STR (4.6 L),
200 rpm

90% CH4, 5%
CO2, 5% N2

n.d. 310–620/NH4
þ (90–180) 0.15/2.84 11.7 months, 78% DAMO archaea, 3%

anammox bacteria (inoculum from
Hu et al., 2009)

Shi et al.
(2013)

DAMOþAnammox MBfR (0.45 L) 90% CH4, 5%
CO2, 5% N2

n.d. 885–2657/NH4
þ

(257–386)
1.98/7.92 24 months, 20–30% DAMO bacteria,

20–30% DAMO archaea and
20–30% anammox bacteria

Ding et al.
(2014)

DAMOþAnammox SBR (2 L),
agitation not
specified

95% CH4, 5%
CO2

n.d. 50–850/NH4
þ (50–850) 1.33/12.5 4.5 months, 29% DAMO archaea, 12%

DAMO bacteria and 21% anammox
bacteria

Hatamoto et al.
(2014)

DAMO CSTR (0.27 L),
agitation no
specified

100% CH4 4.2 31 1.13/10.33 9 months, 37% DAMO bacteria and
possible presence of DAMO
archaea

Hu et al. (2015) DAMOþAnammox SBR (1.6 L),
200 rpm

90% CH4, 5%
CO2, 5% N2

n.d. 465 0.18/2.95 11.7 months, 70% DAMO archaea and
26% anammox bacteria (inoculum
from Hu et al., 2009)

Cai et al.
(2015)

DAMOþAnammox MBfR (0.45 L) 90% CH4, 5%
CO2, 5% N2

n.d. 2657–6643 nd/35–126.2 15 months, 50% DAMO archaea, 20%
DAMO bacteria and 20% anammox
bacteria (inoculum from Shi et al.,
2013)

This study DAMO/DAMOþ anoxic
H2S oxidation

BTF (1 L) 70% CH4,
30% CO2/70%
CH4, 29.5%
CO2, 0.5%

H2S

1 50–200 7/1.5–80 3.8 months, 37% DAMO bacteria and
23% DAMO archaea/6 months,
11.5% DAMO bacteria and 2%
DAMO archaea accompanied by
NR-SOB

n.d., not determined; SBR, sequencing batch reactor; STR, stirred tank reactor; MBfR, membrane biofilm reactor; CSTR, continuous stirred tank reactor; BTF, biotrikling filter.
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Dynamics of the DAMO Population Before and After the
Supply of Hydrogen Sulfide

A co-culture, of which up to 60% comprised DAMO populations (40%
bacteria, 20% archaea), was enriched in the BTF for 114 days with
NO3

� as the sole electron acceptor. This is one of the shortest
enrichment times so far reported for DAMO populations (Table I).
The successful enrichment obtained here was attributed to the high
CH4 mass transfer performance achieved in the BTF compared to
previous experimental set-ups. In addition, the type of biofilm grown
in the packing bed of the BTF likely favored a better interaction
between DAMO bacteria and archaea compared to suspended
systems. Recent metagenomics studies of DAMO communities, which
described bacteria (Candidatus “Methylomirabilis oxyfera,” from
NC10 phylum) and archaea (Candidatus “Methanoperedens nitro-
reducens” from lineage ANME-2d), revealed that both micro-
organisms possess an incomplete denitrification pathway, with
M. nitroreducens being necessary to catalyse the conversion of NO3

�

to NO2
�, which is the preferred substrate ofM. oxyfera (Ettwig et al.,

2010; Haroon et al., 2013). In our particular study, NO2
�

accumulation was not observed, which suggests that NO3
� reduction

was limited by the activity of DAMOarchaea (Cai et al., 2015; Hu et al.,
2009). Recent studies also demonstrated the capability of aerobic
methanotrophs to reduce nitrate under hypoxia (e.g., gas phase
concentrations <2% O2) (Kits et al., 2015; Liu et al., 2014). In this
regard, the detection of aerobic methanotrophs in our consortium,
based on PCR-amplification of the pmoA gene, also indicates the
presence of micro-aerobic niches, which likely supported an increase
in the CH4 EC to the levels attained by this bacterial group (Fig. S4).

On the other hand, the fact that H2S addition did not compromise
CH4 biodegradation except under nitrogen-limiting conditions
suggests that this biogas pollutant generated a shift in the population
toward nitrate-reducing and sulfide-oxidising bacteria (NR-SOB)
(Fig. S4), rather than a toxic effect toward the DAMO population, as
initially hypothesized (Pan et al., 2013; Shen et al., 2012). Thus, if a
NR-SOB enrichment supported by H2S addition occured, bacterial
abundance in the biofilm should be similar or even higher after the
H2S addition, whereas archaeal abundance would be lower. Results of
qPCR assays targeting 16S rRNA genes support this hypothesis.
Moreover, more denitrifying genes were present in the consortium at
the end of the Stage 2, than in the prevailing DAMO consortium
(Stage 1), further indicating the bigger impact of H2S than CH4 on
biomarker concentrations, especially for nirK and nosZ. In fact, the
abundance of denitrifying genes reported here was higher than in
studies reporting on nitrate-rich wastewater treatment in bioreactors
fedwith acetate as the carbon and energy source (Herbert et al., 2014;
Miao et al., 2015). Previous studies showed that increasing nirK/narG
and nosZ/narG ratios correlate with higher denitrification rates and
lower N2O emissions (Herbert et al., 2014; Warneke et al., 2011).
Here, the nosZ/narG ratio remained roughly stable, whereas the
nirK/narG and the nosZ/narG ratios steadily increased, thus leading
to the observed 13-fold increase in NO3

� removal and 10-fold
decrease in N2O production by the consortium of DAMO/NR-SOB/
conventional-denitrifiers, respectively.

Finally, it was observed that SO4
2� accumulation must be

avoided since the denitrification performance of the NR-SOB
was compromised at SO4

2� concentrations>8,000 g m�3. Ramirez

et al. (2009) reported SO4
2� inhibition in NR-SOB enrichments at

concentrations of 10,000–12,000 g m�3, which was in the range of
the maximum values here reported. In this regard, recent studies
demonstrated the potential to control SO4

2� concentrations in NR-
SOB systems by applying low N/S ratios (i.e., N-limiting
conditions), and thus favoring the metabolism of these micro-
organisms toward S0 production (Fern�andez et al., 2013, 2014),
as was observed during the N-limiting period of Stage 2 (days
127–142, Fig. 2a).
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Materials and methods 

Fluorescence in situ hybridization (FISH)  

Biomass samples (250 uL) were fixed in 4% (w/v) paraformaldehyde for 3 h and then 

washed three times with phosphate-buffered saline (PBS). Aliquots of 10 µL of biofilm 

samples were deposited on the wells of gelatin-coated, acid-washed, glass microscope 

slides and dehydrated by passing through a 50%, 80% and 96% (v/v) ethanol series. 

Hybridisation with 30% formamide (v/v) and the oligonucleotide probes was at 46ºC for 

2 h. After hybridization, and once the slides were washed and dried, the specimens were 

counter-stained for 5 min at room temperature with the DNA stain DAPI to quantify the 

total number of cells. For quantitative FISH analysis, 15 images were randomly acquired 

from inside each well on the slides using a Leica DM4000B microscope (Leica 

Microsystems, Wetzlar, Germany). The relative biovolumes of total archaea, total 

bacteria, DAMO bacteria and DAMO archaea from the total DAPI-stained biomass were 

calculated using DAIME software and split into individual colour channels before image 

segmentation (Daims et al. 2006). 

End-point PCR of Bacterial 16S rRNA, Archaeal 16S rRNA, narG, nirK, nosZ, pmoA 

and soxB genes 

Purified DNA from the samples was used to amplify the target Bacterial 16S rRNA, 

Archaeal 16S rRNA, narG, nirK, nosZ, pmoA and soxB genes by end-point PCR. The 

L of each primer (10 M), 5 µL of 5× ready-to-use 

MyTaq reaction buffer (Bioline, UK), 0.5 µL of MyTaq DNA Polymerase, 1 µL purified 

DNA and PCR H2O up to a final volume of 25 µL. PCR was performed in a Super Cycler 

Trinity (Kyratec, Australia) following thermo-cycling programs for Bacterial and Archaeal 

16S rRNA according to Yu et al. (2005). End-point PCR amplifications of narG, nirK, and 

nosZ genes were performed according to Philippot et al. (2002), Braker et al. (2000), and 

Henry et al. (2006), respectively. Additionally, the detection of the genes pmoA (encodes 



for the particulate methane monooxygenase; present in aerobic methane-oxidizing 

bacteria) and soxB (encodes for the thiosulfate-oxidising Sox enzyme complex; present 

in hydrogen sulfide-oxidizing bacteria) in the purified samples was assessed according 

to previous studies (Holmes et al. 1995; Thomas et al. 2014). The success of each 

amplification reaction was determined by electrophoresis in a 2% (w/v) agarose gel in 

5× TAE buffer. 



Real-time PCR analysis 

Table SI. Primers and thermocycling conditions used during qPCR analysis 

Target gene 
Primer and sequence (5’ – 3’) 

Amplicon 
size (bp) 

qPCR thermocycling program Reference 

Bacterial 16S 
rRNAa 

BAC338F: ACTCCTACGGGAGGCAG 

BAC805R:GACTACCAGG GTATCTAATCC 

468 
94°C for 10 min; 45 cycles of: 94ºC for 10 s, 60ºC 

for 30 s (acquisition step) (±5ºC/s ramp) 
Yu et al. 
(2005) 

Archaeal 
16S rRNAa 

ARC787F: ATTAGATACCCSBGTAGTCC 

ARC1059R: GCCATGCACCWCCTCT 

273 
94°C for 10 min; 45 cycles of: 94ºC for 10 s, 60ºC 

for 30 s (acquisition step) (±5ºC/s ramp) 
Yu et al. 
(2005) 

narG 
narG 1960F: TAYGTSGGCCARGARAA 

narG 2659R: TTYTCRTACCABGTBGC 

699 
95°C for 10 min; 40 cycles of: 95ºC for 45 s, 66ºC 
for 45 s, 72ºC for 78 s, 80ºC for 18 s (acquisition 

step); 72°C for 5 min 
This study 

nirK 
nirK 1F: GG(A/C)ATGGT(G/T)CC(C/G)TGGCA 

nirK 5R: GCCTCGATCAG(A/G)TT(A/G)TGG 

514 
95°C for 5 min; 45 cycles of: 95ºC for 30 s, 68ºC for 
40 s, 72ºC for 30 s, 83ºC for 15 s (acquisition step) 

This study 

nosZ 
nosz F: CGYTGTTCMTCGACAGCCG 

nosz 1R: CAKRTGCAKSGCRTGGCAGAA 

699 
95ºC for 15 min; 6 cycles of: 95ºC for 30 s, 67ºC for 

30 s (-1ºC/cycle), 72ºC for 30 s, 85ºC for 15 s 
(acquisition data step); 40 cycles of: 95ºC for 30 s, 

60ºC for 30 s, 72ºC for 30 s 

This study 

aTaqMan probes were set according to Yu et al. (2005). 

 



Results 

Long-term reactor performance 

 

Figure S1. Time course of the N2 production rates during BTF operation. 

 

Figure S2. Influence of nitrate concentration on nitrous oxide production rate during Stage 1 of 
BTF operation. 
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Figure S3. Time course of NO2
- concentration during BTF operation.  

 

Figure S4. DNA fragments on gel electrophoresis of a) pmoA (510 bp) and b) soxB (1020 bp) in 
the samples under study (lane 1, HypperLadderTM 50bp; lane 2, sample A; lane 3, sample B; 
lane 4, sample C; lane 5, negative template control (NTC)). The arrows indicate the migration 

place of both fragments. 
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Conclusions and future work 

Methanotroph-based biofilters are one of the most applied CH4 abatement technologies 

worldwide at lab- and field-scale for the treatment of CH4 emissions. This fact has been 

attributed to their cost-effectiveness, the extensive knowledge in design and operation 

available and the recent advances in packing material techonology achieved in the past 

years. Nonetheless, the limited abatement performance at the typical EBRTs for 

VOC/odour biofiltration, due to the mass transfer limitations resulting from the low 

aqueous solubility of CH4, often hinders its implementation at industrial scale. In Chapter 

3, the ability of Graphium sp. to biodegrade CH4 through co-metabolism when methanol 

is present as a source of reductive power was demonstrated for the first time, which is 

of key relevance to elucidate the potential and role of fungi during CH4 abatement. The 

synergistic action of fungi and bacteria in a compost biofilter supported steady and high 

CH4 removals at significantly lower EBRTs than those reported in literature, which might 

boost the implementation of fungal biofilters at full-scale. 

In order to overcome the limitations imposed by biomass overgrowth during CH4 

biofiltration, the potential of feast-famine strategies in alternate units to reduce the 

biomass accumulated per volume unit of biofilter was comparatively and systematically 

evaluated in Chapter 4. Compared to a standard biofilter, feast-famine strategies 

triggered the CH4 abatement performance of the alternate biofilters in the early stages of 

operation, while allowing significantly lower pressure drops under long-term operation as 

a result of the lower biomass concentrations supported by the feast-famine feeding. 

These findings suggested the adequacy of this biomass control strategy to increase the 

lifespan of the packed bed and reduce operating costs compared to standard CH4 

biofiltration, while supporting higher CH4 removals compared to continuous biofiltration. 

Moreover, the methanotrophic communities subjected to the feast-famine cycles were 
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robust and exhibited a very rapid recovery even after 5 days of starvation (with and 

without air). This study is of key relevance to support the full-scale implementation of 

these strategies, and confirmed the robustness of microbial communities to process 

shutdowns typically ocurring during weekends or holiday periods and operational 

failures. 

The applicability of biotechnologies is often challenged by the claimed lack of efficient 

biological activity – possibly attributed to the use of microorganisms with undesirable 

kinetic characteristics – and by their long start-up periods. Chapter 5 demonstrated the 

key role of CH4 concentration during the enrichment of methanotrophic communities to 

guarantee efficient biodegradation kinetics (in terms of Ks and qmax) and an adequate 

population structure. This study also showed the feasibility of synthesizing bioproducts 

such as PHAs during CH4 abatement under nitrogen limiting conditions in non-

acclimated cultures. 

Chapter 6 represented a successful proof of concept study of the feasibility of biogas, 

with and without H2S, to grow methanotrophic bacteria and intracellularly accumulate 

PHAs under nitrogen-limited conditions. Biogas-based biorefineries might boost the 

application of anaerobic digestion as an organic waste stabilization technology via PHA 

production, which would also decrease the cost of these biopolymers (since substrate 

acquisition typically accounts for 30-40% of the PHAs production costs). In addition, the 

co-integration of volatile fatty acids and biogas in terms of methanotrophic growth and 

production of tailor-made PHAs within this biorefinery concept not only increased the 

PHA content in type II methanotrophs such as Methylocystis hirsuta, but also modified 

PHAs  composition, which ultimately enhanced their physical/chemical properties and 

market value. 

The potential of biotechnologies to create additional value out of CH4 mitigation was also 

demonstrated by coupling biogas abatement with dissimilatory N removal, via the so-
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called denitrifying anaerobic methane oxidation process. However, the implementation 

of DAMO at full-scale is up to date hindered by the poor gas-liquid mass transfer of CH4 

(which extends the enrichment periods of DAMO communities and lowers its 

biodegradation rates), and the inefficient biomass retention in the bioreactor 

configurations tested. In Chapter 7, a biotrickling filter configuration was implemented 

for the first time to overcome the aforementioned issues and enrich a DAMO community 

within 4.5 months, which is one of the shortest enrichment periods so far reported in 

literature. When H2S was present in the biogas, nitrate removals were significantly 

enhanced and a nitrate-reducing and sulphide-oxidizing bacterial community was co-

enriched together with the pre-existing DAMO bacteria and archaea. To the best of our 

knowledge, this is the first work reporting the use of CH4 and H2S as electron donors for 

denitrification in biotrickling filters, and one of the highest nitrogen removals supported 

by DAMO ever reported. 

In spite of the fact that biotechnologies have the potential to effectively abate CH4 under 

different bioreactor configurations and operational strategies, their cost-effective and 

robust operation still requires significant research efforts. Similarly, the use of the so-

called ‘-omics’ techniques would entail a better understanding of the microbiology 

underlying CH4 oxidation and the role of each specific partner in the process. Moreover, 

despite the promising results here obtained on the creation of added value out of CH4 

degradation using biogas a raw material, further optimization at lab-scale is still required 

to implement this biorefinery concept at full-scale. Based on the results here obtained, 

future lines of research in the field of CH4 abatement biotechnologies should be focused 

on: 

i. The implementation of fungal-bacterial communities and feast-famine strategies 

at pilot scale to confirm their potential for carbon footprint reduction, and energy 

and costs savings. 
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ii. The performance evaluation of a fungal biofilter under intermittent methanol 

irrigation. In this regard, the application of ‘-omics’ techniques might be of key 

relevance to fully elucidate the metabolic pathways underlying CH4 

biodegradation in fungal strains such as Graphium sp. 

iii. The exploration of new microbiological and technological approaches to address 

issues such as CH4 mass transfer limitation and biomass overgrowth typically 

found in conventional CH4 abatement biotechnologies. Future research should 

focus on the use of hydrophobic methanotrophs and rotating drum biofilters, or 

on the design of capillary-based monoliths. 

iv. The study of the CH4 biodegradation kinetics and the population structure of 

methanotrophic communities during enrichment under different environmental 

parameters or macro-/micronutrient concentrations. This would allow identifying 

the key conditions to optimize not only CH4 biodegradation, but also the synthesis 

of bioproducts such as PHAs under continuous operation. The characterization 

of these enrichments with advanced molecular biology techniques such as next-

generation sequencing (e.g. Illumina MiSeq platform) would be also crucial to 

fully understand the microbial ecology of methanotrophs. 

v. The elucidation of the effect of supplementation of multiple VFAs on biogas-

based PHA production by type II methanotrophs might provide new insights on 

the production of tailor-made biopolymers with enhanced physical/chemical 

properties and a higher market value. The potential of anaerobic digestion with a 

partial organic matter hydrolysis coupled to a methanotrophic bioreactor should 

be further evaluated in order to develop a new generation of biogas-based 

biorefinery. 

vi. The application of ‘-omics’ techniques and systems biology to fully understand 

the synergistic action of DAMO and NR-SOB communities during biogas-based 

denitrification. Despite the promising results here obtained, further research 

should be focused on identifying alternative microbial partners in DAMO and 
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innovative high-mass transfer bioreactor configurations in order to scale up this 

novel N removal technology.
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