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Abstract

The performance of an anoxic-aerobic microalgal-bacterial system treating synthetic food waste
digestate at 10 days of hydraulic retention time via nitrification-denitrification under increasing
digestate concentrations of 25%, 50%, and 100%(v/v) was assessed during Stages I, II and III,
respectively. The system supported adequate treatment without external CO2 supplementation
since sufficient inorganic carbon in the digestate was available for autotrophic growth. High
steady-state Total Organic Carbon (TOC) and Total Nitrogen (TN) removal efficiencies of 85-96%
and 73-84% were achieved in Stages I and II. Similarly, PO3~-P removals of 81+15% and 58+4%
were recorded during these stages. During Stage III, the average influent concentrations of 815+35
mg TOC-L1, 61023 mg TN-L1, and 46+11 mg PO3~-P-L-! induced O2 limiting conditions,
resulting in TOC, TN and PO3™-P removals of 85£3%, 73+3%, and 28+16%, respectively.
Digestate concentrations of 25% and 50% favored nitrification-denitrification mechanisms,
whereas the treatment of undiluted digestate resulted in higher ammonia volatilization and
hampered nitrification-denitrification. In Stages I and II, the microalgal community was dominated
by Chlorella vulgaris and Cryptomonas sp., whereas Pseudoanabaena sp. was more abundant
during Stage III. Illumina sequencing revealed the presence of carbon and nitrogen transforming
bacteria, with dominances of the genera Gemmata, Azospirillum, and Psychrobacter during Stage
I, II, and III, respectively. Finally, the high settleability of the biomass (98% of suspended solids
removal in the settler) and average C (42%), N (7%), P (0.2%), and S (0.4%) contents recovered in
the biomass confirmed its potential for agricultural applications, contributing to a closed-cycle
management of food waste.

Keywords: microalgal-bacterial symbiosis, digestate, nitrification-denitrification, microalgae,

photobioreactor.
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1 Introduction

High-strength wastewaters, such as livestock effluents or anaerobic digestates, present high
concentrations of nitrogen (mainly in the form of ammonia) and phosphorous, representing a
challenge to both natural ecosystems and to conventional wastewater treatment technologies.
However, this high nutrient load also represents an opportunity for the simultaneous recovery of
these nutrients and the production of added-value bioproducts (Makadi et al., 2012). Many
physical/chemical wastewater treatment technologies, such as ammonia stripping, phosphate
adsorption or nutrient precipitation, have been investigated with promising results, but they exhibit
high energy and chemical demands, and reduced environmental sustainability (Rehl & Miiller,
2011; Yuan et al., 2016; Rahman et al., 2019). In this context, microalgae-based systems have
gained increasing attention in the past decade as an alternative platform for the sustainable
treatment of high-strength wastewaters due to their potential to efficiently remove and recover
carbon and nutrients, while producing valuable microalgal biomass with multiple applications. The
most popular valorization strategies of microalgae biomass include the production of biofuels,

biogas, animal feed, biofertilizers, and biostimulants (Stiles et al., 2018).

Among the different microalgae-based treatments investigated in recent years, anoxic-aerobic
microalgal-bacterial systems have emerged as a highly efficient alternative for the removal of
nutrients from wastewaters with a low carbon to nutrient ratio (de Godos et al., 2014; Alcantara et
al., 2015a; Garcia et al., 2017a; Dhaouefi et al., 2018). The main mechanisms underlying the
removal of nitrogen in these systems are nitrification-denitrification and assimilation in the form
of microbial protein (de Godos et al., 2014; Dhaouefi et al., 2018). The nitrification-denitrification
process is based on the initial aerobic transformation of ammonia nitrogen into nitrite (NO,) and

nitrate (NO3) by nitrifiers, followed by the reduction of these oxidized nitrogen compounds into
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N, by denitrifying microorganisms using biodegradable organic matter as the electron donor.
Nitrification-denitrification and nitrogen assimilation are more sustainable alternatives for the
removal of nitrogen in microalgae-based treatments than free ammonia (NH3) volatilization, since
N, is an inert gas with no environmental impact in the atmosphere, whereas NH; is a greenhouse
gas precursor (Alcantara et al., 2015b). The oxygen demand for nitrification in microalgae-bacteria
systems is supplied by in-situ photosynthetic aeration (Gales et al., 2019). In the anoxic-aerobic
configuration, photo-aeration, microalgae growth (with concomitant assimilation of nitrogen and
phosphorus, Eq. 1) and nitrification (Eq. 2), take place in the photobioreactor, from which
nitrate/nitrite are recycled for their reduction to N, via denitrification (Eq. 3) to an anoxic tank.
The anoxic tank is also fed with the influent wastewater and the biomass recirculated from the

settler (De Godos et al., 2014).

2H,0 + CO, + hv +NH} +P03~ - CH20NP (microalgae)+ 20, + 4H,0 (1)
NHj + 2N, > NO3 + 2H* + H,0 (2)
8NO3 + 5CH3COOH - 8HCO3 + 6H,0 + 2C0O, + 4N, 3)

This innovative configuration has been successfully tested during the treatment of domestic and
textile wastewater. For instance, Garcia et al. (2017a) reported carbon and nitrogen removal
efficiencies of 90+2% and 81+3%, respectively, during the treatment of real domestic wastewater
at 2 days of hydraulic retention time (HRT), with the addition of external CO, and pH control in
the aerobic photobioreactor. Similarly, Dhaouefi et al. (2018) recorded nitrogen removal
efficiencies of 87+11% during textile wastewater treatment at 10 days of HRT. However, the
potential of this technology for digestate treatment needs to be explored further. The high ammonia
loads typically present in digestates may not be completely nitrified in anoxic-aerobic

photobioreactors due to limited photo-aeration, which may result in high free ammonia
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concentrations in the reactors limiting microalgae and nitrifiers activity (Collos & Harrison, 2014;

Gutiérrez et al., 2016).

This study assessed the influence of digestate loading rate on carbon and nutrient removal in an
anoxic-aerobic microalgae-bacteria system engineered with biomass settling and recirculation and
without external CO2 supplementation. The novelty of this work relies on the assessment of the
performance of this novel photobioreactor configuration for the treatment of high carbon and
nitrogen loads of up to 6-fold the influent loads reported in previous experiences (e.g., Garcia et
al., 2017; Toledo-Cervantes et al., 2019), under the hypothesis that high removal efficiencies will
be achieved at these high loading conditions. The mechanisms underlying C, N, and P removal and
recovery in the anoxic tank and open photobioreactor treating synthetic food waste digestate
(SFWD) were assessed using a mass balance approach. A detailed characterization of the dynamics
of microalgal and bacterial population structure was conducted using morphological and molecular
identification tools. Finally, the valorization potential of the microalgal-bacterial biomass was

discussed based on the characterization of nutrients recovered in this biomass.

2  Material and Methods

2.1 Synthetic food waste digestate composition

Synthetic food waste digestate (SFWD) was used in this study as a model of high-strength
wastewater. The SFWD was modified from Frutos et al (2016), based on data from real food
digesters operated at the National Institute of Science and Technology for Sustainable Wastewater
Treatment (Brazil), and prepared with a composition of (per liter of tap water): 850 mg CgH5KO,,

400 mg meat extract, 330 mg casein peptone, 100 mg urea, 1700 mg NH,Cl, 300 mg KH,PO, -
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3H,0, 18 mg NaCl, 10 mg CaCl,, 5 mg MgS0O, and 5000 mg NaHCO;. This composition resulted
in concentrations of dissolved total organic carbon (TOC) of 840 mg L1, a chemical oxygen
demand (COD) of 2530 mg L-1, 650 mg L-1 of dissolved inorganic carbon (IC), and 710 mg L-1 of
total nitrogen (TN). The SFWD corresponded to a liquid fraction of digestate with a low content
of easily biodegradable carbon and a low C:N ratio (1:1 to 4:1, based on COD and TN). The SFWD
was freshly prepared twice a week and stored at 4 °C prior to be fed to the system with a peristaltic

pump (Watson Marlon 313D, UK).

2.2 Experimental set-up

The experimental set-up consisted of an anoxic-aerobic microalgal-bacterial system with the
configuration showed in Figure 1. The working volumes of the anoxic tank (4x), open
photobioreactor (OPBR) and settler were 2.85 L, 9.15 L and 1 L, respectively. The inoculum used
in the experimental set-up, obtained from a microalgal-bacterial culture treating municipal
wastewater, was dominated by Chlorella vulgaris, Nitzschia sp., Pseudoanabaena sp., and
Tetradesmus obliquus. The OPBR exhibited an illuminated area of 0.045 m?, with lighting supplied
for 12 h per day by white LED lamps (Phillips) located above the pond, which provided an average
light intensity of 1314+12 umol m? s'1 at the culture broth surface (Toledo-Cervantes et al., 2019),
simulating outdoor conditions. The Ax consisted of an air-tight tank. Submerged pumps (Eheim
CompactON 300, Germany) provided complete mixing in the cultivation broth of Ax and OPBR.
Peristaltic pumps (Masterflex, Cole Parmer, UK) were used to continuously recirculate the
microalgae-bacteria biomass from the bottom of the conical secondary settler to Ax and from

OPBR to Ax at flowrates of 0.6 L d-! (external) and 2.4 L d-! (internal recycling), respectively.
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Figure 1. Schematic diagram of the anoxic-aerobic microalgae-bacteria photobioreactor set-up.

2.3 Experimental design

The microalgal-bacterial anoxic-aerobic system was operated continuously at an HRT of 10 d
(corresponding to an influent SFWD flow rate of 1.2 L d-1) and a temperature of 2742 °C. Biomass
was wasted from the bottom of the secondary settler in order to maintain the solids retention time
(SRT) at 18 d. A high SRT was selected to favor the acclimation of microalgae and bacteria to the
high strength of the SFWD and prevent the wash-out of nitrifiers. The experimental set-up was
operated for 138 d under step increases in SFWD load in order to assess the capacity of the anoxic-
aerobic system to support a sequential nitrification of the influent NH4" and the further reduction
into N2 of the NO2™ and NOs3- produced in the OPBR (De Godos et al., 2014). The experiment was
divided into three operational stages. During the first 40 days (Stage I, S-1), the anoxic-aerobic
system was fed with 25% (v/v) diluted SFWD. SFWD load was increased to 50% from days 41 to
87 (Stage II, S-II) and finally increased to 100% during the last stage of operation from day 89 to

138 (Stage 111, S-III).

Liquid samples of 100 mL from the SFWD, Ax, OPBR, settled biomass, and effluent were collected

twice a week and filtered through 0.20 um nylon filters (Fisherbrand™, Fisher Scientific, UK) to
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determine the concentrations of TOC, IC, TN, NH; -N, NO; -N, NO3-N, PO3~-P, TSS, and VSS. The
ambient and cultivation broth temperatures, influent and recycling flow rates, dissolved oxygen
(DO) concentration and pH, were measured daily in the system. During steady-state at each
operational stage, samples for the determination of total phosphorus (TP) and COD from the
anoxic-aerobic system were drawn in triplicate, along with samples of waste biomass for the
analyses of the C, N, and P content of the microalgae-bacteria biomass. Samples of 2 mL for
identification and quantification of microalgae populations were collected from the OPBR at the
end of each steady-state and preserved in 5% lugol and 10% formaldehyde and stored at 4 °C prior
to analysis. Additionally, biomass samples from the OPBR were harvested at the end of each
steady-state and frozen-stored at -4 °C in order to evaluate the richness and composition of the

bacterial communities.

2.4 Analytical procedures

The concentrations of TSS, VSS, TP, and COD were determined according to standard methods
(2012). The DO concentration and temperature were monitored with an OXI 3301 oximeter (WTW,
Germany), while a pH meter Eutech Cyberscan pH 510 (Eutech Instruments, The Netherlands)
was used for pH determination. A Shimadzu TOC-VCSH analyzer (Shimadzu, Japan) connected
to a TNM-1 module was used for the determination of the concentrations of TOC, IC, and TN. The
concentrations of NH} -N were determined using an Orion Dual Star electrode (ThermoScientific,
The Netherlands). The fraction of free ammonia (FAN) was estimated on the basis of the NH -N
concentrations and pH (FAN = NHj} (1 + 10PXe=PH)~1) The analyses of the C and N biomass
content were carried out using a FLASH 2000 Elemental Analyzer (ThermoScientific, The

Netherlands) with pre-dried and grinded microalgae-bacteria biomass. The content of P in the



167

168

169

170

171

172

173

174

175

176

177

178

179

180

181

182

183

184

185

186

biomass was measured using a 725-ICP Optical Emission Spectrophotometer (Agilent, USA). The
quantification, identification, and biometry measurements of microalgae population structure were
carried out by microscopic examination of the samples fixed in lugol and formaldehyde using an
inverted microscope (OLYMPUS I1X70, USA). Cell quantification was performed using the
Utermohl technique (Sournia, 1978), and final microalgae densities and biometry measurements

for each species were reported as the averaged results from fixed samples.

2.5 Mass balance calculations

Mass balances in Ax and OPBR were performed for TOC, IC, TN, NH} -N and PO}~ -P, considering
the flowrates and concentrations of the target parameters in the SFWD feed, effluent, and biomass
wastage. The global removal efficiencies (RE; 4x—oppr) and the specific contribution of Ax
(REj 4x), OPBR (RE; oppr) and secondary settler (RE; ¢5) to wastewater treatment, were calculated

according to equations 4-7 (Dhaouefi et al., 2018):

RE; 4 (%) = (Cisrwp Qsrwp)+ (Cioper QIR)+(Cik'QER) —(Ciax'Qax) 100 (4)

Ci,srwp QsFwp

RE; oppr (%) = (Ci,ax"Qax) —(Ciorer-QoPBR)—(Ci0PBR'QIR) | 100 (5)

CisFwp QsFwp

REi,SS(%) _ (Ciorer'QoPBR)—(CiEQER)—(CiEQE)—(CiEQwE) .100 6)

Ci,srwp'QsrFwp

Cj : —(Cig-
RE; ax—ppr(%) = (CisFwp Qsrwp)—(CiEQE) | 100 7)

Ci,srwp QsFwbD

Where C; accounts for TOC, IC, TN, NH}-N and PO3™-P concentrations in the SFWD, Ax, and
OPBR . Qspwp represents the inlet flowrate, Qg represents the internal recirculation flowrate from
OPBR to Ax, Qgr stands for the external recirculation flowrate from the settler to Ax and Qg

represents the treated water flowrate. The water flow balances for the effluent (Qg), the Ax (Q4y)
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and OPBR (Qoppr) are defined as Qg = Qspwp — Qv — Qws; Qax = Qsrwp + Qrr + Qgrg and
Qorer = Qsrwp + Qer — Qrv — Qir- Qv represents the evaporation flow rate, estimated as the
difference between the daily flowrates of the feeding and effluent + wastage rate (Qwg)-
Furthermore, carbon and nitrogen losses were quantified by means of the mass recovery factors

(Y3544
1

for the parameter “i” according to equations 8, 9 and 10 (Garcia et al., 2017a):

M; g+M; QE(TOCE + ICE+%CTSSE)+ QWB(TOCE + ICE+%CTSSWB)
TC(Recovery %) = —=——YB. 100 = 100 8
(Recovery %) M;j srwD Qswrp*(TOCsrwp + ICsFwp) ®)
TN(Recovery %) — w . 100 — QE(TNE + %N'TSSE)+ QWB(TNE + %N~TSSWB) . 100 (9)

M; srwD Qswrp TNsrFwpD

M; g+M; PO;3-P g + %P-TSSg )+ PO; —P + %P-TSS
P(Recovery %) = —LETTLWB 100 = Qe(POy E+% E) S_WB( 2 0 WB) 100
M; srwD Qswrp'PO;™ —P srpwp

(10)

where Mg, and Miwe represent the mass flow rate (g-d-1) of the parameter “i” (TC, TN and PO3~-
P) in the liquid effluent and waste biomass, respectively, and were defined as the mass flow rate
of dissolved compounds (TOC + IC, TN or PO3~-P) and mass flow rate of C, N, and P (determined
by elemental composition) in the TSS of both the effluent and waste biomass. On the other hand,
Mi, srwp stands for the mass flow rate of the parameter “i” in the influent SFWD. It was assumed
that TC losses were associated to CO, volatilization, whereas TN losses corresponded to N, or
NH; volatilization by denitrification or stripping, respectively. The TN lost as N, was estimated
as the fraction of mass of NO3-N + NO3-N removed in 4x, whereas NH3; was quantified as the
remaining fraction of TN losses (not volatilized as N»). Finally, the P recovery factor was used for

validating the analytical and instrumental methodologies used in this study.

10
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2.6 DNA extraction, Illumina library preparation, pyrosequencing, and 16S rDNA-based

taxonomic analysis

A sample was drawn for the analysis of the bacterial community structure from the cultivation
broth of OPBR during each steady-state. Total genomic DNA was extracted using the Fast DNA
Spin kit for soil (Biomedical, USA) according to the manufacturer’s instructions. The extracted
DNA was stored at —20 °C prior to pyrosequencing. 5 ng-puL~11in of genomic DNA in 10 mM Tris
pH 8.5 were used to start the Illumina protocol (Cod. 15044223 Rev. A), targeting the 16S rDNA
gene V3 and V4 region. The bacterial primers used were -D-Bact-0341-b-S-17 and S-DBact-0785-
a- A-21, forward and reverse, respectively, (Klindworth et al., 2012). Overhang adapter sequences
were added to the gene-specific sequences, thus resulting in the following full length 16S amplicon
PCR primers sequences: 5’TCGTCGGCAGCGTC

AGATGTGTATAAGAGACAGCCTACGGGNGGCWGCAG (forward) and 5°

GTCTCGTGGGCTCGGAGATGTGTATAAGAGAC-AGGACTACHVGGGTATCTAATCC

(reverse).

After 16S rDNA gene amplification, the mutiplexing step was performed using Nextera XT Index
Kit (FC-131-1096). 1 pl of the PCR product was run on a Bioanalyzer DNA 1000 (Agilent, USA)
chip to verify the size (~550 bp on a Bioanalyzer trace). After size verification, the libraries were
sequenced using a 2x300pb paired-end run (MiSeq Reagent kit v3 (MS-102-3001)) on a MiSeq
Sequencer according to instructions from the manufacturer (Illumina, San Diego, CA). The
pyrosequencing analysis was carried by the Foundation for the Promotion of Health and
Biomedical Research of Valencia Region (FISABIO, Spain). Quality assessment was performed

using the PRINSEQ-LITE program (Schmieder and Edwards, 2011), applying the following

11
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parameters: min_length, 50; trim_qual right, 30; trim_qual type, mean; and trim_qual window,
20. The bioinformatics analyses were performed in RStatistics environment. Metataxonomy
analysis was performed using some of giime2 plugins. Denoising, paired-ends joining, and
chimera depletion were performed starting from paired ends data using DADA2 pipeline.
Taxonomic affiliations were assigned using the Naive Bayesian classifier integrated with quiime2
plugins. SILVA release 132 was used for taxonomic assignations. Krona representation was

generated using Krona hierarchical browser (Ondov et al., 2011).

2.7 Statistical treatment

The results were provided as the mean and standard deviation of each parameter during steady-
state periods. The differences in the means were statistically analyzed by t-test, One-Way

ANOVA, and Tukey’s post-hoc test using the software SPSS v.22.

3 Results and Discussion

3.1 Global performance

The anoxic-aerobic system supported a high removal of organic carbon with steady-state
efficiencies of 92+2%, 96+1%, and 85%=+3% during S-1, S-II, and S-II1, respectively (F= 42.99,
p=0.000). Moreover, TN removal was also high and experienced no significant differences during
S-T and S-II, achieving steady-state efficiencies of 84+£3% and 79+6%, respectively, but decreased
to 73+3% during S-III (F= 21.56, p=0.000). Similarly, the anoxic-aerobic system supported high
removal efficiencies of PO3™-P of 71+15% and 58+4% during S-I and S-II, respectively, but a
significantly lower removal of 28416 % was observed in S-III (F= 12.93, p= 0.001). Overall, the

system provided consistent removal efficiencies when compared to previous works using anoxic-

12
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aerobic systems for the treatment of municipal wastewater (TOC, TN and PO} -P removal
efficiencies of 86-95%, 18-87%, and 22-67%, respectively)(de Godos et al., 2014; Alcantara et al.,
2015a; Garcia et al., 2017a; Toledo-Cervantes et al., 2019), or during the treatment of textile
wastewater (TOC: 45-52%, TN:10-87%)(Dhaouefi et al., 2018). High removal efficiencies were
fostered by a high photosynthetic activity, promoted by the high HRT and SRT of operation and
the high nutrients availability from the SFWD. These results confirmed the potential of this
technology for the treatment of high-strength wastewaters with the concomitant production of

valuable microalgal-bacterial biomass.

Microalgae and bacteria in Ax and in OPBR contributed to the transformation and removal of
carbon, nitrogen, and phosphorus using multiple mechanisms. The symbiosis between microalgae
and bacteria resulted in the biological oxidation of TOC in both Ax and OPBR, whereas
assimilation/nitrification and denitrification in the OPBR and Ax, respectively, supported the high
TN removals observed. The denitrification-nitrification configuration operated under high HRT
and SRT (Table 1) likely attenuated the inhibitory effect on the microbial communities mediated
by the high ammonia concentrations and pH of the SFWD, which is one of the main constrains
reported for microalgae-based treatment of high-strength wastewaters (Stiles et al., 2018). In
addition, the autotrophic activity of microalgae and nitrifying bacteria was enhanced by the high
influent IC concentrations. In this context, global steady-state IC removal efficiencies of 52+5%,
65+11%, and 37+14% were recorded in S-I, S-1I, and S-III, respectively. At the pH prevailing in
Ax and OPBR, 1C was available for autotrophic activity mainly in the form of HCO3, which is an
assimilable form for both microalgae (White et al., 2013) and nitrifiers (Wett et al., 2003), as
described for food waste digestate for microalgae cultivation (Chuka-Ogwude et al., 2020) and

confirmed in this study. The availability of inorganic carbon was herein influenced by the changes
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in pH in OPBR along the different operational stages. For instance, the high pH values in this unit
during S-I likely resulted in a displacement of the COz equilibrium to carbonate, which reduced
the availability of the influent IC. The decrease in pH during S-II and S-III induced by the increase
in SFWD load enhanced the availably of inorganic carbon and likely intensified the stripping of
CO2 (Table 1) in OPBR, which ultimately resulted in lower TC recoveries during these stages
(53£11% and 45+9% during S-II and S-III, respectively, compared to 88+13% during S-I).
Additionally, the availability of IC from the influent SFWD and the biodegradation of TOC in Ax

favored the removal of nitrogen.

The global TN removal was directly linked to the removal of NHZ -N, which presented average
steady-state values higher than 99% due to the occurrence of intensive nitrification during S-I and
S-II. Simultaneous organic carbon removal and nitrification were supported by the active photo-
oxygenation in OPBR, as suggested by the pH and DO 0f 9.7+0.1 and 14+5 mg-L-1 during S- I and
8.9+0.2 and 2.8+2.7 mg-L-1 during S-II, respectively (Table 1, Figure 2a and 2b). The increase in
SFWD pollutant concentrations during S-III caused a lower NHJ -N removal of 73+10% as a result
of the depletion of DO in OPBR during this stage, which showed average concentrations of
0.01£0.00 mg-L-1. Intensive denitrification occurred during S-I and S-II in Ax since DO
concentrations remained low (<0.04 mg-L-1) throughout the experiment. Nitrification and
denitrification were also favored by the long operational HRT and SRT, which prevented the wash-

out of nitrifiers as reported elsewhere (Rada-Ariza et al., 2017).
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290 Table 1. Operational conditions and steady-state process parameters (average values + standard
291  deviations) of the anoxic—aerobic system during the treatment of SFWD.

Stage
Parameter Sample o NCg) SII(N=8) S-III (N=8)
SFWD 218+ 14 433 +23 815+ 35
TOC Ax 33+5 42+ 15 291 + 37
(mg-L1) OPBR 2548 34410 229 + 48
E 27+7 36+9 189 +40
SFWD 168 =10 318+ 13 599 + 23
IC Ax 158 £13 268 £14 652 + 44
(mg-L1) OPBR 114 £11 197+ 16 628 + 49
E 123+9 199 + 12 613 +49
SFWD 143 +£10 306 10 610+ 23
TN Ax 47+ 5 126 £ 22 333 +26
(mg-L1) OPBR 34+5 87 +31 247 +35
E 32+4 81 +£30 232 +32
SFWD 74 £ 15 177 £ 14 385+34
NHj}-N Ax 2445 50+5 236 £77
(mg-L1) OPBR 1£0 1+0 169 + 55
E 1+0 2+2 139 £ 46
SFWD 0 0 0
NO3z-N Ax 10+4 22+ 14 0+0
(mg-L1) OPBR 4+3 2448 01
E 5+4 23+8 0+1
SFWD 0 0 0
NO;-N Ax 746 2149 0+0
(mg-L) OPBR 28+ 7 68 + 23 0+1
E 26+7 62+ 18 0+0
SFWD 10+1 22+1 46+ 11
PO3~-P Ax T+4 13+£2 41+4
(mg-L1) OPBR 3+3 12£1 42+4
E 4+2 13+2 48 +£52
SFWD 8.4+0.2 8.5+0.1 85+0.2
H Ax 8.6+0.2 83+0.2 85+0.1
P OPBR 97+0.1  89+02  87+0.1
E 94+0.1 9.0+0.1 89+0.1
DO Ax 0.02+0.03 0.03+0.02 0.01=£0.00
OPBR 14+5 28+27 0.01 +£0.00
Ax 24 24 24
HRT (d) OPBR 7.6 7.6 7.6
SRT (d) 19+4 19+6 26+5
TC (Recovery %) 88 +£13 53+11 45+9
TN (Recovery %) 44 +£8 36 £8 32+5
P (Recovery %) 111 £15 109 + 4 107 £8
Exp. Period 40 47 54

292  The extent of nitrogen losses via denitrification or NH3 volatilization was estimated by means of
293  the TN recovery factors, which averaged 44+8%, 36+8%, and 32+5% during S-I, S-1I, and S-III,
294  respectively (Table 1). In this context, the mass flowrate of NO3-N removed in 4Ax amounted
295  0.05%0.02 and 0.11+0.06 g-d-! during S-I and S-II, respectively, corresponding to 32+13% and
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31£15% of the influent TN, which were ultimately denitrified during these stages. Hence, the
shares of volatilized NH3 were 23+15% and 33+20% during S-I and S-II, respectively. Since no
NO3-N was produced during S-III in OPBR, denitrification was negligible during this stage, and

68+4% of the influent TN was likely volatilized from the system in the form of NHs.

The high PO3™-P removal efficiencies recorded during SI and SII were mediated by P assimilation
into microalgal-bacterial biomass since the pH values recorded in OPBR remained below 10,
which is typically required to support active phosphate precipitation (Alcantara et al., 2015a;
Garcia et al., 2017a). The P mass balance showed average recovery factors during the experimental
period of 109+12%, which validated the analytical and instrumental methodologies used in this
study (Table 1). Finally, steady-state biomass concentrations (Figure 2c¢) averaged 1.0+0.1,
1.0+£0.2 and 0.5+0.1 g VSS-L-1in Ax, and 0.9+0.1, 1.1+0.1 and 1.0+£0.1 g VSS-L-! in OPBR during
S-1, S-I1, and S-III, respectively. The decrease in VSS concentrations in Ax during S-IIT (F=31.10,
p=0.000, S-III<S-II, Tukey’s comparison) was correlated with the decrease in TOC, NH7 -N and
PO3™-P removal efficiencies mediated by the use of undiluted SFWD, which entailed a DO
depletion in the OPBR (limiting organic matter oxidation) and a poor settling of the microalgal-

bacterial biomass (as shown by the increase in VSS concentration in the effluent) (Figure 2c).
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Figure 2. Time course of (a) pH and (b) dissolved oxygen concentration (DO) in the (4 ) anoxic reactor
(Ax) and (m) open photobioreactor (OPBR); and (c) VSS concentrations in ( + ) Ax, (m) OPBR, (0) external
recirculation and () final effluent (£).

3.2 Carbon and nutrient removal in the anoxic reactor

Ax contributed with steady-state TOC removal efficiencies of 76£8%, 87+6%, and 44+5% during
S-1, S-1I1, and S-II1, respectively (Figure 3a and 3b), coinciding with the range of 65 —77% reported
in previous works (Alcéntara et al., 2015, Garcia et al., 2017). TOC removal in Ax was mediated
by organic carbon uptake by facultative bacteria and heterotrophic denitrification using the NO; -
N/NO3-N recirculated from OPBR, mainly in S-I and S-II. In fact, the deterioration in TOC removal

during S-III coincided with the loss of nitrification in OPBR, which stopped the NO3 -N and NO3 -
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N supply to Ax (Figure 4). The TOC removal efficiency of 44+5% observed during S-I1I in Ax was
attributed mainly to carbon uptake by facultative bacteria. Overall, TOC absorption in this unit may
have been favored by the starvation of the microalgal-bacterial biomass in the settler. On the other
hand, negative steady-state IC removal efficiencies of -574+37%, -38+8%, and -21+7% (Figure 3¢
and 3d) were measured in Ax due to the release of CO2 from TOC oxidation in this unit, which also
contributed to the recovery of IC in the cultivation broth typically attributed to denitrification

(Elefisionitis et al., 2004).

Denitrification in Ax was the main mechanism of nitrogen removal during S-I and S-II and was
supported by the influent TOC available for heterotrophic consumption during denitrification, as
suggested by the TOC/NO3-N ratios of 3-8 and 2-6 observed during S-I and S-II (Bernet et al.,
1996). Figure 4 shows the concentrations of NO;-N and NO3-N in 4x, which presented steady-
state values of 10+4, 224+14 and 0+0 mg-L-1, and 7+6, 2149 and 0+0 mg-L-1 during S-1, S-II, and
S-I1I1, respectively. The internal and external recirculation represented the main inputs of NO5 -N
and NO3-N to Ax, which were supported by the active nitrification in OPBR. Furthermore, a partial
reduction of NO3-N to NO; -N likely mediated by the slightly alkaline conditions in 4x (Si et al.,
2018) might explain the remaining NO;-N concentrations in this unit. During S-III, the DO
depletion in OPBR resulted in negligible NO3-N and NO3-N concentrations under steady-state,
which prevented the occurrence of denitrification in Ax. Overall, Ax provided TN removal
efficiencies of 43+£9% (S-I), 35£10% (S-II), and 10+4% (S-III). Similar efficiencies (11-63%)
were reported by Alcantara et al. (2015) and Garcia et al. (2017), also mediated by NO5-N and
NO3-N reduction. In addition, NHZ -N removal efficiencies of -9+19%, 4+10%, -10+43% were
measured under steady-states during S-I, S-II, and S-III, respectively (Figure 5a, 5b). These

removals of TN and NH7-N suggest that besides denitrification, other nitrogen transformation
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processes also took place in the Ax. Thus, a preferential assimilation of the organic nitrogen present
in the SFWD, certain ammonification, or even NO3-N/NO3 -N dissimilation to NHZ -N induced by

the low DO concentrations likely occurred during S-I and S-II in Ax (Figure 5c, 5d).
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Figure 3. Time course of (a) TOC concentration and (b) boxplot for the TOC removal efficiency in the
overall system (B), anoxic reactor (4x), (9) open photobioreactor (OPBR), (9) and secondary settler ((3J);
(c) IC concentrations; d) boxplot for the IC removal efficiency in the overall system (), Ax () and OPBR
(™) and secondary settler (7). (@) influent SFWD, ( 4) Ax, (m) OPBR and () final effluent (F).

Finally, Ax provided steady-state phosphate removal efficiencies of -70+£96%, 19+40%, and
22+14% during S-I, S-II, and S-1III, respectively (Figure 5e, 5f). Similarly to the observations of
Garcia et al. (2017a), the negative PO3~-P removals recorded during S-I suggested that P was
released by the recycled microalgal-bacterial consortium in the absence of DO. In this context,
recent studies have reported the ability of microalgae to accumulate non-structural PO3~-P under

aerobic conditions, which is then released in the absence of oxygen (Solovchenko et al., 2016).
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Figure 4. Time course of the concentration of (a) NO; -N and (b) NO3-N in the (®) influent SFWD, ( 4)
anoxic reactor (4x), (m) open photobioreactor (OPBR), and (<) final effluent (E).

3.3 Carbon and nutrient removal in the open photobioreactor

OPBR contributed with steady-state TOC removal efficiencies of 17+10%, 10+£6%, and 35+8%
during S-I, S-1I S-1III, respectively, in agreement with previously reported efficiencies (24— 32%,
Alcantara et al., 2015; Garcia et al., 2017). The efficient TOC removal in 4Ax resulted in the most
recalcitrant soluble TOC entering OPBR, which efficiently removed this residual organic matter.
The TOC in the final effluent corresponded to 8%, 4%, and 13% of the influent TOC and to
concentrations in the final effluent of 27+7, 36+9, and 189+40 mg TOC-L-! during S-I, S-II, and
S-1II, respectively. These concentrations were attributed to the incomplete degradation of the
potassium hydrogen phthalate (KHP) present in the SFWD. Overall, the low biodegradability of
the SFWD, evidenced by a TOC:COD ratio of 0.33 and a C:N ratio of 1.2, did not limit the activity

of the microalgal-bacterial consortium, which consumed most of the influent organic carbon.
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Figure 5. Time course of (a) TN concentrations and (b) boxplot for the TN removal efficiencies of the
overall system (), anoxic reactor (4x), (), open photobioreactor (OPBR), (1) and secondary settler
(03); (c) NHF -N concentrations, (d) boxplot for NH; -N removal efficiencies of the overall system (&), Ax
(@), OPBR (@) and secondary settler ((J); (e) PO3-P concentrations (f) boxplot for PO}~ -P removal
efficiencies of the overall system (8), 4x ((3), OPBR (13), and secondary settler ((J). (@) influent SEWD,
(4) Ax, (m) OPBR, and () final effluent (E).

The high IC removal efficiencies in OPBR accounted respectively for 116+42%, 105+14%, and
55€14% in S-I, S-II, and S-III, which revealed the intensive autotrophic activity (active
consumption of CO2) of microalgae and nitrifiers in the photobioreactor during the illuminated
period along the three operational stages. The removal efficiencies higher than 100% in OPBR can
be explained by the IC released during denitrification in Ax and the fact that they were estimated
based on the influent IC mass flow rate. Hence, the inorganic carbon present in SFWB or generated

from TOC oxidation was assimilated during photosynthetic growth of microalgae and also
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consumed during nitrification in order to support NH4*-N removal efficiencies of 96+6%, 94+7%,
and 69+23% (corresponding to 8.8, 22.9, and 36.1 g NH4+-N m-3d-! removed in S-I, S-II, and S-
I11, respectively). The oxidation of NH} -N resulted in the production of NO3-N (under partial
nitrification) and NO3 -N (full nitrification). Steady-state effluent NO; -N concentrations averaged
5+4,23+8, and 0+£1 mg-L-1 in Stages I, 11, and III, whereas effluent NO3 -N concentrations reached
26+7, 62+18, 0+0 mg-L-1, respectively. In this context, the remaining concentrations of IC and
NH7-N in the mixed liquor of OPBR suggested that enough inorganic carbon and nitrogen were
available for both nitrification and microalgae growth in S-I and S-II, even under conditions of
active competition between microalgae and nitrifiers. Additionally, as previously observed by
Gonzales-Camejo et al. (2018), the temperature in the OPBR and the high SRT (>2.5 d) supported

microalgae and nitrifiers activity without severe restrictions during S-I and S-II.

Oxygen limitation was the main reason for the interruption of nitrification during S-III since the
increase in influent TOC to 815+35 mg-L-1 and NHJ-N to 385+34 mg-L-1 mediated a very high
demand of oxygen, exceeding the photo-oxygenation capacity of microalgae. Negative Spearman
correlations were observed between DO and the concentrations of TN (rs=-0.83, p=0.00) and NH} -
N (rs=-0.84, p=0.00) in OPBR, thus supporting the hypothesis of oxygen-limited nitrification. TN
removal efficiencies in OPBR averaged 39+11%, 42+10%, and 59+5% in stages I, II, and III,
respectively. Additionally, NH} -N in the final effluent remained below 1% of the influent NH} -N
during S-I and S-I1, but increased up to 23% during S-III. The adjustment of influent loading rates
is a feasible strategy for maintaining photo-oxygenation and high removal efficiencies during the
treatment of high influent TOC and TN concentrations, such as those prevailing during S-III. These
high concentrations could be treated under lower loading rates (i.e., 43.3 g TOC-m>-d"! and 30.6

g TN-m?-d!, S-II, for which a higher HRT of 18 d would be required).
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Volatilization of NH3-N accounted for 23+15% and 33+20% of the nitrogen removed during S-I
and S-II but increased up to 68+4% during S-III, fostered by DO depletion in OPBR and the
subsequent inhibition of the nitrification-denitrification process in this stage. As reported by
Gonzalez-Fernandez et al. (2011), the increase in influent loading rates of NH3;-N under
unfavorable conditions for nitrification-denitrification resulted in higher losses by stripping.
Assimilation into microalgal-bacterial biomass was also responsible for nitrogen transformation
and removal. The shares of the influent TN assimilated in the form of biomass accounted for
30+7%, 15+4%, and 5+2% during S-I, S-II, and S-III, respectively. Both NHZ -N and NO3-N are
nitrogen forms that can be assimilated by microalgae, although ammonium is preferred since its
assimilation is thermodynamically more favorable (Cai et al., 2013). In this context, the
assimilation of NHf-N by microalgae and bacteria limited nitrification during S-I and S-II, and
together with volatilization, sustained nitrogen removal during S-III, where nitrification was
seriously hampered. Microalgae are efficient competitors for ammonium for nitrifiers since these
photosynthetic microorganisms have higher N uptake and growth rates (Risgaard-Petersen et al.,
2004). Moreover, NH3-mediated inhibition of microalgae and nitrifiers represents a challenge
during the treatment of high-strength wastewaters, including food waste digestate. In our particular
study, the concentrations of NH} -N measured in OPBR amounted 1+0, 243, and 169455 mg-L-1,
during S-1, S-11, and S-III, respectively. The average pH in the same stages in OPBR was 9.7+0.1,
8.9£0.2, and 8.7+0.1, resulting in estimated fractions of free ammonia of 81.2%, 31.6%, and 7.7%
and NH;-N concentrations of 0.6+0.3, 0.4+0.1, and 46+14 mg-L-1 (Figure S1). These
concentrations were not inhibitory of microalgae growth in OPBR during the initial stages but
likely contributed to the overall decrease in VSS concentration observed during S-III. Table S1
presents an overview of the different mechanisms involved in nitrogen transformation in the

anoxic-aerobic system.
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Finally, the removal of orthophosphates accounted for 86+31%, 39+41%, and 15+26% of the
influent load under steady-state in S-I, S-II, and S-III, respectively (Figure Se, 5f). Phosphorus
assimilation by the microalgal-bacterial biomass was the main removal mechanism in OPBR based
on the range of pH values recorded throughout the experimental period. In this sense, phosphorus
uptake rates in OPBR accounted for 0.4+0.3, 0.4+0.2, and 0.4+0.3 g PO3~-P-m-2-d- during S-1, S-
II, and S-III, respectively. These rates were higher than those reported in microalgal biofilms

treating municipal wastewater (Boelee et al., 2011).

3.4 Contribution of the secondary settler

The main contribution of the settler was the separation of the biomass from the OPBR, which
resulted in TSS concentrations in the final effluent of 95431, 113+67, and 347135 mgL,
corresponding to removal efficiencies of 98+1% (S-I), 99+1% (S-II) and 96+2% (S-II),
respectively. These results showed the high settleability of the biomass, as previously reported by
Toledo-Cervantes et al. (2019), even in S-11I, when the loss of photo-aeration capacity resulted in
an increase in the solids in the effluent. Furthermore, the occurrence of carbon, nitrogen, and
phosphorus transformation processes in the secondary settler was also quantified. Interestingly,
this unit contributed with TOC and TN removal efficiencies below 2% during S-I and S-II, but with
6+2% and 5+2%, respectively, during S-III, enhancing the performance of the system (Figure 3b
and 5b). The removal of TOC was attributed to the activity of heterotrophic bacteria, even during
the biomass separation, with a concomitant release of CO2 that explains the slight negative removal
of IC of -6£7% and -1£2% during S-I and S-II (Figure 3d). On the other hand, the removal of TN
was associated with NHs volatilization induced by the high pH of the effluent, mainly during S-III
(9.0£0.1), evidenced by the NH7 -N removal (Figure 5d), which was negligible during S-I and S-

II but presented values of 9+4% during S-III. Finally, the environmental conditions prevailing in
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the settler also contributed to a certain P release since negative PO3 ™ -P removal efficiencies of -

184+26%, -3+4%, and -144+17% were measured during S-1, S-II, and S-III, respectively (Figure 5f).

3.5 Microalgae and bacteria populations

The species dominating the microalgae community of OPBR during the experimental period
belonged to three phyla: Chlorophyta (Chlorella vulgaris, Chlorococcum sp., Tetracoccus sp. and
Tetradesmus obliquus), Cyanobacteria (Aphanothece sp., Pseudoanabaena sp), and Cryptophyta
(Cryptomonas sp.). Microalgae were present at concentrations of 2.4x10', 1.8x10'°, and 6.5x10°
cell-L-1 in OPBR during S-1, S-1I, and S-III (Figure 6a). The treatment of 4-fold diluted digestate
(25%) during S-I resulted in the increase in microalgae densities with respect to the initial
inoculum (1.3x10'° cell-L-1), showing a beneficial effect of the diluted digestate on microalgae
growth. Nevertheless, the further increase in digestate loads resulted in decreases of 27% and 63%
in the microalgae densities during S-II and S-III compared to Stages S-1 and S-II, respectively. The
number of microalgae cells per gram of VSS and microalgae biovolume also decreased when
increasing the loading rate (Figure 6a). Thus, the treatment of undiluted digestate (which resulted
in concentrations of 46+14 mg NH3-N-L-1 in the mixed liquor of OPBR during S-III) contributed
to the severe loss of microalgae, reducing photo-aeration and hampering nitrification capacity and
bacterial respiration. Thus, NH3-N concentration in OPBR was a major driver of microalgae
densities (rs=-0.88, p= 0.033) and likely fostered the dominance of Chlorella vulgaris and
Pseudoanabaena sp. during S-1II compared to the dominance of C. vulgaris, Tetradesmus
obliquus, or Cryptomonas sp. in S-I1 and S-II (Figure 6b). The dominance of C. vulgaris and
Pseudoanabaena sp. has been reported in previous works in anoxic-aerobic systems during the

treatment of municipal and textile wastewaters (Alcantara et al., 2015b; Dhaouefi et al., 2018) and
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attributed to their tolerance to high ammonia concentrations (Collos and Harrison, 2014; Gutiérrez

etal., 2016).
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Figure 6. (a) Total microalgae densities per L and per gram of VSS, and total microalgae biovolume and
(b) Relative abundances (R.A) per species of the main phyla of microalgae in the open photobioreactor
during Stages I (S-I), II (S-1I) and III (S-III).

On the other hand, a total of 105904, 77947, and 126926 16S rRNA sequence reads were retrieved
and passed the quality and taxonomic cut-off for the samples from S-1, S-II, and S-III, respectively.
The bacterial diversity was affiliated to 260 OTUs, distributed in 19 phyla during S-I and S-III,
and 16 phyla during S-II. The main phyla dominating the bacterial community were
Proteobacteria, Planctomycetes, Bacteroidetes, Firmicutes, and Verrucomicrobia, which
accumulated 87%, 90%, and 95% of the relative abundances during S-I, S-II, and S-III. Among
them, Proteobacteria was the most abundant phyla, representing 41% and 72% of the relative
abundance in S-I and S-I1, followed by Planctomycetes, with 43% and 9%, respectively. In the S-
III, Proteobacteria (55%) and Bacteroidetes (27%) were the most dominant phyla. At the class
level, the most representative groups were Alpha- and Gammaproteobacteria, with relative
abundances of 25%, 68%, and 7%, and 16%, 4%, and 48%, during S-I, S-1I, and S-III, respectively.
Additionally, Planctomycetacia (Planctomycetes) exhibited shares of 43% and 9% during S-I and

S-II but decayed to 0% in the S-I1I, when a high abundance of 27% for Bacteroidia (Bacteroidetes)
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was detected. Alpha- and Gammaproteobacteria, Planctomycetacia, and Bacteroidia are included
among dominant classes in high rate algal ponds (Ibekwe et al., 2017). Additionally, Chaol
presented values of 185, 110, and 179, whereas the Shannon -Wiener indexes were 3.38, 1.87, and
3.01, during S-I, S-II, and S-III, respectively, in accordance with the typical values recorded
wastewater treatment systems (Chen et al., 2020). The lower diversity during S-II suggested that
a more specialized bacterial community (Pascual et al., 2020) dominated the system compared to
that of S-I, whilst the depletion of oxygen in OPBR during S-III supported the growth of facultative

organisms and the subsequent increase in bacterial diversity.

The dominant genera in each stage also contributed to elucidate the role of the bacterial
communities in the transformation of digestate pollutants. The sequencing showed a total of 153,
95, and 152 genera in S-I, S-II, and S-III, respectively (Figure 7c, 7d, 7e). Of them, 19, 10, and 14
genera presented relative abundances higher than 1%, accumulating 40%, 22%, and 40% of the
bacterial abundance of S-1, S-1I, and S-III, respectively. The dominance of Gemmata (20%) and
the high presence of Planctomicrobium (16%) and Legionella (9%) (associated with organic
carbon transformation in aerobic environments, Chouari et al., 2003; Caicedo et al., 2020; Ali et
al., 2020), along with the presence of Terrimicrobium and members of Caldilineaceae (which
support carbon transformation under anoxic conditions, Liu and Li, 2019), suggest that these
bacteria were responsible for carbon removal in both Ax and OPBR in S-1. The high abundance of
Azospirillum (60%) during S-I1, which can grow heterotrophically, symbiotically associated with
microalgae during the treatment of wastewater containing ammonium and phosphorus (de-Bashan
et al., 2002), suggested a high specialization of the microalgal-bacterial consortia induced by the
increase in digestate load, as also indicated by the lower value of the Shannon —Wiener index

compared to S-I. The treatment of undiluted digestate in S-III resulted in the dominance of
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Psychrobacter, whose presence has been reported in microalgal-bacterial photobioreactors (Garcia
et al., 2017b). However, the increasing presence of organisms found under anoxic/anaerobic
conditions, such as Rikenellaceae (13%) and Firmicutes (3%), was a result of the depletion of
oxygen in OPBR during this stage (Lee et al., 2018; Yi et al., 2014) (Figure S2a — Supplementary

material).

Finally, bacterial sequencing also allowed the detection of bacteria belonging to the nitrogen cycle
(Figure S2b — Supplementary material). At least 28 genera were related to nitrogen transformation,
which accumulated low abundances of 7%, 7%, and 6% during S-1, S-II, and S-III. Similar relative
abundances of these organisms have been previously reported in anoxic-aerobic systems (How et
al., 2019), as a result of the dominance of carbon removal bacteria. In this study, most bacteria
responsible for nitrogen transformations were organisms previously reported as denitrifiers in
systems with simultaneous nitrification and denitrification or denitrification in bioreactors
inoculated with activated sludge or sediments, such as Pirellula, Paracoccus, Bosea, and Devosia
(Feng et al., 2017; Xia et al., 2019; Feng et al., 2020), which were present during all stages. In the
S-1, nitrifying organisms such as Pirellulaceae (Kellogg et al., 2016) and Aeromonas (Garcia et
al., 2017b) were identified, whereas Nitrosomonas was more abundant in S-II and S-III.
Alcaligenes and Chryseobacterium, organisms capable of conducting a simultaneous nitrification-
denitrification, were also present in S-II and S-III (Kundu et al., 2014; Shoda and Ishikawa, 2014).
The role of heterotrophic denitrifiers was also significant, as confirmed by the presence of
Alcaligenes and Acinetobacter in all stages (Hu and Kung, 2000). Organisms reported with gen
machinery for dissimilatory nitrate/nitrite reduction to ammonium under anoxic conditions, such

as Lacunisphaera and Anaerolinea (Pan et al., 2020), were also detected at low concentrations
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3.6 Microalgae biomass valorization

Under steady-state operation, microalgal-bacterial biomass productivity accounted for 11+3, 15+4,
and 9+5 gVSS-m-2-d-1 (estimated on the basis of the illuminated area in OPBR). Despite the high
operational HRT and SRT herein implemented, these biomass productivities were comparable to
those reported in full-scale conventional high rate algal ponds (Fallowfield et al., 2018). Average
C, N, P and S contents of 42.1+0.4%, 7.3£0.1%, 0.2+0.01 and 0.4+0.1%, respectively, were
recovered in the harvested biomass regardless of the SFWD loading rate. This elemental
composition remained within the typical range of values reported in previous works (Marin et al.,
2018) and confirms the potential of this microalgal-bacterial biomass for agricultural applications
as biofertiliser, thus contributing to closed-cycle management of food waste and similar wastes
that can be anaerobically digested, coupling the treatment of the liquid-fraction of digestate to
nutrients recovery (Monfet et al., 2017). The direct application of the microalgal-bacterial biomass
in soils as fertilizer or bioestimulant (Barone et al., 2018) is a straightforward alternative, mainly
in peri-urban areas with favorable climatic conditions, where anaerobic treatment of food wastes
can be coupled to microalgae-based treatment of the digestate, with lower transportation costs of

both raw waste and the produced biomass.

4 Conclusions

The anoxic-aerobic microalgal-bacterial system herein assessed was confirmed as an efficient and
sustainable alternative for the treatment of food waste digestate. High removal efficiencies were
achieved for TOC and TN, even when treating undiluted SFWD. O> limitation in the
photobioreactor during undiluted SFWD treatment inhibited nitrification and decrease

phosphorous removal. No external CO2 supplementation was required to prevent competition
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between microalgae and nitrifiers, which were simultaneously supported by the high inorganic
carbon and nitrogen concentration of the SFWD, temperature and SRT of operation during the
treatment of diluted digestate (S-1 and S-II). Chlorella vulgaris and Cryptomonas sp. dominated
the microalgal community in S-I and S-II, whereas Pseudoanabaena sp. was dominant during S-
II1. Tllumina sequencing revealed the presence of carbon and nitrogen transforming bacteria, whilst
Gemmata, Azospirillum and Psychrobacter dominating the bacterial community during S-1, S-11
and S-III, respectively. The productivities and elemental composition of the microalgal-bacterial
biomass generated suggest that this biomass can be valorised in agricultural applications, thus

closing the food waste cycles.
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608 Table S1. Contribution of the different mechanisms involved in nitrogen transformation in the
609  anoxic-aerobic system

610
Stage % influent TN
Effluent Stripping Denitrification Biomass uptake
I 16 £3 23 +£15 32+13 30£7
II 21+£6 33+20 31+33 15+4
1 27+3 68 +4 0+1 5+£2
611
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613  Figure S1. Time course of NH3-N estimated for (@) influent SFWD, () 4x, (m) OPBR and () final
614  effluent (F).
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Figure S2 (a) Heatmap for main genera accumulating 90% of the total abundance and (b) Heatmap for
the main bacteria related to nitrogen removal processes. Heatmaps elaborated with Heatmapper: web-

enabled heat mapping for all. Nucleic Acids Res. 2016 May 17 (epub ahead of print).
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